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Abstract

A global legacy of radioactively contaminated lagxists as a result of nuclear fuel
cycle operations. Demonstration of the safe mamage of the UK nuclear legacy,

including contaminated land, is important whilse ttong term fate of legacy waste
remains uncertain and the UK moves towards neweanchower. One aspect of
nuclear contaminated land research focuses omth®bilisation of intermediate and

long lived radionuclides that are mobile in groulatley and are migrating in the

environment. At Sellafield nuclear facility, UKirentium-90 and technetium-99 are
found as co-contaminants in groundwater alongdidentost abundant non radioactive
contaminant, nitrate. Their differing radiochenhideehaviour and the presence of
nitrate presents a challenge for remediation gr@gée Bioremediation has the potential
for in-situ immobilization of **Tc via reduction from mobile Tc(VIl) to less mobile

Tc(IV) concurrent with Fe(lll) reduction. In thigroject bioreduction processes were
investigated in sediment microcosms and model systender variable pH and nitrate
conditions and using microorganisms representativbe Sellafield site.

Sediment bioreduction occurreda stimulation of the natural microbial community.
Denitrification resulted in a delay in the onsetneétal reduction followed by a raised
pH. At the mildly acidic pH of the natural sedinigna nitrate concentration of 100
mM caused bioreduction to stall. However, at pHréfuction of 100 mM nitrate
resulted in a final pH > 9 and alkaline Fe(lll) vetion. In bioreduced sediments, the
microbial ecology was dominated by nitrate reducmgroorganisms and Fe(lll)
reducing enrichment cultures were necessary totifgerelevant alkaline Fe(lll)
reducing bacteria. Enrichment cultures isolatewwel alkali tolerant Fe(lll) reducing
Serratia sp. with a growth range of pH 4 to 9. Increaged resulting from
denitrification decreased the mobility of*Svia increased sorption to mineral surfaces.
X-ray absorption spectroscopy confirmed®*Sncorporation into carbonate mineral
phases above pH 8.5. Model systems showed redustimoval of*Tc from solution
by an Fe(ll) bearing mineral assemblage at botiv@ttid 9. In contrast Srremained

in solution at pH 7 and precipitated as Sg@&DpH > 8.5. This study for the first time
demonstrates the effects of high nitrate on pH eflaeld type sediments, alkaline
Fe(lll) reduction by &erratiasp, the incorporation behaviour ofSduring sediment
bioreduction and the behaviour oSand®*Tc in novel Fe(ll) mineral bearing model
systems. These findings improve the understandihgadionuclide migration at
contaminated sites and inform possible engineei@@fnediation scenarios.



Declaration
No portion of the work referred to in the thesis baen submitted in support of an
application for another degree or qualificatiortro$ or any other university or other

institute of learning.



Copyright statement

The author of this thesis (including any appendare®/or schedules to this thesis) owns
certain copyright or related rights in it (the “Goight”) and s/he has given The
University of Manchester certain rights to use sGolpyright, including for

administrative purposes.

Copies of this thesis, either in full or in exteind whether in hard or electronic copy,
may be made only in accordance with the CopyriDesigns and Patents Act 1988 (as
amended) and regulations issued under it or, wdygpeopriate, in accordance with
licensing agreements which the University has ftone to time. This page must form

part of any such copies made.

The ownership of certain Copyright, patents, desitrade marks and other intellectual
property (the “Intellectual Property”) and any reguctions of copyright works in the
thesis, for example graphs and tables (“Reproduost)pwhich may be described in this
thesis, may not be owned by the author and mawed by third parties. Such
Intellectual Property and Reproductions cannotrandt not be made available for use
without the prior written permission of the owngrg$ the relevant Intellectual Property

and/or Reproductions.

Further information on the conditions under whickctbsure, publication and
commercialisation of this thesis, the Copyright angt Intellectual Property and/or
Reproductions described in it may take place idabvia in the University IP Policy
(see http://documents.manchester.ac.uk/Doculnfe?d3pcID=487), in any relevant
Thesis restriction declarations deposited in thevélsity Library, The University
Library’s regulations (see http://www.manchesteuk#éibrary/aboutus/regulations) and

in The University’s policy on Presentation of These



Acknowledgements

Three and a half years of science has transformefiioming, if a litle meandering,
musings into concise, if a little less interestisgentific text. Here in my
acknowledgments | take full advantage of the opputy to revert to my former ways

and use as many superfluous words as | wish.

I would like firstly to acknowledge ‘the team’ mypservisors Kath Morris, Jon Lloyd
and Gareth Law for their leadership, patience andntroducing me to the existence of
German steaks, Lancashire towels and custom mal$e bevould also like to thank

my occasional supervisors Sam Shaw, lan Burke ktigeasuper efficient technicians,
Al Bewsher, Paul Lythgoe, David Ashley, John Wat&gtie Law and Chris Boothman
who are the reason my research ran as smoothlydak iThere are too many in the
Lloyd/Morris group to name but you know who you aral thanks for the beers, walks
and hours listening to absolute 80s radio. | waldd like to acknowledge Julian
Cruickshank from Sellafield Ltd who, in additiondoquiring samples for me, provided

encouragement and a constant reminder of whyteskainis work in the first place.

For help with data collection | thank the ESRF blkaen(B-26) scientists, Sarah
Wallace, Chris Hubbard, Adam Williamson, Diana Besioaw and Jon Fellowes. This
work was supported by a studentship from the Emging and Physical Science
Research Council (EPSRC) as part of the Decomnmisgjplmmobilisation and
Management of Nuclear Waste for Disposal (DIAMONDhsortium: grant
EP/F055412/1. We also acknowledge the supporteoNgitural Environment Research
Council grant NE/HO07768/1.

My parents deserve thanks for loan of their backroMum for spell checking and left
over food and my Dad (Dr Thorpe th®) for supplying me with cups of tea whist
warning me off academia. | want to thank my partfanes who has the brains but not
the attention span to complete a PhD. We've sihenlast three and a half years 200
miles apart and | have discovered that my youngqrey' railcard and plug sockets on

trains are both key to a healthy work/relationdbaance.

There are also some people whose contributionisontrk is more along the lines of
‘distraction from’ rather than ‘help with’ but nentbeless want to mention my little

brother for attempting to keep chickens in his baesa, my friend Tom for the Kinder

10



beer barrel challenge and other madness, Susi Qddrin the hole and sane
conversations and Dr Colette who makes sure that hever short of something to look

forward to and helps me escape the landlockedtstoédanchester.

For me at least sailing and science have provegnentary and for that reason |
need to thank Heinz, Greet and the crew of&hea-Margarethdor taking me on their
voyage to AntarcticaQspreyand Alan from the British Kiel Yacht Club for giety me
safe to St Petersburg complete with mast, Diggadylaz fromPegasusimy crack
racing team and friendgh'e Captains Daughterfor following me on each new
adventure, Calvyn and tiisdack Diamondor always knowing where the rum is and
James, Mark and everyone from tlen Laingfor good times on the ‘big red throbber’.
Finally, Jonny, Orla anBameta 80 years old and held together by paint and beiie
has been the focus of many office daydreams. Tirdloe final year of my PhD we
have been fixing her up, on rare sunny northermiegs, in a yard off the Manchester
ship canal and I think it is fitting that finishinlgis thesis coincides with her being fully

seaworthy again and ready to head out to sea.

11



The Author

The author graduated from the University of Mantdreis 2008 with a Masters degree in Earth
Sciences (MEarthSci) from the School or Earth Atphesic and Environmental Sciences and

the MacKenzie and Guilford prize for best final knar Earth Sciences.

Since October 2008 she has been working on thewtof this thesis firstly at the University
of Leeds (October 2008- December 2009) and laesterring to the University of Manchester

(January 2009 — March 2012).

12



Chapter 1: Project relevance and thesis structure

1.1 Project context and relevance 13
1.2 Research objectives and approach 14
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1.4 Paper status and collaborator contributions 17
1.5 References 19

1.1 Project context and relevance

Nuclear activities over 70 years have left an esitanlegacy of contaminated land
around the world. Recent accidental release abnadlides at the Fukushima nuclear
power plant in Japan, 2011, serves as a remindéithis legacy is highly challenging
and has the potential to affect society if mismaiagin the UK, decommissioning of
retired nuclear power plants and the onset of nawlear power puts management of
legacy waste at the forefront of political discoss. Solutions to the problems of
decontamination and the disposal of legacy wagt@ariority for convincing scientists
and the public of the safety of new nuclear powehis project concerns contaminated
land at nuclear facilities and in particular th@adionuclides and non radioactive co-
contaminants that are present and mobile in groatetlwand therefore migrating
through the subsurface. Among the strategies sksx for the immobilization of
groundwater radionuclides ‘bioremediation’ has beately investigated over the last
15 years (e.g. Lloyd and Macaskie, 1997; Lloyd,206tok et al., 2004; North et al.,
2004; Burke et al., 2005; Lloyd and Renshaw, 20@®¥)5b; Edwards et al., 2007;
Renshaw et al., 2007; Law et al., 2010). This gobjfocuses on the role of
microorganisms in controlling subsurface geochehtoaditions and the mobility of

problematic radionuclides. The findings have irogions both for understanding the
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migration of radionuclides in legacy contaminatadd and informing the discussion

regarding the migration of radionuclides from aufetdeep geological disposal facility.

1.2 Resear ch objectives and approach

The objective of this research was to investighgedffect of sediment bioreduction on
radioactive and non-radioactive co-contaminantseidiments representative of nuclear
legacy sites. A multidisciplinary approach wasdus®e explore the biogeochemistry of
sediments representative of those contaminatedkeighproblematic radionuclidésTc
and®Sr. Geochemical conditions were varied to addaessge of scenarios including
low pH, alkalinity and high nitrate concentrationBast research supports the following

hypotheses that form the basis for undertakingrdgsarch project:

e Tc(VIl) can be immobilized in groundwateia reduction to Tc(IV) concurrent

with microbial Fe(lll) reduction in sediments.

» Elevated nitrate conditions (> 1 mM) can inhibitcnoibial Fe(lll) reduction by
competition as a more energetically favourableted@cacceptor, especially at

low pH where microbial metabolism is challenged.
» Bioreduction can affect sediment pth the release of alkalinity and bicarbonate.

« SP" becomes less mobile in sediment with increasingipéito sorption and

precipitation reactions.

Based on previous research the following broadarebequestions were formulated:

1) What are the effects of high nitrate concentratimmshe reduction of metals and

radionuclides in sediments with low and circumnaiuypiH?

14



2) What effects do changes in geochemistry duringnsext bioreduction have on

the mobility of non redox active radionuclides sasi’Sr?

3) What are the effects of neutral and alkaline Fefdtuction on the mobility of

key groundwater radionuclide§Tc and St™?

Microcosm experiments were used to investigate edioction under a range of
environmentally relevant conditions using sedimeefesentative of the UK nuclear
facility, Sellafield, and groundwater representatof the Sellafield region. In addition,
model Fe(lll) reducing systems were establishedguai microbial consortium enriched
from Fe(lll) reducing sediment microcosms. Thedmnistry of these systems was
assessed in detail using a range of analyticalniqaks including spectrophotometry,
X-ray absorption spectroscopy (XAS), ion chromaapdry (IC), inductively coupled
plasma — atomic emission spectroscopy (ICP-AESjaydiffraction (XRD), X-ray
fluorescence spectroscopy (XRF), environmental rsogn electron microscopy
(ESEM), liquid scintillation counting (LSC) and semtial extractions. Microbial

communities were analysed using molecular techsigL@S rRNA gene analysis).

1.3 Thesis structure

This thesis consists of a general introductiorofeétd by four papers that have been
published or prepared for publication and a summohapter tying together the
conclusions that can be drawn from the researt¢te methods used are more fully
explained in appendices along with details of crariee presentations relating to the

work presented in this thesis.
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Chapter 2 contains a general introduction outlining the entdegacy of radioactively
contaminated land and the biogeochemical proceékaeare the focus of this project.
The main study site, Sellafield, UK, is describellicived by an overview of the
environmental behaviour of key problematic contaants: nitrate?°Sr and®*Tc, and a
summary of previous research into biogeochemiaatgsses at nuclear legacy sites.
At the end of Chapter 2, the research hypothesageadre discussed in the context of

the Sellafield site.

Chapter 3 consists of a paper entitled “The synergisticaff@f high nitrate
concentrations on sediment bioreduction” publisine@eomicrobiology Journal,
March, 2012. This work investigates the effecvafying nitrate concentration on
bioreduction in acetate amended sediments repedsenof the Sellafield site. A
microcosm approach was used to conduct detaildgsamaf the sediment

geochemistry and microbiology during bioreductinriie presence of nitrate.

Chapter 4 consists of a paper entitled “Alkaline Fe(lll) vedion by a novel alkali-
tolerantSerratia sp. isolated from surface sediments close to fs#tanuclear facility,
UK” published in FEMS Microbiology Letters, FebryaR012. This paper
characterises an unusual Fe(lll) reducing bacisolated from Sellafield sediment and

not previously reported as alkali tolerant.

Chapter 5 consists of a paper entitled “Strontium sorptiad arecipitation behaviour
during bioreduction in nitrate impacted sedimermistepted for publication in Chemical
Geology, available online March, 2012. This papeestigates the behaviour ofSr
during sediment bioreduction under varying pH aitichte concentrations. A
microcosm approach is combined with XAS analysiddtermine St speciation in key

systems.
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Chapter 6 consists of a paper entitled “Interactions of a(llF)-reducing microbial
consortium with St and®*Tc under neutral and alkaline conditions” in preian for
submission to Applied Geochemistry in 2012. Hemeoalel mineral system is used to
investigate the effects of Fe(lll) reduction on thebility of key problematic

radionuclides®Tc and®sr.

Chapter 7 provides a summary of the work prepared for pahion and highlights the
key findings of this research. In addition, thiepter contains suggestions for future

work.

1.4 Paper status and collaborator contributions

The papers presented in this thesis are multigleoaontributions due to the multi-
disciplinary approaches used to investigate theptexgeochemical and

microbiological systems. The role of individuattaars is clarified below.

Chapter 3: The synergistic effects of high nitrate concentrations on sediment

bioreduction, published in Geomicrobiology Journal, March, 2012.

C. L. Thorpe — principal author, performed all esipental work, concept
development; K. Morris — initial concept, conceptzdlopment, extensive manuscript
review; G. T. W. Law — concept development, extemsnanuscript review; I. T. Burke
— concept development; J. R. Lloyd — concept dgrabnt; C. Boothman —
microbiological analysis; D. Ashley — technicaliatmnce (IC); P. Lythgoe — technical

assistance (XRF).

Chapter 4: Alkaline Fe(I11) reduction by a novel alkali-tolerant Serratia sp.
isolated from surface sediments close to Sellafield nuclear facility, UK, published in

FEMS Microbiology Letters, February, 2012.
17



C. L. Thorpe — principal author, performed all esipental work, concept
development; J. R. Lloyd — initial concept, extersinanuscript review; K. Morris —
concept development, extensive manuscript revieviBg@thman — microbiological

analysis; J. Waters — technical assistance (XRD).

Chapter 5: Strontium sor ption and precipitation behaviour during bioreduction in
nitrate impacted sediments, accepted for publication in Chemical Geology, alai

online March, 2012.

C. L. Thorpe — principal author, performed all esipeental work, initial concept,
concept development, XAS analysis; K. Morris —i@itoncept, concept development,
extensive manuscript review; G. T. W. Law — conaptelopment, manuscript review;
I. T. Burke — concept development, aided XAS ansJysanuscript review; S. Shaw —
concept development, aided XAS analysis, manusaipew; J. R. Lloyd — concept
development, manuscript review; N.D. Bryan — aasis¢ with geochemical modelling;
P. Lythgoe — technical assistance (ICP-AES; XRFE)BAwsher — technical assistance

(IC); J. Waters — technical assistance (XRD); Jofs — technical assistance (ESEM).

Chapter 6: Interactions of an Fe(I11)-reducing microbial consortium with Sr** and
%Tc under neutral and alkaline conditions, prepared for submission to Applied

Geochemistry.

C. L. Thorpe — principal author, performed all esspeental work, initial concept,
concept development; K. Morris — initial concepincept development, extensive
manuscript review; G. T. W. Law — concept developtmmanuscript review; J. R.
Lloyd — concept development, manuscript reviewL,y®hgoe — technical assistance
(ICP-AES; XRF); A. Bewsher — technical assistari€y;(J. Waters — technical

assistance (XRD).
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This chapter comprises a brief introduction towueld wide legacy of radioactively
contaminated land with focus on several highly agnihated reprocessing facilities.
There follows an overview of stable element andomatclide biogeochemistry and a
more detailed review of the environmental behavafutey groundwater contaminants

at the Sellafield site: technetium-98T(c), strontium-90%Sr) and nitrate. The chapter
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concludes with a short review of ‘bioremediatior’aremediation technique for

radioactively contaminated land and the goals isfriéssearch.

2.1 The nuclear fuel cycle

Nuclear reactor for

Nuclear reactor for
power generation

plutonium production

Spent fuel

Fabrication of | [Fabrication of
uranium fuel mixed oxide fuel

Enrichment
s U+ Pu v
‘ Fuel reprocessing plant Nuclear weapons
Uranium ore
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‘ packaging

Uranium ore mining ! (
3 g Deep geological disposal

Figure 1. The nuclear fuel cycle from ore to waste (data sedifrom Wilson, 1996).

The nuclear fuel cycle from uranium mining througtwaste is summarised in Figure
1. Uranium ore is mined in Africa, Asia, North Anea and Australia, is milled to a
sand like consistency and either an acid or alkatih is used to extract the uranium as
the soluble U(VI1) (Wilson, 1996; RSC, 2011; WNA12@). The uranium rich solution
is then concentrated and dried, usually at siterbdeing shipped to the fuel

manufacturing plant. Here, uranium is separatech fimpurities such as boron and
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cadmium by solvent extraction using nitric acid amaeh-butyl phosphate (TBP), then,
depending on the fuel type, is either reduced tyéc uranium metal (MAGNOX

type) or enriched in a gas centrifuge prior to @sion to uranium dioxide (oxide type)
(RSC, 2011). The fuelis ‘burnt’ in a reactor Uthiere are too many fission products
and insufficient U-235 to maintain an effectiveatan at which point it is termed
‘spent’ and removed for either storage or in somantries, including the UK, for
reprocessing (Openshaw et al., 1989; Wilson, 198&processing aims to separate
uranium and plutonium from the other radionuclidgsaining in irradiated fuel from
which the uranium can be used to manufacture nelhaiud the plutonium can be used
in mixed oxide (MOX) fuel or weapons manufactur{@penshaw et al., 1989; DECC,
2011). During reprocessing, nitric acid is usedissolve the spent fuel and TBP is
used to extract both uranium and plutonium (Wilsl#96; RSC, 2011). The ‘waste’
containing fission products is concentrated andaionad for storage and ultimately
disposal whilst the separated U and Pu can betosednufacture new fuel (DECC,
2011). On average reprocessing recovers 96 wt $peait fuel as U, 1 wt % as Pu and
3 wt % as waste carrying the majority (~95%) of tibtal activity (RSC, 2011; WNA,
2011b). Liquid effluent leaked during fuel represimg accounts for much of the
contaminated land inventory and key impacted reggsing sites are described more
fully in section 2.4. Typically, reprocessing ingpad sites are often contaminated with
a mixture of uranium, fission products and canroftave elevated levels of nitrate from

fugitive industrial reprocessing liquors (Table 1).

22



2.2 A brief history of nuclear power

The present legacy of nuclear contaminated latiteisesult of controlled and

accidental release of radionuclides over ~ 60 yefinsiclear fuel cycle operations

beginning with the first example of nuclear fissiarl942 (Figure 2).

Fukushima nuclear disaster
(INES rating 7)

Chernobyl nuclear disaster
(INES rating 7)

Three mile island accident
(INES rating 5)

Windscale fire (INES rating 5)
Mayak nuclear disaster
(INES rating 6)

Atomic bombs dropped on
Hiroshima and Nagasaki

2

20100

19000

First advanced boiling
water reactor

First comercial advanced
gas cooled reactor

First advanced gas cooled reactor

19

First boiling water reactor

First comercial Magnox
reactor at Calder Hall, UK.

First UK test reactor

30

First experimental reactor

Discovery of ionising radiation

Internation Nuclear Events Scale (INES) - numbered rating from low (1) to
high (7) in order of severity of radionuclide release

Figure 2. Summary of key events in the history of nucleauwer (information sourced from: Szasz,

1984; Glasstone and Sesonske, 1994; Eisenbud asell G997).
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The first nuclear facilities were built by the URussia, Germany and America during
World War 1l in the race to produce plutonium fhetatomic bomb; only after the war
ended did nuclear research consider power gener@asz, 1984; Eisenbud and
Gesell, 1997). The first commercial nuclear pofaeility in the world was Calder Hall
power station that operated between 1956 and 20@8at is now the Sellafield
nuclear facility (UK). Early reactor designs swushthe Calder Hall ‘MAGNOX’
reactors were termed ‘first generation’ and tecbgigls quickly evolved to make

successive ‘second generation’ rectors that wdes aad more economical.

Second generation reactors were developed frorh3t@s to the 1990s, featured
improved power output using enriched uranium fodbkrwith stainless steel cladding,
and included pressurised water reactors, light watectors, advanced gas cooled
reactors and boiling water reactors (Figure 2; §tase and Sesonske, 1994; Nuttall,
2005). Third generation reactors improved on #wsed generation to include passive
safety features and a more standardised desigrafier maintenance and include the
advanced boiling water reactor and advanced prissslipoiling water reactor (Figure
2; Nuttall, 2005). Reactor design is now movingaods generation four and focuses
on ‘thermal’ and ‘fast’ reactors that have not geen commissioned. Generation four
nuclear power has experienced setbacks followisgri@us nuclear accident at
Fukushima Daiichi, Japan, in March 2011 which reglin many governments
reconsidering their nuclear policy and most notdbéymany, previously pioneers of
generation four development, opting to phase oaleram power altogether (Evans,

2011; Foulkes, 2011).

Thirty one countries currently operate nuclear postations, with a total of 422 nuclear
power plants in operation and a further 62 undestraction (Figure 3; European

Nuclear Society, 2011).
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Figure 3. The location of nuclear reactor facilities arouhd torld. Sourced from:

http//www.mapcruzin.com/low-level-radiation/worldiciear-reactor-map/.

2.3 The global nuclear legacy

The global nuclear legacy consists of nuclear gegites, associated fuel fabrication
and reprocessing facilities, nuclear weapons tgstiranium ore mining and fallout
from major nuclear accidents (Eisenbud and Gek@d7; Bayliss and Langley, 2003).
The largest volumes of contaminated land existr@salt of controlled or accidental
release of effluents from spent fuel reprocessimysaorage facilities as radionuclide
release direct from nuclear reactors in any sigaift quantity has occurred only during
major nuclear accidents, most notably Chernobylraowl Fukushima, both rated 7 on
the INES scale for nuclear events (IAEA, 2008}.the Fukushima Daiichi plant, an
earthquake and tsunami led to damage and overbeztthe reactor core and spent fuel
stored in storage ponds. Although this is stileanlving situation?°Sr and**’Cs have

been measured at elevated concentrations in sediméhin a 20 km radius of the
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Fukushima site (Yoshida, 2011; Yamamoto et al. 12@ICRO, 2011). The earthquake
raised worldwide concern over the safe storag@entsnuclear fuel (Bradsher and
Tabuchi, 2011; Fukushima Update, 2011). FollovthmgFukushima Daiichi accident
the New York Times reported that ‘Greater danges in spent fuel than in reactors’
because of the difficulties of safe transport amitainment during reprocessing and
storage; the radioactively contaminated land legapports this statement (Bradsher

and Tabuchi, 2011).

Those countries with the most extensive contamihiaied legacy are those with the
longest history of using nuclear fission and opegaéarly reactor designs: the United
States of America, United Kingdom and the formeSBSThese countries host four of
the world’s most contaminated sites, Hanford, USAk Ridge, USA, Mayak, Russia,
and Sellafield, UK, which are all spent fuel prageg facilities at which accidental and
in some cases deliberate release of effluents fuginstorage tanks has lead to plumes
of radionuclides in the subsurface (Table 1; McKynét al., 2007; Sandring et al.,

2009b; McKenzie and Armstrong-Pope, 2010).

In the USA an estimated 8000 kiof contaminated land exists at ninety one sites
managed by the US Department of Energy (DOE) aesktinclude the reprocessing
facilities at Hanford, WA and Oak Ridge, TN (Rilagd Zachara, 1992; Whicker et al.,
2004). At Hanford and Oak Ridge leaks from waste storag&d or reprocessing
liqueurs have resulted in large volumes of contaeitt land and plumes of mobile
radionuclides in groundwater (Table 1: Riley andl&aa, 1992; Istok et al., 2004;

Edwards et al., 2007).

Russia (former USSR) as early pioneers of nucisaioh have an extensive, though

less well documented, nuclear legacy includingificant radionuclide release from the
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spent fuel reprocessing facility, Mayak (Chelyakif8) (Standring et al., 2002; Henry
and Douhovikoff, 2008; Priest et al., 2008; Shaadslal., 2008; Standring et al.,
2009a). At Mayak nuclear facility (Chelyabinsk @#)ere there remains widespread
contamination of the Techa River and Lake Karaahsg/to intentional discharge of
liquid waste, the explosion of a high level wastek, and the windblown resuspension
of sediments from Lake Karachay (Table 1: Christenst al., 1997; Aarkrog et al.,

1997; Beasley et al., 1998; Standring et al., 2@¥@ndring et al., 2009b).

The United Kingdom's nuclear legacy is managedbyNuclear Decommissioning
Authority (NDA) and comprises 39 reactors, 5 repssing plants, 3 fuel fabrication
plants an enrichment plant and 5 nuclear laboratomyplexes (NDA, 2011a). The
most contaminated UK site, Sellafield reproces$augity, is small in size in
comparison to US or Russian facilities but rankeraes of the most contaminated sites
in the world (Table 1; McKie, 2009). Contaminatiainthe Sellafield site is discussed

in more detail in chapter 2.4.

All radionuclides are considered contaminants &aedWWorld Health Organisation
(WHO) has set guidelines of 0.1 Bg/L total alphtivity and 1 Bg/L total beta activity
for drinking water supplies (WHO, 1993). In additia dose guideline of 0.1 mSv/year
allows a guideline activity for individual radioniges to be calculated, and
groundwater around nuclear facilities is evaluatedhis basis (WHO, 1993).
Radionuclide contaminants pose most risk to huneadtih when they are mobile,
bioavailable and relatively long lived such thagytiwill persist for a number of years in

the environment and may migrate in the subsurface.

Radionuclides that are most commonly reported augdwater at contaminated

reprocessing facilities are uraniunt & 4.47 x16 years), the intermediate lived fission
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products™Sr (t = 28 years)>*'Cs (t* = 30 years), tritium (t= 12 years) and the more
long lived fission product’Tc (t% = 2.1 x16 years) (Table 1). Other radionuclides such

as Pu, Am and Np are often present at contamirsttesi but, however, are infrequently

reported in groundwaters above WHO guideline cotmagans.

Sellafield, UK Hanford, USA [4, | Oak Ridge, USA | Mayak, Russia
[1,2,3] 56,7,8 9 [10, 17] [12, 13]
Steareainkm® | 6 1500 220 200
Volumeof waste | HLW: 1,620 HLW(liquid): LLW: 73,000 HLW: 56,753
stored onsite m? ILW: 66,500 200,000 ILW: 232,000
LLW: 6,310 HLW(Solid): LLW:
750,000 429,000,000

Contaminated
land m?

An area 10 krh
LLW: 13,000,000

An area 200 ki
1,100,000,000

An area 200 kM

An area 20,000
km?

ILW: 1,600
Site usage Plutonium Plutonium Plutonium Plutonium
production; Power| production; power| production and production and
generating generating uranium heavy water
reactors; spent fugl reactors; spent fuel purification; low reactors; spent fuel
and waste storage; and waste storage} level waste and waste storage]
fuel reprocessing; | fuel reprocessing; | storage; research | MOX fuel
research facilities | research facilities | facilities. production;
research facilities.
Groundwater Upto5 Up to 20 > 150 No data available
nitrate (mM)
Dominant %*Tc, *sr, tritium, | U, **Tc, *sr, U, *Tc, “sr, %Tc, *Sr, tritium,
groundwater 187cs tritium, **'Cs Bcs

radionuclides

Table 1. Summary of contaminated fuel reprocessing s8e#lafield (UK), Oak Ridge, (USA), Hanford

(USA) and Mayak (Russia). (Data sourced from [1Kié; 2009, [2] McKenzie and Armstrong-Pope,

2010, [3] NDA, 2010, [4] Department of Ecology, 2015] Carter et al., 2011, [6] Hoitink et al., Z0)0

[7] DOE, 2011; [8] Long, 2012; [9] Singleton et,&005, [10] ORNL, 2011, [11] Watson et al., 2004,

[12] Standring et al., 2002, [13] Smith-Briggs &t 2000)

Tritium (°H) is practically inseparable from groundwater makn situ dilution and

dispersion usually the most effective remediatimategy (Geniesse and Stegen, 2009).

However®Sr,*3'Cs, U and®*Tc have become the subject of substantial grouretwat

remediation research (LIoyd and Renshaw, 2005badtition to radionuclides, nitrate

is common at reprocessing facilities due to theaisetric acid and nitrate salts in fuel

fabrication, dissolving spent fuel rods and puafion processes; nitrate was the most
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commonly reported anion at both UK and US reprangdscilities (Riley and Zachara,

1992; McKenzie and Armstrong-Pope, 2010).

2.4 Introduction to the Sellafield site

This section comprises a detailed description efhistory, geological setting and
subsurface contamination at the Sellafield sitellaBeld is the case study site for the

research conducted in this thesis.

2.4.1 A history of the Sellafield site

Sellafield was established in 1941 as a Royal Qrdadactory for the production of
trinitrotoluene (TNT) for the Second World War ettoFollowing the decision that the
UK was to have a nuclear deterrent, two air cool@hium reactors ‘the Windscale
piles’ and the Windscale reprocessing facility wevastructed in 1947 to produce
plutonium for Britain’s nuclear bomb (Openshaw let H989; Gray et al., 1995).
Extraction and purification of plutonium took plagesite and irradiated uranium fuel
and fuel cladding from the Windscale piles wergestan waste silos (Gray et al.,

1995).

The first power generating reactor was construatgdalder Hall in 1956 and was the
first in a fleet of MAGNOX reactors. These werespeke reactors to the UK which
used carbon dioxide as a coolant and graphite mtetbnatural uranium fuel rods clad
in a magnesium alloy as the power source (GlassindeSesonske, 1994; Ellis and
Staples, 2005). The UK nuclear industry has alvieen in favour of reprocessing its
spent fuel and so a MAGNOX reprocessing plant veessitucted at Sellafield to meet

this requirement (Openshaw et al., 1989). Speaitffam the four MAGNOX reactors
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at Calder Hall was stored prior to reprocessingeunhter in ponds and fuel cladding
‘swarf’ remains stored in a wet silo (Gray et 4B95). The land around the reactors
(termed the Separation Area) was acquired to cactsdrprototype Advanced Gas
Reactor, the THORP thermal oxide reprocessing itamAGR fuel and storage

facilities for nuclear wastes prior to vitrificatipencapsulation and disposal and retains
a significant legacy of contamination from the MAGNX operations in the 1970s

(Hunter, 2004).

Throughout plant operations low level liquid efflig have been discharged to the Irish
Sea under authorisatiema a pipeline that extends 2.5 km from the high watark

(Grey et al., 1995; Hamilton, 1999). This effluemtluded transuranic elements such as
Pu, Np and Am and the fate of this contamination been studied in sediments and
living organisms as far north as Norway and thetidr@orris and Livens, 1996;
Kershaw et al., 1999; Keith- Roach et al., 2000tH«&oach et al., 2003; Burke et al.,
2006). Aside from these authorised releases, @auof significant leaks within the

site boundary are known to have occurred from éipeacessing plant buildings within
the Separation Area and these, in addition to mspdls over the 60 year period of

plant operations, have resulted in ~1.2-1.8 rbof contaminated land at Sellafield

(Gray et al., 1995; Hunter, 2004; Webb et al., 2006

At Sellafield, plutonium production and power gatemn technologies advanced faster
than fuel reprocessing and waste disposal leadimgoacklog of radioactive waste that
remains to the present day unprocessed and stoegging facilities (McKie, 2009).

All but one of the UK’s reactors are scheduleddemolition and new build planned for
~ 2025 but the nuclear waste legacy will persistiiany decades to come (NDA,

2011b). With the likelihood that new reactors v built in the UK comes the urgent
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need to understand and control current contamim&atiomprove public confidence and
prepare for possible future leakage, for examgleshstorage tank failure (Bayliss and

Langley, 2003; DECC, 2010; NDA, 2011b).

2.4.2 Sellafield regional geology, hydrology and hydr ogeology

Sellafield nuclear facility is situated in the CaldBasin, Cumbria, UK. The geology
(0-2000 m below the surface) below Sellafield immarised in Figure 8 depicting the
flow regimes that may affect the offsite migratiohradionuclides from near surface
leaks and spillage. Near surface quaternary ggatogprises unconsolidated glacial
till, marine and terrestrial sediments of grainesianging from sandy clays to gravel

(Figure 4; Chaplow, 1994; Hunter, 2004; Mckenzid anmstrong-Pope, 2010).

1km

River Ehen Eambrian
/ e River Calde Fe“s,/
. R

I:I Sherwood sandstone group - Calder sandstone - Brockram . Glacial till
I:l St Bees Sandstone - Carboniferous limestone
I:I St Bees Shale I:I Borrowdale Volcanic Group

%=, Flowdirection

Figure 4. Geological cross section of the Sellafield sitd #re direction of flow for the sites three major
groundwater regimes. Figure adapted from: fig. 4w, 1994; McKenzie and Armstrong-pope, 2010.
Below the glacial till the Sherwood Sandstone Gro5G) extends ~ 500 m
comprising the Calder and Ormskirk sandstones. & loggrlie the St. Bees sandstone
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formation that outcrops only to the north of thee qiFigure 4; Hunter, 2004). Both
sandstone groups are of Aeolian origin, reddishvhrand feature mudstone/clay bands
that dip South-west at ~ 23 degrees (Hunter, 20843eries of E-W faults trend across

the site and could act either as barriers or caadaigroundwater migration (Figure 4).
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Figure5. Conceptual model for the groundwater flow in Sedld surface sediments; contours represent

groundwater elevation above ordnance datum. Figoueced from Figure 8, EI-Ghonemy, 2004.
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Groundwater flow is recognised at Sellafield as ttleminant mechanism of
radionuclide transport offsite (EI-Ghonemy, 2004jniter, 2004). The Environment
Agency has classified the underlying Sherwood dandsas a Major Aquifer and the

overlying glacial till deposits a Minor Aquifer (Menzie and Armstrong-Pope, 2010).

Migration of contaminants is largely associatedhvgitirface groundwater flow in a in a
South-westerly direction as depicted in Figure ghwiitium migration measured at 200
m yeaf' giving an indication of groundwater flow ratesahgh glacial till (Chaplow,
1994; ElI-Ghonemy, 2004; Hunter, 2004; Black andgBiman, 1996; McKenzie and
Armstrong-Pope, 2010). Below the surface glacglklgroundwater flow through the
uppermost units of the Sherwood sandstone grougriien by precipitation and
topography at hydraulic conductivities calculatedween 1§ and 10 cm s' (~ 3 m
yr') (Michie, 1996; Black and Brightman, 1996). Flthwough the volcanic basement
units is mostly related to fractures with a medmdraulic conductivity of 1.0 xI
units (~3 x 1¢ m yr'). Saline groundwater at depth within this unis lzaresidence

time of >10,000 years (Michie, 1996).

2.4.3 Radioactive Contamination in the Sdllafield shallow sub-surface

At the Sellafield site an ongoing groundwater mamitg program shows that
radioactively contaminated groundwater containiit@itn and®*Tc has migrated
beyond the licensed site boundary in the vicinftthe main site gate (McKenzie and
Armstrong-Pope, 2010). In additié?sr, which is migrating more slowly thd?rc,

can be found outside the Separations Area in tstindi zones although still within the
licensed site boundary (McKenzie and Armstrong-P@p&0). Onsite contamination
of groundwater by inorganic solutes (nitrate andremia) has been observed in the

same area as the tritiufiTc and®Sr plume near to the main gate (Hunter, 2004;
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McKenzie and Armstrong- Pope, 2010). The sourcdefated nitrate concentrations
onsite is thought to result from the spillage dfiaiacid used extensively within nuclear
fuel cycle operations at the THORP and MAGNOX repssing plants. However,
offsite there is nitrate run off from agricultugalactices on adjacent farmland (Hunter,
2004). Other contamination detected on site iretuelevated concentrations of
petroleum hydrocarbons, polycyclic hydrocarbonad]ezinc and chromium (McKenzie

and Armstrong-Pope, 2010).

Contaminant migration is in the direction of thedhgulic gradient (Figure 5) and the
plume is known to have migrated vertically downvgaung to 50 m into the underlying
sandstone aquifer and SW towards the coast (HW2@64; McKenzie and Armstrong-
Pope, 2010). An ongoing groundwater monitoringgpam has allowed Sellafield Ltd
to record the concentration of contaminants inreesef monitoring wells since 2006.
This allows maps to be constructed detailing threab of contaminant plumes based on
borehole data: Figures 6-10 show data for totdialpotal beta’’Tc, *°Sr and**"Cs.
Strontium-90 was found to be the predominant betatieg contaminant and as such
has a similar spatial distribution to the totalebattivity distribution (Figures 9 and 10).
Tritium, *°Tc, °°Sr and™*’Cs exist in the subsurface as they are major ¢anstis of
spent fuel storage tank liquors that have leakest 60 years of plant operations (Gray

et al., 1995; Wilson, 1996).

The highest’Sr activites (100 >1000 Bq L) are measured in multiple boreholes
within and to the south-west of the separation atealatively shallow depths of < 10
m although 208 Bq t was measured in drift and < 10 BY vas measured in
sandstone at depths > 10 metres (Figure 9; McKexrkdeArmstrong-Pope, 2010).
Caesium-137 concentrations in groundwaters oresé&ery low in relation t8°Sr

despite™’Cs forming a significant component of many wasiedirs; monitoring
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throughout 2009/10 found th&Cs was migrating in the shallow subsurface at <0.09
m/year compared to the average groundwater floevablO m/year and that no
borehole recorded groundwatéfCs above the WHO guideline value of 10 By L

(Figure 10; Table 2; McKenzie and Armstrong-Popii,®.

The highest concentration fTc in groundwater was found to the south-west ef th

site close to the main gate (Figure 8) and avera§ddBq L* with a maximum of 277

Bq L™ ; a concentration of 155 Bq'Lof °°Sr was measured in the same area (Figures 8
and 9; Table 2). Tritium is below WHO guidelinmits in all wells except three in the
South-western corner of the separations area imitimgty of the highest®Tc values
(Figure 8). The monitoring program shows thataltsh alpha emitters such &8U,

23U, 21, »'Np and Pu are all present as contaminants witkirStslafield site they

are largely confined to the ‘near field’ immedigtelithin the separation area (Figure 6)

and have not significantly migrated to the ‘faldigaway from the site of release).

Radionuclide WHO drinking [Max found Max found Max found Max found
water guideline [2006-7 2007-8 2008-9 2009-10
BgL* BqlL™* BqlL™* BqglL™* BgL*
Total Alpha 0.5 145 113 133 116
Total Beta 0.30 119000 194000 162000 2470
Americium 1 0.86 1.10 0.089 0.020
Carbon-14 100 2130 5500 4813 53.4
Chlorine 100 0.49 1.30 0.65 1.34
Caesium-137 10 9.10 10.0 6.90 1.34
Tritium 10000 99700 105100 85400 76300
lodine-129 100 9.30 6.80 3.96 1.58
Potassium-40 N/A 5.90 4.80 4.56
Neptunium-237 1 0.89 0.21 0.20 0.30
Plutonium-238 1 - 0.022 < 0.006 0.003
Plutonium-239/240 1 - 0.13 0.027 0.04
Plutonium-241 10 - 1.100 0.138 0.460
Radium 1 0.051 0.030 0.052 0.050
Strontium-90 10 65700 110600 96100 1770
Technetium-99 100 383 365 218 277
Uranium-234 10 51.0 57.1 74.9 59.0
Uranium-235 1 2.0 2.3 2.4 2.4
Uranium-236 1 2.4 2.7 4.8 4.6
Uranium-238 10 54 61 75 72

Table 2. Maximum concentrations of key radionuclides fowmdite by the Sellafield groundwater

monitoring program in for the years 2006-2010 (MoKie and Armstrong-Pope, 2010).




The groundwater monitoring report 2010 reportspHeas variable in the range pH 6 —
8.5 although experiments using sediments from itiaity of the Calder River report
groundwater pH as low as 5.5 (McKenzie and Armgi¥Bope, 2010; Law et al.,
2010a). The average composition of the regiondafseld groundwater is defined in
Wilson (1996) (Table 3) and is consistent with shghtly acidic pH in the regional

shallow sub-surface groundwaters.

Species [Na* [K* [ca®™ [Fe* [Mg® [Cs'* [ I [NOy [cO; [POs [C  |pH [Eh
mV
ppm 26 1 [38 02 |9 01 01 [54 12 30 J0oa [0.8 |57 [+200

Table 3. Average composition of Sellafield regional grountevdWilson, 1996).
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Samples from five monitoring wells within the Separation Area exhibit Total Alpha
activities above World Health Organisation guideline values for safe drinking water
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Figure 6. Borehole map showing total alpha concentratiorselacted boreholes around the

Sellafield site (Sourced from McKenzie and Armsgdtope, 2010).
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Total Beta activities above World Health Organisation
guideline values for safe drinking water are widespread
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Figure 7. Borehole map showing total beta concentratiorselacted boreholes around the

Sellafield site (Sourced from McKenzie and Armstrdétope, 2010).
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Sellafield site (Sourced from McKenzie and Armsgdtope, 2010).
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Figure 9. Borehole map showing technetium-99 concentratiosglected boreholes around the

Sellafield site (Sourced from McKenzie and Armstgrdétope, 2010).
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2.5 Biogeochemistry of the subsurface

In this section summarises stable element and madimle biogeochemistry. The
environmental behaviour of the mobile fission preisd®Sr and®Tc is then discussed

in more detalil.

2.5.1 Introduction to biogeochemistry

Microbes are ubiquitous in soils and sedimentscrahial respiration controls many
processes that affect the geochemistry of the stawsuincluding the breakdown of
organic matter, the dissolution and bio-precipitatdbf mineral phases and microbially
mediated redox transformation metals. In somescaserobes can affect the speciation
of an element directly, for exampl& sorption or uptake into the cell (biosorption or
bioaccumulation), the breakdown of molecules duregpiration (biodegradation) or
direct enzymatic reduction to gain energy for metiain (bioreduction) (Barkay and
Schaefer, 2001; Lloyd, 2003; Gadd, 2010). In aoldjtmicrobial respiration can
indirectly affect the speciation of an element,dgample through microbially induced
changes in pH or redox potential, sequestratiambigenic mineral phases or indirect
reduction by the products of microbial respiratibloyd, 2003; Lloyd and Renshaw,
2005a; Gadd, 2010). Understanding the biogeochtignukthe subsurface is therefore
key to predicting contaminant behaviour and in scases microbial processes can help

in providing solutions for contaminated land scevsar

2.5.2 Microbial metabolism in the subsurface

In aerobic sediments microorganisms couple theatiad of an electron donor to the
reduction of oxygen as the terminal electron acreiiEA) in a redox reaction that
releases energy for metabolism and growth (Konhra@®87; Madigan and Martinko,

2006). Electrons are transferred from the electi@mor (usually an organic
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compound)yia an electron transport chain consisting of cagieymes, onto the TEA
(Konhauser, 2007; Madigan and Martinko, 2006). fméeenergy gained is determined
from the difference in reduction potential betwées electron donor and TEA (Table

4). In the subsurface, where oxygen is depletéernative TEAs can be used and those
relevant to contaminated land scenarios includateitfNQ), nitrite (NO,),

bioavailable manganese (Mn(IV)), bioavailable if&e(I)) and sulfate (S§). The
order in which TEAs are utilised depends on themaentration and the free energy

yield of the redox couple (Table 4).

Terminal electron accepting process AG kJ/mol CH3COO (pH 7)

CH;COO + 20, > H,O+2CQ + OH -854
CH;COO + 1.6NQ - 0.8\, + 0.2HO + 2CQ + 2.60H -801
CH,COO + 2MnQ, + 3HO > 4Mr* + 2HCQ + 70H -558
3CH;COQ + 8TcQy + 17HO = 6HCOy + 8TcQ + 16H + -436
210H

CH;COO + 8Fe(OH) > 8F€" + 5H,0 + 2HCQ + 150H -337
CH;COO + 4UQ™" + 4H,0 > 4UQ, + 2HCQ- + 9H' -264
CH;COO + SQ” > HS + 2HCQ/ -48
CH,COQO + 2H,0 = CH,;+ HCO; -31

Table 4. Energy yield of terminal electron accepting proessat pH 7 (Konhauser, 2007; Konhauser et

al., 2002).

At ambient pH, the cascade of terminal electrorepting processes (TEAPS) proceeds
via O, > NOs > NO, > Mn(IV) > Fe(lll) > SQ? and the resulting reduced products
from anaerobic metabolism will be;NN,O / NH;" Mn(ll), Fe(Il) and HS. Microbial
communities in sediment systems will respond tocthrditions in the subsurface, for
example a high abundance of nitrate or Fe(lll)adisments will usually stimulate
denitrifying or metal reducing communities (Northaé, 2004; Law et al., 2010a;

Thorpe et al., 2012a; Stewart et al., 2010).

Bioreduction in sediments is limited by the availipof electron donors which are

commonly organic compounds from the breakdown gaoic matter (Madigan and
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Martinko, 2006). More rapidly occurring engineeladreduction is possiblMa
‘biostimulation’: the addition of a simple electrdonor to stimulate and increase the
microbial population and rate of TEAP’s (LIoyd aRdnshaw, 2005b; Gadd, 2010).

Biostimulation is the basis for many bioremediatsmenarios.

2.5.3 Introduction to radionuclide biogeochemistry

Micro-organisms have been used successfully abountted sites to degrade
compounds such as nitrate and chlorinated hydroaarbsing the biostimulation of
indigenous bacteria to increase the rate of natnedhbolic processes (NRC, 1993;
Ronneau and Bitchaeva, 1997). Although micro-agyas cannot degrade metals and
radionuclides it has been shown that the additiancaelectron donor to radioactively
contaminated land can stimulate biogeochemical gésmithat reduce the mobility of
certain problematic metals and radionuclides atatdeheir migration through the
subsurface (Barkay and Schaefer, 2001; Lloyd, 20[@8/d and Renshaw, 2005a,

2005b; Gadd, 2010).

Many radionuclides includinCo, the fission product§Tc and*? and the actinide
element$>®24y, 2824y 23"Np and®’Am have variable oxidation states (Table 5)
that can be affected by the development of reducimglitions during microbial
respiration in the subsurface (Lloyd et al., 2002yd, 2003; Lloyd and Renshaw,
2005a; Gadd, 2010; Icenhower et al., 2010). IrctEe of U?Tc and®*Np, reduction
to a lower environmentally relevant oxidation stasults in a reduction in solubility
and removal from groundwaters (Lloyd et al., 2002yd, 2003; Wall and Krumholz,
2006; Icenhower et al., 2010; Law et al., 201083tinide element redox chemistry is
complicated: in general in their oxic 5+ and 6+dation states actinide ions tend to be
soluble and therefore more mobile and in their cedu3+ and 4+ oxidation states they

tend to be less soluble and sorb more stronglgdarsents (Lloyd and Renshaw, 2005).
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In the case of’Tc, mobile Tc(VIl) is reduced to less mobile Tc(lfgenhower et al.,

2010) and this process is discussed in more detaéction 2.6.8.

Key Problematic Radionuclides |Half life (years) Oxidation state
Tritium -H-3 12.3 +1

Fission products

Strontium -Sr-90 29 2+

Technetium -Tc-99 2.1x10° 7+, 4+

Cobalt -Co-60 5.27 3+, 2+

lodine -1-129 1.57x10’ 1-,0, 1+
Caesium -Cs-137-134 30.23; 2.06 1+

Actinides

Plutonium -Pu-238-239-241 88; 24,100; 14 |6+, 5+, 4+, 3+
Americium -Am-241 432.2 6+, 5+, 4+, 3+
Uranium -U-238-235 4.4x10% 7.0x10° |6+, 5+, 4+, 3+
Thorium -Th-230 75380 4+

Neptunium -Np-237 2.14x10° 6+, 5+, 4+, 3+
Atmospheric discharge

Carbon -C-14 5730 4+, 3+, 2+, 1+, 0, 1-, 2-, 3-, 4-
Europium -Eu-152 135 3+, 2+

Table 5. Variable oxidation states of radioactive contaanis found at nuclear facilities. Sourced from

Lloyd and Renshaw, (2005a).

Furthermore, the speciation and mobility of nonesedctive radionuclides can also be
influenced during bioreduction by increased sorptio desorption due to changes in
pH and mineralogy or by precipitation or incorparatinto biogenic mineral phases
(Ferris et al., 2000; Mason, 2000; Roden et aD220/itchell and Ferris, 2005). Both
137cs and™®sr only exist in only one oxidation state and thenetheir behaviour is not
directly affected by changes in redox chemistryirubioreduction although their
speciation can still be affected by microbiallyuced changes in mineralogy,
geochemistry, pH or sorption to microbial biomddsyd and Renshaw, 2005). The
environmental behaviour 6fSr is further described in section 2.6.7 as itkew

subsurface contaminant at Sellafield nuclear tgcili
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The microbial reduction of key stable elementsnni®nmental systems, NO
IMn(IV)/Fe(Il1)/SO,%, are discussed below with focus on the effect gaobess may
have on the sediment mineralogy, geochemistry la@anobility of key problematic
radionuclides. The reduction of key mobile fissfppnducts°Sr and®Tc is then

discussed in more detail.

2.5.4 Nitrate reduction in radioactively contaminated land

Nitrate (NQ) is a naturally occurring anion typically foundcaincentrations of less
than 10 mg [* in surface and groundwaters (WHO, 1993). Nitrate] the nitrate
reduction intermediate species nitrite, are botisaered harmful and the World Health
Organisation gives guideline values of 50 mfy(D.8 mM) for nitrate and 3 mg'L
(0.065 mM) for nitrite in drinking water which aexceeded at Sellafield and at other
contaminated sites (Riley and Zachara, 1992; WHI®31McKenzie and Armstrong-
Pope, 2010). Microbial reduction of nitrate occasspart of the nitrogen cycle where
nitrate (NQ") is reduced to nitrite (N&) and then to nitrous oxide and nitrogen gas
(NO/Ny) in denitrification or in some cases to ammoni&{N (Figure 11; Konhauser,
2007). Nitrate is an energetically more favoueatdectron acceptor than Mn(1V),
Fe(ll) and SG* and thus can inhibit TEAP progression to metalicaty conditions.

If metal reducing conditions do not develop then kedox active radionuclides such as
%9T¢ and U will remain in their oxic, soluble formdathus nitrate can inhibit
bioremediation scenarios (DiChristina 1992; Lloyéle, 2002, Lloyd, 2003; Lloyd and
Renshaw, 2005a). Sediment microcosm studies dgnsiaw that both microbially-
mediated metal and U(VI), Np(V) and Tc(VIl) redwstidoes not commence until
nitrate and the intermediary reduction productiteitare depleted (Burke et al., 2005;
Edwards et al., 2007; McBeth et al., 2007; Li andrkholz, 2008; Law et al., 2010a)

although ann situ study reported co-removal of NG@nd Tc(VIIl) from porewaters
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(Istok et al., 2004). Stimulating the microbialpdation to bioreduction has the
potential to remove N©Ovia denitrification and the added benefit that ondeate is

removed then metal reducing conditions can follow.

(_/ N: N:O
Nitrogen oxides from
irldulL-/

MNH,

NO:
/ Nitrates in b
: groundwater rineralization
Denitrifying - ——— pH
Bacteria NO: NO: Al in

Mitrification

Figure 11. The nitrogen cycle.

Nitrate reduction coupled to the oxidation of aliencarbon source such as acetate
results in the release of Obnd CQ affecting the pH and geochemistry of
groundwaters (Table 4). Increase in pH increasssloation sorption to sediments,
through increased deprotonation of mineral surf§dger et al., 2000; Ferris et al.,
2000; Hoffman et al., 2005; Alvarez-Silva et aD1R); this may affect the sorption of
radionuclide cations such 8Cs and®Sr. Furthermore, an increase in pH and
dissolved inorganic carbon may induce oversatumatiith regard to carbonate mineral

phases (Coleman et al., 1993; Mitchell and Fe20€5).

Nitrate is present in elevated concentrations dorauclide contaminated groundwater
at many nuclear legacy sites including Sellafield, Oak Ridge Field Research

Centre, USA, Hanford, USA and Shiprock, New Mexiabseveral tens of mM as a
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result of spent nuclear fuel reprocessing actiwifind uranium extraction processes
(Finneran et al., 2002; Singleton et al., 2005; &dis et al., 2007; McKenzie and
Armstrong-Pope, 2010). Around Sellafield, the migyoof nitrate is thought to be
present as a result of industrial spillage, althadditional nitrate is present in the far

field due to run off from fertilizer use on locars (Hunter, 2004).

At Oak Ridge, TN, very high nitrate > 100 mM is fmlin combination with low pH

(pH 4-6) (Petrie et al., 2003; North et al., 20Bdwards et al., 2007) presenting
challenging conditions for bioremediation. Low pktically decreases microbial
diversity and metabolic function (Madigan and Makt 2006; Robinson et al. 2009)
which can lead to the temporary or prolonged acdatiom of intermediary product
NO, that is toxic to microorganisms at low pH duelte presence of HNQhat can
enter the cell and interfere with the pH gradiemrbas the cell membrane (Weon et al.,
2002; Zhou et al., 2007, Zhou et al., 2010). Tineesss of biostimulation under low pH
conditions is variable and some biostimulation &sidvith low pH (4 - 5) sediments
have demonstrated that pH amendmweathe addition of NaHC@or crushed lime was
necessary before the cascade of TEAPs occurredh(Ebal., 2004; Istok et al., 2004;
Edwards et al., 2007; Michalsen et al., 2009). v@osely, microcosm studies with
sediments representative of the shallow Sellafelosurface show that bioreduction did
not stall in systems at pH 5.5 in the presencédahM nitrate where nitrate and nitrite

reduction was then followed by metal and radiordecheduction (Law et al., 2010a).

2.5.5 Metal reduction in radioactively contaminated land

Manganese and iron reduction are important biocb@&processes in the shallow
subsurface as a wide range of archaea and baaterable to conserve energy through
the reduction of Fe(lll) to Fe(ll) and of Mn(ll1y) to Mn(ll) (Lovley, 1991; Thamdrup,

2000; Lloyd, 2003). Manganese (Mn) reduction igenenergetically favourable than
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iron reduction but Mn is typically much less abunida sediments (the Mn
concentration is < 10 %hat of Fe in Sellafield type sediments) and saweeprocesses
are often observed to occur virtually simultanepursllaboratory experiments (Nealson
and Saffarini, 1994; Law et al., 2010a). Many ongens capable of Mn reduction can
also reduce Fe(lll) (LIloyd, 2003) and so many pagiscuss the biological reduction of

Fe(lll) and Mn(IV) as ‘metal reduction’ (Lovley, 99; Lloyd, 2003).

Metal reducing bacteria couple the oxidation ofamig matter to the reduction of
bioavailable Mn(1V) and Fe(lll) which includes aques, sorbed and poorly crystalline
oxides such as ferrihydrite 8BMnO, (Nealson and Saffarini, 1994; Kappler and Staub,
2005; Cutting et al., 2009). During dissimilatongtal reduction, species such as
Shewanella oneidensis and Geobacter metallireducens can gain energy for growth by
directly coupling organic substrate oxidation wiglduction of Fe(lll) to Fe(ll) or

Mn(IV) to Mn(ll) whilst other metal reducing spesiean grow by fermentation but
pass electrons to Fe(lll)/Mn(IV) adventitiouslyragor electron acceptors (Lovley et
al., 1989; Lovley et al., 1993; Lloyd, 2003; Konbkat, 2007; Stewart et al., 2010).
Both of these mechanisms are important and leadlisurface metal reduction in a

wide range of environments.

As the standard redox potential of ferrihydriteef‘Fspecies (~ 0 mV; Lloyd et al.,
2002; Thamdrup, 2000) is more electronegative thameduction potentials for key
radionuclides, for example U(VI/U(IV) (~ 100 mV;adyd et al., 2002) and
Np(V)/Np(IV) (~ 450 mV; Lloyd et al., 2002) therom reducing bacteria should have
the metabolic potential to reduce radionuclidesyaratically. This has been
demonstrated: in the case of uranium where putareustudies suggest enzymatic
reductionvia C-type cytochromes is a significant reduction pet for uranium (Lloyd

et al., 2000; Konhauser, 2007). EdFc, enzymatic reduction is thought to be mediated
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by nickel-iron hydrogenase enzymes and althouglossible that energy is gained from
this reaction under constrained conditions it autiht to be largely adventitious (De
Luca et al., 2001). Although enzymatic reductidmadlionuclides is possible, in many
sediments abiotic reduction by biogenic Fe(ll) mate (magnetite, siderite, vivianite
and sorbed F) is thought to be the dominant mechanism of*{Np and®Tc

reduction (Lloyd et al., 2000, 2002; Fredricksomlet2004; McBeth et al., 2007; Law

et al., 2010a; Law et al., 2010b; McBeth et al1 20

The rate of metal and radionuclide reduction caaffected by the pH of the sediment
(Law et al., 2010; Roden et al., 2010; Thorpe gt28l12a). For most Fe(lll) reducing
bacteria the optimum pH for growth is circumneutnatl studies indicate that below pH
5.5 and above pH 8 Fe(lll) reduction is compromia#tth few species having been
found capable of dissimilatory Fe(lll) reductioroak pH 9 or below pH 4 (Baker and
Banfield, 2003; Adams et al., 2007; Stewart et2010; Thorpe et al., 2012bn

addition, bacterial reduction of crystalline Fe(ibhases such as haematite and goethite
is limited (Cutting et al., 2009) and although hia#ability can be aided by the

presence of electron shuttling compounds such esdacids (Luu and Ramsay, 2003),

generally, the more crystalline the sediment, &3s Fe(lll) is bioavailable.

Non redox active species such#€s and°Sr may be affected indirectly during

Fe(lll) reduction by changes in geochemistry orenaiogy. The dissolution of metal
oxides, and especially bioavailable poorly crystaliphases that are a key sink for
metal cations, may increase the mobility of sorbeecies through loss of sorption sites
(Gadde and Laitinen, 1974; Hoffman et al., 2005 dlay et al., 2009b). Conversely,
the release of OHluring Mn(1V) and Fe(lll) reduction has the poiahto increase the
sediment pH and result in increased cation sorptignto increased mineral surface

charge (Konhauser, 2007; Dyer et al., 2000; Fetra., 2000; Hoffman et al., 2005;
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Alvarez-Silva et al., 2010). The effects of biaretion on species such #Sr are not

fully understood and possible controlling factors discussed further in section 2.6.7.

2.5.6 Sulfate reduction in radioactively contaminated land

In sediment microcosms, including those using sedimepresentative of the Sellafield
region, sulphate reduction is observed to follollBereduction (Law et al., 2010a;
Wilkins et al., 2007). The standard redox potéritiathe SQ*/HS redox couple is -
0.22 V (Madigan and Martinko, 2006) and much lottamn the redox potentials for
most redox active radionuclide species and theeafmdionuclide reduction is typically
associated with Fe(lll) reduction rather than veititfate reduction (Lloyd et al., 2002).
However, if sulphate levels are high then sulfatduction can lead to changes in the
mineralogy of sediments; hydrogen sulfide is redelasto porewater and Fe(ll) is
scavenged to form iron sulfide precipitates (Herkéal., 1998). A field study into
bioreduction in a uranium contaminated aquifehatRifle site, Colorado, suggested
that uranium that had been immobilised by Fe(Bfuction was remobilised during
sulfate reduction (Anderson et al., 2003). Howetrgs has not been observed to be the
case in other field tests and microcosm studiezy&iet al., 2003; Begg et al., 2007,

Law et al., 2010a).

2.5.7 Environmental behaviour and biogeochemistry of *Sr

%3 is a high yield (~ 6 %) product of uranium f@siand to a lesser extent of
plutonium fission) that decayg {emission, kax= 0.546 MeV and half life ~ 29 years)
to produce the isotop8Y (8 ~emission, Fax = 2.28 MeV and half life 64.2 hours)

(Equation 1).

(1) 903gSr -> 9039Y + B
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Strontium-90 is a non-redox active radionuclidespre primarily as the $rion and is

a particular risk to human health due to its pagmd substitute for Ca in bones

leading to an increased risk of diseases suchu&adenia (Raabe, 2010%trontium-90
contaminates all sites where nuclear bombs have detenated, where reactor fuel has
been accidentally exposed and many sites wheresfoielge and reprocessing effluents
have been leaked (Jackson and Inch, 1989; Rileyanldara, 1992; Mason et al., 2000;
Dewiere et al., 2004; McKinley et al., 2007; Priesal., 2008; McKenzie and
Armstrong-Pope, 2010). At Sellafield nuclear fagjI°°Sr is widespread but has
migrated further thaff’Cs but is retarded in comparison to tritium &fkt (McKenzie

and Armstrong-Pope, 2010).

In sediment$°Sr associates with the stablé*Sand XAS studies have shown that at
circumneutral pH St typically forms outer sphere complexes that agetebstatically
bound to the surface of clay and metal oxide mirmrdaces (Axe et al., 1995; Axe et
al., 1998; Parkman et al, 1998; Chen and Haye®9;18&hai et al., 2000; O’'Day et al.,
2000; Carroll et al., 2008). Studies show thatipkritical to Sf* sorption and that
increasing sorption occurs with increasing pH adumtreased negative charge on
mineral surfaces above their point of zero chaR¥#]) (Dyer et al., 2000; Ferris et al.,
2000; Hoffman et al., 2005; Alvarez-Silva et aD]1R). lonic strength of groundwater
is also important as the presence of competingrssuch as NaMg”* and

particularly C&" can lead to decreased'Sadsorption (Hull and Scharfer, 2008).

In the presence of dissolved inorganic carbonadkaline pH (> 8), groundwater
systems can become supersaturated with regardborzse phases and*Smay
precipitate as SrC{Jstrontianite) or be removed from solutida substitution into

CaCQ minerals such as calcite or aragonite (Pingatbad ,€1992; Greegor et al.,
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1997; Parkman et al., 1998; Finch et al., 2003it&ef al., 2004). Some studies show

Sr** incorporation into Ca-phosphate minerals (Han®eghu et al., 2011).

Electron donor breakdrown can change the pH, mingyaand redox state of the
sediment and releasing hydroxide ions and dissah@djanic carbon (Table 4;
Konhauser, 2007). The effects of these changésglsediment bioreduction on’Sr

are as yet poorly constrained although a numberinéral system studies exist.
Studies show how microbially mediated precipitatidrralcium carbonate minerals can
lead to incorporation of $rinto calcite (Fujita et al., 2004; Mitchell and Eey 2005)

or biogenic apatite (Handley-Sidhu et al., 2011J #rere is some evidence to suggest
that the precipitation of siderite may also rem8ve from solution (Roden et al.,
2002). However, some mineral studies suggeshti@bbial dissolution of metal

oxide minerals has the potential to causé @lease due to loss of sorption sites (Small
et al., 1999; Ferris et al., 2000; Parmar et &i002 Roden et al., 2002; Langley et al.,

2009D).

Overall, elevating the pH of the contaminated sutfe€e environment appears, from
laboratory studies, to be the simplest methodrfonobilising Sf* in contaminated
sediments by encouraging increased sorption arippiaion (Small et al., 1999;
Ferris et al., 2000; Roden et al., 2002; Fujitalgt2004; Mitchell and Ferris, 2005;
Langley et al., 2009a). The effects of bioreduttim Sf* mobility are unclear and are

investigated within this thesis in sediments ofyirag pH and nitrate concentration.

2.5.8 Environmental behaviour and biogeochemistry of **Tc

%Tc is a high yield fission product and decaygbyemission (Fax= 0.29 MeV) to

produce the stable isotope ruthenium-99 (Equatjon 2

(2)  %%sTc =2%Ru +p
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Natural Tc is essentially non-existent on Eartlastihiropogenic Tc sources are the sole
contributors of this radionuclide to the environrehike °Sr,**Tc is a fission product
and is therefore present at nuclear test sitest $pel reprocessing facilities where
leaks have occurred, and at the sites of majoreaneccidents. It is predicted that all
elements of Tc will be unstable; howeV&Fc is of environmental concern due to its
long half life (2.1 x 1®years) and its mobility in groundwaters at nuckites

worldwide (Table 1 and references therein). Tetibneis a redox active radionuclide
and under typical environmental pH and Eh cond#i@nstable in two environmentally
relevant valence states; Tc(VIl) and Tc(IV) (Moreisal., 2008; Icenhower et al., 2010).
9Tc is typically released into the environment ia txidised Tc(VII) valence state as
TcO, (pertechnetate). Pertechnetate is usually mabdgoundwaters as, due to its
large size and negative charge, it is not expactde adsorbed significantly onto clays
or metal oxide minerals at environmentally relevaidt(Bird and Schwartz, 1997;
Lieser and Bauscher, 1987; Lieser and BauscheB;198 and Fan, 2005). T¢Ocan

be readily accumulated by both terrestrial and aqyé#ants and organisms as a sulfate
analogue and there are concerns that this coulidtte@aontamination of the food chain
(Cataldo et al., 1989; Krijger et al., 1999; Hamsl., 1999; Tagami and Uchida,

2004).

In reduced sedimentsTc exists in the Tc(IV) valence state and is foimtboratory
studies primarily as hydrous Tedike phases that have reduced solubility and agsoc
with metal mineral surfaces, organic matter, caaves and sulphides (Bird and
Schwartz, 1997; Lieser and Bauscher, 1987; Wildcetrag., 2004; Keith-Roach et al.,
2003; Fredrickson et al., 2004; Begg et al., 200¢Beth et al., 2007; Icenhower et al.,
2010). At very low (132 mol L) environmentally relevant concentrations where
systems are undersaturated with regard to hydro@s, ¥°Tc remained associated with

the sediment (Lear et al., 2010). Consequentlyedul strategy for the immobilization

54



of **Tc in groundwater is to reduce Tc(VII) to Tc(IV)n® exception would be in the
presence of soluble complexing ligands (humic aarts$ carbonates) when Tc(IV) may
form soluble complexes and remain in solution (\Wild et al., 2000; Keith-Roach et

al., 2003).

Laboratory studies have found that some dissimyateetal reducing bacteria
(Shewanella putrefaciens, Shewanella oneidensis,Geobacter metallireducens,

Clostridium sphenoides andDesulfovibrio fructosovorans) are capable of reducing
Tc(VII) to Tc(IV) enzymatically and this is commgnihought to occur adventitiously
via nickel-iron hydrogenase (Lloyd et al., 1997; Witduet al., 2004; De Luca et al.,
2001; Francis et al., 2002; Marshall et al., 20a8hwever microbially mediated
reduction of’°Tc can also take place indirectiya reduction of Fe(lll) to Fe(ll) and the
subsequent abiotic reaction of Tc(VII) with®F¢Lovely et al., 1993; Lloyd et al., 1997;
Lloyd and Macaskie, 1997; Lloyd et al., 1999, 2000tdung et al., 2000; Fredrickson
et al., 2004). In most subsurface environmétits concentrations are low aftic
reduction by Fe(ll) species is likely to be thetéasand therefore dominant reaction
(Lloyd et al., 2002; Fredrickson et al., 2004; Rgehko et al., 2008§°Tc reduction
concurrent with Fe(lll) reduction has been dematstt in numerous microcosm
studies on both marine and freshwater sedimergs\(&ldung et al., 2004; Burke et al.,
2005; Burke et al., 2006; McBeth et al., 2007; Beggl., 2007; Morris et al., 2008;

Law et al., 2010a) and in field studies at Oak Ri@gtok et al., 2004).

2.6 Resear ch goals and approach

Due to the cost and complexity of remediating Hrgeé volumes of radioactively
contaminated land, many site managing bodies aesiigating the use of natural
attenuation processes in place of large scale ivevagatment methods (NRC, 1993;

Bayliss and Langley, 2003; Whicker et al., 2004;AR2011b). The goal of this
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research project was to assess the effect of hioteeh on the mobility of co-
contaminant§’Sr and®Tc under a pH range and nitrate concentrationsaaleto the
Sellafield facility, Cumbria, UK. This research sMainded through the DIAMOND
(Decommissioning, Immobilisation and Managementotlear waste for Disposal)
consortium and aims to understand the effect afraamicrobial processes and
engineered bioreduction on the mobility of grounthw@ontaminants at the Sellafield
site. This will enable Sellafield Ltd to furthemderstand the behaviour of existing
contaminant plumes and help predict what effeatgting then-situ microbial

community might have in the event of future acctderelease.

The Sellafield groundwater monitoring program rdestified a contaminant plume
comprised of*Tc, ®°Sr and nitrate that is migrating to the South-westards the
licensed site boundary (Hunter, 2004; McKenzie Ardstrong-Pope, 2010). In this
project than situ microbial community was stimulatetha the addition of a simple
electron donor, acetate, and the resultant changagrobial diversity and sediment
geochemistry were studied using a range of teclesiqun particular the project focused
on a) the effect of nitrate on the development etahreducing conditions in which

%Tc may be immobilized and b) the behaviour &f Sluring bioreduction processes.
The behaviour of $f during bioreduction has not to our knowledge betedied in

sediment systems.

56



2.7 References

Aarkrog, A., Dahlgaard, H., Nielsen, S.P., Trapkawnj A.V., Molchanova, I.V.,
Pozolotina, V.N. Karavaeva E.N. Yushkov P.I., Paipov, G.G. (1997).
Radioactive inventories from the Kyshtym and Kaegchccidents: Estimates
based on soil samples collected in the South Yi&80-1995) Science of the
Total Environment, 201, 137-154.

ACRO (Association pour le Contréle de la Radioat#ide I'Ouest). (2011). Results of
ACRO monitoring in Japan (fSDecember 2011 update). Available at:
http://www.acro.eu.org/OCJ_en.html#23. Last acaksianuary 11 2012.

Adams, L.K., Boothman, C., Lloyd, J.R. (2007). Itigcation and characterization of a
novel aciotolerant Fe(lll)-reducing bacterium fran3000-year-old acidic rock
drainage siteFEMSMicrobiology Letters, 268, 151-157.

Alvarez-Silva, M., Uribe-Salas, A., Mirnezami, NEinch, J.A. (2010). The point of
zero charge of phyllosilicate minerals using theldhiRoberts titration
techniqueMinerals Engineering, 23, 383-389.

Anderson, R.T., Vrionis, H.A., Ortiz-Bernad, I., $h, C.T., Long, P.E., Dayvault, R.,
Karp, K., Marutzky, S., Metzler, D.R., Peacock, White, D.C., Lowe, M.
Lovley, D.R. (2003). Stimulating the in situ activbf Geobacter species to
remove uranium from the groundwater of a uraniumtaminated aquifer.
Applied and Environmental Microbiology, 69, 5884-5891.

Axe, L., Bunker, G.B., Anderson, P.R., Tyson, T(R998). An XAFS analysis of
strontium at the hydrous ferric oxide surfagaurnal of Colloid and Interface
Science, 199, 44-52.

Axe, L., Anderson, P.R. (1995). Sr Diffusion andaB®on within Fe Oxides -
Evaluation of the Rate-Limiting Mechanism for Saopt Journal of Colloid
and Interface Science, 175, 157-165.

Baker, B.J., Banfield, J.F. (2003). Microbial conmities in acid mine drainagéems
Microbiology Ecology, 44, 139-152.

Barkay, T., Schaefer, J. (2001). Metal and radibdedioremediation: issues,
considerations and potentiat3urrent opinion in microbiology, 4, 318-323.

Bayliss, C.R., Langley, K.F. (2003). Nuclear decassioning, waste management, and
environmental site remediation. Butterworth-Heinama

Beasley, T.M., Kelley, J.M., Orlandini, K.A., Bond,A., Aarkrog, A., Trapeznikov,
A.P., Pozolotina, V.N. (1998). Isotopic Pu, U, aia signatures in soils from
Semipalatinsk-21, Kazakh Republic and the Southeats, Russialournal of
Environmental Radioactivity, 39, 215-230.

Begg, J.D.C., Burke, I.T., Morris, K. (2007). Thehaviour of technetium during
microbial reduction in amended soils from Dounrdal{, Science of the Total
Environment, 373, 297-304.

57



Bird, G.A., Schwartz, W.J. (1997). Partition coeféints (K-d values) for Tc in shield
lake sediments under oxidizing and reducing coolétiWater Research, 31,
1673-1678.

Black, J.H., Brightman, M.A. (1996). Conceptual rabdf the hydrogeology of
Sellafield.Quarterly Journal of Engineering Geology, 29, S83-S93.

Bradsher, K., Tabuchi, H. (2011). Greater danigsrih spent fuel than in reactors —
New York Times. Available at:
http://www.nytimes.com/2011/03/18/world/asia/18gda@ml?_r=1&pagewante
d=2&src=twrhp. Last accessed: Janudf\2612.

Burke, I.T., Boothman, C., Lloyd, J.R., Mortimer,J&G., Livens, F.R., Morris, K.
(2005). Effects of progressive anoxia on the sdilylof technetium in
sedimentsEnvironmental Science & Technology, 39, 4109-4116.

Burke, I.T., Boothman, C., Lloyd, J.R., Livens, E.Bharnock, J.M., McBeth, J.M.,
Mortimer, R.J.G., Morris, K. (2006). Reoxidationhaeior of technetium, iron,
and sulfur in estuarine sedimeriEsvironmental Science & Technology, 40,
3529-3535.

Carroll, S.A., Roberts, S.K., Criscenti, L.J., O/DR.A. (2008). Surface complexation
model for strontium sorption to amorphous silicd goethite Geochemical
Transactions, 2, 9.

Carter, J.T., Jones R.H., Luptak, A.J. (2011). tddoactive waste inventory and
characteristics related to potential future nuctrsergy systems. Department of
Energy Report: FCRD-USED-2011-000068, Rev 2.

Cataldo, D.A., Garland, T.R., Wildung, R.E., FelgWR.J. (1987). Comparative
metabolic behaviour and interrelationships of Td &nn soybean plantslealth
Physics, 57, 281-287.

Chaplow, R. (1994). The geology and hydrogeolog8elfafield: An overview.
Quarterly Journal of Engineering Geology, 29, S1- S12.

Chen, C.C., Hayes, K.F. (1999). X-ray absorptioecamscopy investigation of
aqueous Co(ll) and Sr(ll) sorption at clay-wateerfacesGeochimica Et
Cosmochimica Acta, 63, 3205-3215.

Christensen, G.C., Romanov, G.N., Strand, P., S&8hMalyshev, S.V., Bergan, T.D.,
Oughton, D., Drozhko, E.G., Glagolenko, Y.V., Amsed, |., Rudjord, A.L.,
Bjerk, T.O., Lind, B.(1997). Radioactive contaminatin the environment of
the nuclear enterprise 'Mayak' PA. Results fromaire Russian-Norwegian
field work in 1994 Science of the Total Environment, 202, 237-248.

Coleman, M.L., Hedrick, D.B., Lovley, D.R., White,C., Pye, K. (1993). Reduction of
Fe(lll) in sediments by sulphate reducing bactéNeture, 361, 436-438.

Cutting, R.S., Coker, V.S., Fellowes, J.W., LIoyR., Vaughan, D.J. (2009).
Mineralogical and morphological constraints onrdduction of Fe(lll) minerals
by Geobacter sulfurreducer@eochimica et Cosmochimica Acta, 73, 4004-
4022.

58



De Luca, G., De Philip, P., Dermoun, Z., Rousset,\krmeglio, A. (2001). Reduction
of technetium(VIl) byDesulfovibrio fructosovorans is mediated by the nickel-
iron hydrogenaseipplied and Environmental Microbiology, 67, 4583-4587.

DECC (Department of Energy and Climate Change)L@20Planning for new energy
infrastructure — consultation on revised draft ppktatements for energy
infrastructure. London. HMSO. Available at:
http://webarchive.nationalarchives.gov.uk/20110822U4 2/https://www.energy
npsconsultation.decc.gov.uk/docs/ConsultationDocurpéf. Last accessed:
February 27 2012.

DECC (Department of Energy and Climate Change)l120Management of the UK’s
plutonium stocks — a consultation response onahg-term management of
UK-owned separated civil plutonium. London. Avalaht:
http://www.decc.gov.uk/assets/decc/Consultationsgolium-stocks/3694-govt-
resp-mgmt-of-uk-plutonium-stocks.pdfast accessed: February™22012.

Department of Ecology (state of Washington). (20About Hanford. Available at:
http://www.ecy.wa.gov/programs/nwihast accessed: Januar§ 3012.

Dewiere, L., Bugai, D., Grenier, C., Kashparov, Ahamdach, N. (2004). Sr-90
migration to the geo-sphere from a waste burighexChernobyl exclusion
zone.Journal of Environmental Radioactivity, 74, 139-150.

Dichristina, T.J. (1992). Effects of Nitrate andrdié on Dissimilatory Iron Reduction
by Shewanella-Putrefaciens Strain-28Bstracts of Papers of the American
Chemical Society, 203, 127.

DOE (Department of Energy). (2010). Nevada Nati@edurity Site Environmental
Report. Available at: http://www.nv.energy.gov/kioy/Publications/aser.aspx.
Last accessed: February2012.

Dyer, A., Chow, J.K.K., Umar, I.M. (2000). The uk¢sof caesium and strontium
radioisotopes onto claydournal of Material Chemistry, 10, 2734-2740.

Edwards, L., Kusel, K., Drake, H., Kostka, J.E.q2D Electron flow in acidic
subsurface sediments co-contaminated with nitnadeugaanium Geochimica Et
Cosmochimica Acta, 71, 643-654.

Eisenbud, M., Gesell, T. (1997) Environmental Radiwity- from natural, industrial
and military sources. Fourth edition. Academic pretsl, London.

El-Ghonemy, H. (2004). SCLS Groundwater conceptuadel. Nuclear Science and
Technology Sevices. BNFL technical report: NSTS314ailable at:
http://www.sellafieldsites.com/land/documents/Hygizological%20Conceptual
%?20Model.pdf. Last accessed: Marchi'2D12.

Ellis, A.T., Staples, K.M. (2005). The managemenmnagnox graphite reactor cores to
underwrite continued safe operation. In Conferasrcdgeing Management of
Graphite Reactor Cores. Neighbour, G.B. (ed). R8yaliety of Chemistry, pp.
3-10, Cardiff.

59



European Nuclear Society. (2011). Nuclear powentplavorld-wide. Available at:
http://www.euronuclear.org/1-information/npp-ww.hthast accessed: October
1%'2011.

Evans, S. (2011). Germany: nuclear power plantsose by 2022, BBC News website,
30" May 2011. Available at: http://www.bbc.co.uk/newstld-europe-
13592208 Last accessed: February28012.

Ferris, F.G., Hallberg, R.O., Lyvén, B., Pedersén(2000). Retention of strontium,
cesium, lead and uranium by bacterial iron oxidesifa subterranean
environmentApplied Geochemistry, 15, 1035-1042.

Finch, A.A., Allison, N., Sutton, S.R., Newville, M2003). Strontium in coral
aragonite: 1. Characterization of Sr coordinatigrektended absorption X-ray
fine structureGeochimica et Cosmochimica Acta, 67, 1189-1194.

Finneran, K.T., Housewright, M.E., Lovley, D.R. (&). Multiple influences of nitrate
on uranium solubility during bioremediation of unam-contaminated
subsurface sedimentsnvironmental Microbiology, 4, 510-516.

Foulkes, 1. (2011). Swiss search for strategy arlear power. BBC News, Geneva.
239 March 2011. Available at: http://www.bbc.co.uk/reéworld-europe-
12822969 Last accessed: Feburary'22012.

Francis, AJ, Dodge, CJ and Meinken, GE. (2002)trBitsformation of pertechnetate
by Clostridia. Radiochimica Acta, 90: 791-797.

Fredrickson, J.K., Zachara, J.M., Balkwill, D.L.eKnedy, D., Li, S.M.W.,
Kostandarithes, H.M., Daley, M.J., Romine, M.F.o&man, F.J. (2004).
Geomicrobiology of high-level nuclear waste-contaatéd vadose sediments at
the Hanford Site, Washington Sta#gplied Environmental Microbiology, 70,
4230-4241.

Fujita, Y., Redden, G.D., Ingram, J.C., Cortez, M.Kerris, F.G., Smith, R.W. (2004).
Strontium incorporation into calcite generated hgtbrial ureolysis.
Geochimica Et Cosmochimica Acta, 68, 3261-3270.

Fukushima update. (2011). Available at: http://fsikimaupdate.com/. Last accessed:
January 6 2012.

Gadd, G.M. (2010). Metals, minerals and microbesngicrobiology and
bioremediation. SGM prize lecturiglicrobiology, 156, 609-643.

Gadde, R.R., Laitinen, H.A. (1974). Heavy metalaspson by hydrous iron and
manganese oxide8nalytical Chemistry, 46, 2022-2026.

Gazea, B, Adam, K., Kontopoulos, A. (1996). A revief passive systems for the
treatment of acid mine drainaddinerals Engineering, 9, 23-42.

Geniesse, D.J., Stegen, G.E. (2009). 2009 evatuafitritium removal and mitigation
technologies for wastewater treatment. US Departiwienergy report
DOE/RL-2009-18.

60



Glasstone, S., Sesonske, A. (1994). Nuclear reaaineering - 4th edition. Chapman
and Hall, London.

Gray, J., Jones, S.R., Smith, A.D. (1995). Dischsitg the environment from the
Sellafield site, 1951-1993ournal of Radiological Protection, 15, 99-131.

Greegor, R.B., Pingitore, N.E., Lytle, F.W. (1993jrontianite in coral skeletal
aragoniteScience, 275, 1452-1454.

Hamilton, E.I. (1999). The role of near-shore indaswaste releases in the dispersion
of radionuclides in the NE Irish Selurnal of Environmental Radioactivity,
44, 297- 333.

Handley-Sidhu, S., Renshaw, J.C., Moriyama, S.lp8tdB., Mennan, C., Bagheriasl,
S., Yong, P., Stamboulis, A., Paterson-Beedle,94saki, K., Pattrick, R.A.D.,
Lead, J.R., MacAskie, L.E. (2011). Uptake of'Sand C&" into biogenic
hydroxyapatite: Implications for biomineral ion d&ange synthesis.
Environmental Science & Technology, 45, 6985-6990.

Harms, A.V., Krijger, G.C., van Elteren, J.T., deed, J.J.M. (1999). Characterization
of technetium species induced in spinaldurnal of Environmental Quality, 28,
1188-1194.

Henry, L.A., Douhovnikoff, V. (2008). Environmentakues in Russidn Annual
Review of Environment and Resour ces, 437-460.

Herbert, R.B., Benner, S.G., Pratt, A.R., Blowe3)VD(1998). Surface chemistry and
morphology of poorly crystalline iron sulfides pigtated in media containing
sulphate -reducing bacteri@hemical Geology, 144, 87-97.

Hoffman, D.C., Stone, R., Dudley, W.W. (1977). Ruditivity in the underground
environment of the Cambric nuclear explosion atNkgada test site. Technical
Report: LA--6877-MS. U.S. Government printing offic

Hoffman, A., Beinum, W.V., Meeussen, J.C.L., Kretasar, R. (2005). Sorption
kinetics of strontium in porous hydrous ferric axidggregates Il. Comparison
of experimental results and model predictialusirnal of Colloid and Interface
Science, 283, 29-40.

Hoitink, D.J., Burk, K.W., Ramsdell, J.V., Shaw,JM(2005). Hanford site
climatological summary 2004 with historical dataDP Report. Available at:
http://www.pnl.gov/main/publications/external/teatad_reports/PNNL-
15160.pdf. Last accessed: Februar{2p12.

Hull, L.C., Schafer, A.L. (2008). Accelerated trpod of Sr-90 following a release of
high ionic strength solution in vadose zone sedisidournal of Contaminant
Hydrology, 97, 135-157.

Hunter, J. (2004). SCLS Phase 1- Conceptual Mddébatamination Below Ground
at Sellafield. Nuclear Sciences and Technology iSesy BNFL. Report NSTS
4920. Available at:
http://www.sellafieldsites.com/land/documents/CaomtaationConceptualmodel.
pdf. Last accessed: February"2012.

61



IAEA (International Atomic Energy Agency). (2008)NES — The international nuclear
and radiological events scale. Factsheet avaiktble
http://www.iaea.org/Publications/Factsheets/Engings.pdf. Last accessed:
22" February 2012.

Icenhower, J.P., Qafoku, N.P., Zachara, J.M., Makt.J. (2010). The biogeochemistry
of technetium: a review of the behaviour of anfigiél element in the natural
environmentAmerican Journal of Science, 310, 721-752.

Istok, J.D., Senko, J.M., Krumholz, L.R., Watson, Bogle, M.A., Peacock, A., Chang,
Y.J., White, D.C. (2004). In situ bioreductionte€hnetium and uranium in a
nitrate-contaminated aquiféEnvironmental Science & Technology, 38, 468-

475.

Jackson, R.E., Inch, K.J. (1989). The in-situ agpiBon of strontium-90 in a sand
aquifer at the chalk river nuclear laboratories &#mnJournal of Contaminant
Hydrology, 4, 27-50.

Kappler, A., Straub, K.L. (2005). Geomicrobiolodicgcling of iron.Reviewsin
Mineralogy and Geochemistry, 59, 85-108.

Keith-Roach, M.J., Day, P.J., Fifield, K.L., Brya,D., Livens, F.R. (2000). Seasonal
variations in interstitial water transuranium el@neoncentrations.
Environmental Science & Technology, 34, 4273-4277.

Keith-Roach, M.J., Morris, K., Dahlgaard, H. (2008 investigation into technetium
binding in sedimentdMarine Chemistry, 81, 149-162.

Kershaw, P.J., McCubbin, D., Leonard, K.S. (19€3)ntinuing contamination of north
Atlantic and Arctic waters by Sellafield radionwlgs.Science of the Total
Environment, 237-238, 119-132.

Konhauser, K.O., Mortimer, R.J.G., Morris, K., Dyunh (2002). Chapter 3 The role of
microorganisms during sediment diagenesis: Impboatfor radionuclide
mobility. Interactions of Microorganisms with Radigclides.Radioactivity in
the Environment, 2, 61-100.

Konhauser, K. (2007). Introduction to geomicrobgyoBlackwell Science Ltd,
Oxford,UK.

Krijger, G.C., Harms, A.V., Leen, R., Verburg, T,®/olterbeek, B. (1999). Chemical
forms of technetium in tomato plants; TcO4-, Tcteyse, Tc-glutathione and
Tc-proteins Environmental and Experimental Botany, 42, 69-81.

Langley, S., Gault, A.G., Ibrahim, A., Takahashi, Renaud, R., Fortin, D., Clark, I.D.
Ferris, F.G. (2009a). Sorption of Strontium ontotbaogenic iron oxides.
Environmental Science & Technology, 43, 1008-1014.

Langley, S., Gault, A.G., Ibrahim, A., Takahashi, Renaud, R., Fortin, D., Clark, I.D.,
Ferris, F.G. (2009b). Strontium desorption fromtbaogenic iron oxides
(BIOS) subjected to microbial Fe(lll) reductigdBhemical Geolology, 262.

62



Law, G.T.W., Geissler, A., Boothman, C., Burke,. l.Oivens, F.R., Lloyd, J.R., Morris,
K. (2010a). Role of nitrate in conditioning aquitadiments for technetium
bioreduction Environmental Science & Technology, 44, 150-155.

Law, G.T.W., Geissler, A., Lloyd, J.R., Livens, F.Boothman, C., Begg, J.D.,
Denecke, M.A., Rothe, J., Dardene, K., Burke, IGharnock, J.M., Morris, K.
(2010b).Geomicrobiological redox cycling of thensaranic element
neptunium Environmental Science & Technology, 44, 8924-8929.

Lear, G., McBeth, J.M., Boothman, C., Gunning, [PEllis, B.L., Lawson, R.S.,
Morris, K., Burke, I.T., Bryan, N.D., Brown, A.A.ivens, F.R., Lloyd, J.R.
(2010). Probing the biogeochemical behaviour dfinetium using a novel
nuclear imaging approacBnvironmental Science & Technology, 44, 156-162.

Li, X.Z., Krumholz, L.R. (2008). Influence of nitil@on microbial reduction of
pertechnetateenvironmental Science & Technology, 42, 1910-1915.

Li, X.Z., Spain, A.M., Senko, J.M., Istok, J.D.,inholz, L.R. (2008). Interactions of
Nitrate, Iron, Uranium and Technetium during bioeshiation.Geochimica et
Cosmochimica Acta, 72, A546-A546.

Lieser, K.H., Bauscher, C. (1987). Technetium m lttydrosphere and in the Geosphere
.1. Chemistry of Technetium and Iron in Natural-@fatand Influence of the
Redox Potential on the Sorption of Techneti&adiochimica Acta, 42, 205-

213.

Lieser, K.H., Bauscher, C. (1988). Technetium m lttydrosphere and in the Geosphere
.2. Influence of Ph, of Complexing Agents and ofrfedMinerals on the
Sorption of TechnetiunRadiochimica Acta, 44, 125-128.

Liu, D.J., Fan, X.H. (2005). Adsorption behavioirtic on Fe, Fg); and FgO..
Journal of Radioanalytical and Nuclear Chemistry, 264, 691-698.

Lloyd, J.R., Cole, J.A., Macaskie, L.E. (1997). Reilibn and removal of heptavalent
technetium from solution bigscherichia coli. Journal of Bacteriology, 179,
2014-2021.

Lloyd, J.R., Chesnes, J., Glasauer, S., Bunker, D\vkns, F.R., Lovley, D.R. (2002).
Reduction of actinides and fission products by IBef¢ducing bacteria.
Geomicrobiology Journal, 19, 103-120.

Lloyd, J.R. (2003). Microbial reduction of metalsdaradionuclidesFEMS
Microbiology Reviews, 27, 411-425.

Lloyd, J.R., Renshaw, J.C. (2005a). Microbial tfarmeations of radionuclides:
Fundamental mechanisms and biogeochemical impicaitMetal lonsin
Biological Systems, 44, 205-240.

Lloyd, J.R., Renshaw, J.C. (2005b). Bioremediatibradioactive waste: radionuclide-
microbe interactions in laboratory and field-scstiedies Current Opinionin
Biotechnology, 16, 254-260.

Long, M.E. (2012). Half life - The lethal legacy Afmericas nuclear waste. National
Geographic online. Available at:
63



http://science.nationalgeographic.com/science/Baside-the-earth/nuclear-
waste/#page=10. Last accessed: Februdhy2pa2.

Lovley, D.R. (1991). Dissimilatory Fe(lll) and M) reduction.Microbiological
Reviews, 55, 259-287.

Lovley, D.R., Phillips, E.J.P., Lonergan, D.J. (288Hydrogen and formate oxidation
coupled to dissimilatory reduction of iron or mangse byalteromonas-
putrefaciens. Applied and Environmental Microbiology, 55, 700-706.

Lovley, D.R., Giovannoni, S.J., White, D.C., ChamgiJ.E., Phillips, E.J.P., Gorby,
Y.A., Goodwin, S. (1993)Geobacter-metallireducens gen-nov, a
microorganism capable of coupling the complete atxah of organic-

compounds to the reduction of iron and other mefalshives of Microbiol ogy,
159, 336-344.

Luu, Y., Ramsay, J.A. (2003). Review: microbial m&cisms of accessing insoluble

Fe(lll) as an energy sourdéorld Journal of Microbiology and Biotechnology,
19, 215-225.

Madigan, M.T., Martinko, J.M. (2006). Brock Biology Microorganisms: eleventh
edition. Pearson Education LTD.

Marshall, M.J., Plymale, A.E., Kennedy, D.W., Shi,Wang, Z.M., Reed, S.B.
Dohonalkova, S.B., Simonson, C.J. Liu, C.X., SafiaD.A., Romine, M.F.,
Zachara, J.M., Beliaev, A.S., Fredrickson, J.KO@0 Hydrogenase- and outer
membrane c-type cytochrome-facilitated reductiotreohnetium(VIl) by
Shewanella oneidensis MR-1. Environmental Microbiology, 10, 125-136

Mason, C.F.V., Lu, N., Conca, J. (2000). Radioacstrontium- and caesium-
contaminated sites: Characterisation, transpod remedial optiond\Nuclear

Physical Methods in Radioecological Investigations of Nuclear Test Stes, 31,
89-97.

McBeth, J.M., Lear, G., Lloyd, J.R., Livens, F.Rigrris, K., Burke, I.T. (2007).

Technetium reduction and reoxidation in aquiferirsets.Geomicrobiology
Journal, 24, 189-197.

McBeth, J.M., Lloyd, J.R., Law, G.T.W., LivensRs, Burke, I.T., Morris, K. (2011).

Redox interactions of technetium with iron-beanmigerals.Mineralogical
Magazine, 75, 2419-2430.

McKenzie, H, Armstrong-Pope, N. (2010). Groundwa#enual Report 2010.
Sellafield Ltd. Technical report TECHO000613. Availa at:

http://www.sellafieldsites.com/land/documents/Grdwater Annual_Report_2
010.pdf. Last accessed: Februar} 2D12.

McKie, R. (2009). Sellafield: the most hazardowscplin Europe. The Observer —
published Sunday 19April 2009. Available at:

http://www.guardian.co.uk/environment/2009/apr/&8&dield-nuclear-plant-
cumbria-hazards. Last accessed: Janudh2012.

64



McKinley, J.P., Zachara, J.M., Smith, S.C., Liu,(2007). Cation exchange reactions
controlling desorption of Sr-90(2+) from coarse+geal contaminated sediments
at the Hanford site, Washingtd@eochimica et Cosmochimica Acta, 71, 305-
325.

Michalsen, M.M., Peacock, A.D., Smithgal, A.N., W&iD.C., Spain, A.M., Sanchez-
Rosario, Y., Krumholz, M.R., Kelly, S.D., Kemn&.,M., McKinley, J., Heald,
S.M., Bogle, M.A., Watson, D.B., Istok J.D. (200%jeatment of Nitric Acid-,
U(VI)-, and Tc(VIl)-Contaminated Groundwater inéninediate-Scale Physical
Models of an In Situ BiobarrieEnvironmental Science & Technology, 43,
1952-1961.

Michie, U. (1996). The geological framework of tRellafield are and its relationship to
hydrogeologyQuarterly Journal of Engineering Geology, 29, S13- S27

Mitchell, A.C., Ferris, F.G. (2005). The coprecgtibn of Sr into calcite precipitates
induced by bacterial ureolysis in artificial grouvetter: Temperature and kinetic
dependenceseochimica et Cosmochimica Acta, 69, 4199-4210.

Morris, K., Livens, F.R. (1996). The distributiohtoansuranic elements in sediment
profiles from an intertidal area in West Cumbrid.Radiochimica Acta, 74,
195-198.

Morris, K., Livens, F.R., Charnock, J.M., BurkeT.l. McBeth, J.M., Begg, J.D.C.,
Boothman, C., Lloyd, J.M. (2008). An X-ray absooptistudy of the fate of
technetium in reduced and reoxidised sedimentsnaiméral phasesApplied
Geochemistry. 23, 603-617.

NDA (Nuclear Decommissioning Authority). (2010).dR@active wastes in the UK:
The 2010 estimate of radioactive waste for geoldgicsposal,
NDA/ST/STY(11)0050. Available at:
http://www.nda.gov.uk/documents/loader.cfm?csModsézurity/getfile&Page
ID=48209 Last accessed: February'22012.

NDA (Nuclear Decommissioning Authority). (2011ajudear Decommissioning
Authority Annual Report & Accounts 2010/11. HC1244ailable at:
http://www.nda.gov.uk/documents/upload/Annual-Réq@od-Accounts-2010-
2011.pdf Last accessed: February™®012.

NDA (Nuclear Decommissioning Authority). (2011b)u®ear Decommissioning
Authority: Strategy - effective from April 2011. Aitable at:
http://www.nda.gov.uk/documents/upload/NDA-Stratdégfective-from-April-
2011-full-colour-version.pdLast accessed: February'22012.

Nealson, K.H., Saffarini, D. (1994). Iron and mamgse in anaerobic respiration:
Environmental significance, physiology, and regolatAnnual Review of
Microbiology, 311-343.

North, N.N., Dollhopf, S.L., Petrie, L., Istok, J,Balkwill, D.L., Kostka, J.E. (2004).
Change in bacterial community structure duringifa Biostimulation of
subsurface sediment cocontaminated with uraniummarate.Applied and
Environmental Microbiology, 70, 4911-4920.

65



NRC (National Research Council). (1993). In Situ Bioremediation: When Does It
Work? National Academy Press, Washington, DC.

Nuttall, W.J. (2005). Nuclear renaissance - teabgiels and policies for the future of
nuclear power. Taylor and Francis, New York.

O'Day, P.A., Newville, M., Neuhoff, P.S., Sahai, Rarroll, S.A. (2000). X-ray
absorption spectroscopy of strontium(ll) coordioatt I. Static and thermal
disorder in crystalline, hydrated, and precipitatetids and in aqueous solution.
Journal of Colloid Interface Science, 222, 184-197.

Openshaw, S., Caver, S., Fernie, J. (1989). Br#tainclear waste: safety and siting.
Belhaven Press, London.

ORNL (Oak Ridge National Laboratory). (2011). Sulste biogeochemical research
website. Available at: http://www.esd.ornl.gov/ecif Last accessed March™2
2012.

Parkman, R.H., Charnock, J.M., Livens, F.R., VaugliaJ. (1998). A study of the
interaction of strontium ions in aqueous solutiathvihe surfaces of calcite and
kaolinite. Geochimica Et Cosmochimica Acta, 62, 1481-1492.

Parmar, N., Warren, L.A., Roden, E.E., Ferris, KZB00). Solid phase capture of
strontium by the iron reducing bacteHaewanella alga strain BrY.Chemical
Geology, 169, 281-288.

Petrie, L., North, N.N., Dollhopf, S.L., BalkwilD.L., Kostka, J.E. (2003).
Enumeration and characterisation of Fe(lll) redgaimcrobial communities
from acidic subsurface sediments contaminated wihnium (VI).Applied
Environmental Microbiology, 69, 7467-7479.

Pingitore, N.E., Lytle, F.W., Davies, B.M., EastmdhP., Eller, P.G., Larson, E.M.
(1992). Mode of incorporation of 8rin calcite — determination by X-ray
absorption-spectroscop§eochimica et Cosmochimica Acta, 56, 1531-1538.

Priest, N.D., Kuyanova, Y., Pohl, P., Burkitbay®, Mitchell, P.l., Vintro, L.L.,
Strilchuk, Y.G., Lukashenko, S.N. (2008). Strontith contamination within
the Semipalatinsk nuclear test site: Results of BE\D1 and SEMIRAD2
projects - Contamination levels and projected doséscal populations.
Nuclear Risksin Central Asia, 87-105.

Raabe, O.G. (2010). Concerning the health effdatgernally deposited radionuclides.
Health Physics, 98, 515-536.

Riley, R.G., Zachara, J.M. (1992). Chemical Conteants on DOE Lands and
Selection of Contaminant Mixtures for Subsurfacece Research. DOE/ER-
0547T. US Department of Energy, 77.

Robinson, C., Barry, D.A., McCarty, P.L., Gerhaid,, Kouznetsova, I. (2009). pH

control for enhanced reductive bioremediation dbhated solvent source
zones cience of the Total Environment, 407, 4560-4573.

66



Roden, E.E., Leonardo, M.R., Ferris, F.G. (200@mbbilization of strontium during
iron biomineralization coupled to dissimilatory lmgds ferric oxide reduction.
Geochimica Et Cosmochimica Acta, 66, 2823-2839.

Roden, E.E., Kappler, A., Bauer, I., Jiang, J.,|PAay Stoesser, R., Konishi, H., Xu, H.
(2010). Extracellular electron transfer through moigal reduction of solid-
phase humic substanc@&ature Geoscience, 3, 417-421.

Ronneau, C., Bitchaeva, O. (1997). Biotechnology¥aste Management and Site
Restoration: technological, Educational, BusinBsditical Aspects. NATO ASI
Series, Volume 34 — Chapter 6. Kluwer academiciphbts, Dordrecht,
Netherlands.

RSC (Royal Society of Chemistry). (2011). Royali8tycof Chemistry-
Radiochemistry group essays on radiochemistry.JEés@he Nuclear Fuel
Cycle. Available on:
http://www.rsc.org/Membership/Networking/Interest@ps/Radiochemistry/Es
says.asplLast accessed: February™8012.

Sahai, N., Carroll, S.A., Roberts, S., O'Day, R2000). X-ray absorption spectroscopy
of strontium(Il) coordination - Il. Sorption andgmipitation at kaolinite,
amorphous silica, and goethite surfadesrnal of Colloid & Interface Science,
222,198-212.

Sellafield Ltd. (2011). Sellafield Ltd website. Alable at:
http://www.sellafieldsites.com/. Last accessed: a2 2012.

Shandala, N.K., Sneve, M.K., Smith, G.M., KiselskF., Kochetkov, O.A., Savkin,
M.N., Simakov, A.V., Novikova, N.Y., Titov, A.V., &nanov, V.V., Seragin,
V.A., Filonova, A.V., Semenova, M.P. (2008). Redaig supervision of sites
for spent fuel and radioactive waste storage irRhiesian Northwesgournal of
Radiological Protection, 28, 453-465.

Singleton, M.J., Woods, K.N., Conrad, M.E., Depa@al., Dresel, P.E. (2005).
Tracking sources of unsaturated zone and groundwdtate contamination
using nitrogen and oxygen stable isotopes at thddfié Site, Washington.
Environmental Science & Technology, 39, 3563-3570.

Small, T.D., Warren, L.A., Roden, E.E., Ferris, F({99). Sorption of strontium by
bacteria, Fe(lll) oxide, and bacteria-Fe(lll) oxictampositesEnvironmental
Science & Technology, 33, 4465-4470.

Smith-Briggs, J.L., Craig, D.R., Wells, D.A., Cradlanks, C.E., Poole, M., Hooker,
P.J., Shaw, R.P., Chertkov, L.G., Glinsky, M.L.a@dlev, A.V., Samsonova,
L., Drozhko, E.G., Glagolenko, Y., Mokrov, Y.G. arov, I.A., Stukalov, P.,
Yegorov, V., Glagoleva, M. (2000). Assessment tifagion and disposal
concepts for radioactive waste arising from repsscey operations at
Chelyabinsk-65 (Mayak), European Commission- nudaéety and the
environment. Overview Report, EUR 19262. Availadte
http://ec.europa.eu/energy/nuclear/studies/dociathiel 9262.pdf. Last
accessed: March 22012.

67



Solecki, J. (2005). Investigation of Sr-85 adsanptbn selected soils of different
horizons.Journal of Environmental Radioactivity, 82, 303-320.

Standring, W.J.F., Oughton, D.H., Salbu, B. (20@tential remobilization of Cs-137,
Co-60, Tc-99 and Sr-90 from contaminated Mayakreedis river and estuary
environmentsEnvironmental Science & Technology, 36, 2330-2337.

Standring, W.J.F., Dowdall, M., Reistad, O., Amusidd.B. (2009a). Radioactive
contamination of groundwater at the Andreeva Bayr&i echnical Base,
Northwest Russialournal of Radioanalytical and Nuclear Chemistry, 279, 227-
235.

Standring, W.J.F., Dowdall, M., Strand, P. (200@erview of dose assessment
developments and the health of riverside resideote to the "Mayak" PA
facilities, Russialnternational Journal of Environmental Research and Public
Health, 6, 174-199.

Stewart, D.I., Burke, I.T., Hughes-Berry, D.V., itlaston, R.A. (2010). Microbially
mediated chromate reduction in soil contaminatetigkily alkaline leachate
from chromium containing wastEcological Engineering, 36, 211-221.

Suzuki, J., Kelly, S.D., Kemner, K.M., BanfieldFJ(2003). Microbial populations
stimulated for hexavalent uranium reduction in iwmemmine sedimen®pplied
and Environmental Microbiology, 69, 1337-1346.

Szasz, F,M. (1984). The Day the Sun Rose Twicevéigity of New Mexico Press.

Tagami, K., Uchida, S. (2004). Comparison of trangind distribution of technetium
and rhenium in radish plants from nutrient solutityplied Radiation and
Isotopes, 61, 1203-1210.

Thamdrup, B. (2000). Bacterial manganese and redngtion in aquatic sediments.
Advances in Microbial Ecology,16, 41-84.

Thorpe, C.L., Law, G.T.W., Boothman, C., Lloyd, .J.Burke, I.T., Morris, K. (2012a).
The synergistic effects of high nitrate concentradion sediment bioreduction.
Geomicrobiology Journal, 29, 484-493.

Thorpe, C.L., Morris, K., Boothman, C., Lloyd, J.R2012b). Alkaline Fe(lll)
reduction by a novel alkali-toleraBérratia sp. isolated from surface sediments
close to Sellafield nuclear facility, UKEMS Microbiology Letters, 327, 87-92.

Wall, J.D., Krumholz, L.R. (2006). Uranium Reductid\nnual Review of
Microbiology, 60, 149-166.

Watson, D.B., Kostka, J.E., Fields, M.W., Jadin®é).R2004). The Oak Ridge Field
Research Centre conceptual model. NABIR. Available
http://public.ornl.gov/orifc/FRC-conceptual-modelfpLast accessed: February
28" 2012.

Webb, G.A.M., Anderson, R.W., Gaffney, M.J.S. (2@ assification of events with
an off-site radiological impact at the Sellafielteetween 1950 and 2000,
using the International Nuclear Event Scateirnal of Radiological Protection
26, 33-49.

68



Weon, S.Y., Lee, C.W., Lee, S.I., Koopman, B. (200&trite inhibition of aerobic
growth of Acinetobacter sp. Water Research, 36, 4471-4476.

Whicker, F.W., Hinton, T.G., MacDonell, M.M., Pingdd.E., Habegger L.J. (2004).
Avoiding destructive remediation at DOE sit€sience, 303, 1615-1616.

Wildung, R.E., Li, S.W., Murray, C.J., Krupka, K.MKie, Y., Hess, N.J., Roden, E.E.
(2004). Technetium reduction in sediments of alshahquifer exhibiting
dissimilatory iron reduction potenti##dEMS Microbiology Ecology, 49, 151-
162.

Wilkins, M.J., Livens, F.R., Vaughan, D.J., Beadlglloyd, J.R. (2007). The influence
of microbial redox cycling on radionuclide mobility the subsurface at a low-
level radioactive waste storage siB=obiology, 5, 293-301.

Wilson, PD. (1996). Nuclear fuel cycle: from orewastes. Oxford University Press.

WNA (World Nuclear Association). (2011a). World oram mining. Available on:
http://www.world-nuclear.org/info/inf23.html. Laatcessed: Octobet' 2011.

WNA (World Nuclear Association). (2011b). Procegsat used nuclear fuel. Available
on: http://www.world-nuclear.org/info/inf69.html st accessed: March™2
2012.

WHO (World Health Organisation). (1993). Guidelifesdrinking-water quality —"
Edition. Volume 1: Recommendations, World Healtlg&nsation Press,
Geneva.

Yamamoto, M., Takada, T., Nagao, N., Hoshi, M., Adiov, K., Shima, T., Fukuoka,
M., Kimura, S. (2011). Present situation of radtosccontamination in soil by
the Fukushima Dai-Ichi accident. Session 23A Gdidsdt conference, Prague

Yoshida, N. (2011). A preliminary overview of stadion dispersals of radionuclides
from Fukushima nuclear power plants. Session 23R$abmidt conference,
Prague.

Zhou, Y., Pijuan, M., Yuan, Z.G. (2007). Free nitscacid inhibition on anoxic
phosphorus uptake and denitrification by poly-plnate accumulating
organismsBiotechnology and Bioengineering, 98, 903-912.

Zhou, Y., Ganda, L., Lim, M., Yuan, Z.G., KjellelgeiS., Ng, W.J. (2010). Free nitrous

acid (FNA) inhibition on denitrifying poly-phospleaccumulating organisms
(DPAOSs).Applied Microbiology and Biotechnology, 88, 359-369.

69



Chapter 3: The synergistic effects of high nitrate concentrations on
sediment bioreduction

This chapter contains the following published paper:

Thorpe, C.L., Law, G.T.W., Boothman, C., Lloyd, JR., Burke, I.T., Morris, K. (2012).

The Synergistic Effects of High Nitrate Concentrations on Sediment
Bioreduction. Geomicrobiology Journal, 29:5, 484-493.
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Groundwaters at nuclear sites can be characterized by low pH
and high nitrate concentrations (10-100 mM). These conditions are
challenging for bioremediation, often inhibiting microbial Fe(I1I)-
reduction which can limit radionuclide migration. Here, sediment
microcosms representative of the UK Sellafield site were used
to study the influence of variable pH and nitrate concentrations
on microbially-mediated TEAP (terminal electron accepting pro-
cesses) progression. The rate of reduction through the terminal
electron accepting cascade NO3 > NO; > Mn(IV)/Fe(III) > SOﬁ‘
at low pH (~5.5) was slower than that in bicarbonate buffered
systems (pH ~ 7.0), but in the low pH systems, denitrification and
associated pH buffering resulted in conditioning of the sediments
for subsequent Fe(IIl) and sulfate-reduction. Under very high ni-
trate conditions (100 mM), bicarbonate buffering (pH ~ 7.0) was
necessary for TEAP progression beyond denitrification and the re-
duction of 100 mM nitrate created alkaline conditions (pH 9.5). 16S
rRNA gene analysis showed that close relatives of known nitrate re-
ducers Bacillus niacini and Ochrobactrum grignonense dominated
the microbial communities in this reduced sediment. In Fe(III)-
reducing enrichment cultures from the 100 mM nitrate system,
close relatives of the Fe(IIl)-reducing species Alkaliphilus croto-
natoxidans and Serratia liquifaciens were observed. These results
highlight that under certain conditions and contrary to expecta-
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INTRODUCTION

The remediation of radioactively contaminated land in the
UK is of immediate concern due to the ongoing decommission-
ing of British nuclear sites. Further, there is a need for solutions
to existing contaminant problems prior to the possible onset of
new nuclear power. At the Sellafield nuclear reprocessing site
in Cumbria, mobile groundwater contaminant radionuclides in-
clude *°Tc and *°Sr, and groundwater co-contaminants include
nitrate (from nitric acid), organic acids, and pH variance (BNFL
2003; McKenzie and Armstrong-Pope 2010).

Similar contamination issues have been documented at a
range of US nuclear sites (e.g., Oak Ridge, TN (Edwards et al.
2007; Istok et al. 2004; Li and Krumholz 2008; McBeth et al.
2007), San Juan River, Shiprock, NM (Finneran et al. 2002), and
Hanford, WA (Singleton et al. 2005)). A proposed in situ strat-
egy to remediate contaminants at such sites is “biostimulation.”
Here, an electron donor is added to the subsurface to stimu-
late the indigenous microbial community, promoting a cascade
of terminal electron accepting processes (TEAPs) that favour
radionuclide removal from groundwaters (Lloyd and Renshaw
2005; Lovley and Coates 1997).

This approach has been shown to reduce the mobility of
redox-active radionuclides such as *°Tc and U, via the reduction
of soluble oxidized species (Tc(VII), U(VI)) to poorly-soluble
reduced species (Tc(IV), UIV)) (Edwards et al. 2007; Istok et al.
2004; Law et al. 2010; McBeth et al. 2007; Morris et al. 2008).
It may also be possible for bioreduction to occur in sediments
via natural attenuation without electron donor addition (Alvarez
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et al. 2006; Burke et al. 2010; Manaka et al. 2007). Regardless,
in most cases, radionuclide reduction is associated with mi-
crobially mediated Fe(IIl) reduction (Lloyd 2003; Lloyd and
Renshaw 2005).

As a consequence, the actions of Fe(IlI)-reducing bacteria
and subsequent changes in Fe redox chemistry and Fe miner-
alogy are likely to play a key role in governing the mobility of
redox-active radionuclides. Furthermore, changes in Fe miner-
alogy have the potential to affect the sorption and mobility of
other (non-redox-active) radionuclides e.g., 137Cs or %°Sr (Chi-
ang et al. 2010; Langley et al. 2009; Roden et al. 2002).

However, the comparatively low groundwater pH conditions
and/or high nitrate concentrations that can characterize nuclear
sites represent challenging bioremediation scenarios. Low pH
decreases microbial diversity and metabolic function (Baker and
Banfield 2003; Robinson et al. 2009) whilst nitrate is an energet-
ically more favourable electron acceptor than Fe(III) (and redox
active radionuclides) and thus can inhibit TEAP progression and
reductive immobilization of radionuclides (DiChristina 1992).

Indeed, whilst some studies demonstrate microbially-
mediated metal reduction in the presence of high nitrate
(Madden et al. 2007), numerous sediment microcosm studies
indicate that microbially mediated metal and radionuclide re-
duction does not commence until nitrate and nitrite are reduced
(e.g. Burke et al. 2005; Edwards et al. 2007; Law et al. 2010; Li
and Krumholz 2008; McBeth et al. 2007; Wilkins et al. 2010).
Further, some biostimulation studies with low pH sediments
have demonstrated that the extent of nitrate removal is strongly
pH dependant, with NaHCOj3 or crushed lime amendment neces-
sary to stimulate bioreduction and TEAP progression (Edwards
et al. 2007; Michalsen et al. 2009; North et al. 2004).

Conversely, in field studies, dual denitrification and metal
reduction was observed at low-pH (Istok et al. 2004) and in mi-
crocosm studies, denitrification and associated pH buffering (via
OH™ and HCOJ production) has been shown to stimulate TEAP
progression to metal reduction (Law et al. 2010). Clearly, the
variable effects of low-pH and nitrate on electron flow warrant
further study and here, electron flow in representative Sellafield
sediments was studied under a range of environmentally relevant
nitrate (0.4—-100 mM), pH, and carbonate conditions.

EXPERIMENTAL

Sample Collection

Sediments representative of the Quaternary unconsolidated
alluvial flood-plain deposits that underlie the UK Sellafield re-
processing site (Law et al. 2010) were collected from the Calder
Valley, Cumbria, during December 2008 (herein called Sell-
afield sediment). The sampling area was located ~ 2 km from
the Sellafield site (Lat 54°26’30 N, Long 03°28'09 W). Sedi-
ments were transferred directly into sterile containers, sealed,
and stored at 4°C. Experiments began within 6 months of field
sampling.

Bioreduction Microcosms

Sediment microcosms (10 £ 0.1 g Sellafield sediment, 100 £
1 ml groundwater) were prepared using a synthetic groundwater
representative of the Sellafield region, with background nitrate
present at ~0.4 mM (Law et al. 2010; Wilkins et al. 2007). The
groundwater was manipulated to produce a range of treatments
(Table 1). Bicarbonate-free systems with an initial pH of ~5.5
were prepared with 0.4, 2, 10, and 100 mM nitrate. Bicarbonate
buffered systems with an initial pH of 6.8 were prepared with
0.4, 10, and 100 mM nitrate.

Sodium acetate was added as an electron donor in excess
of extant available electron acceptors (14 mM for 0.4—10 mM
nitrate treatments, and 70 mM for 100 mM nitrate treatments)
and anoxic NaNO; was used as a NO5 source. The groundwa-
ter was sterilized by autoclaving (1 hour at 120°C), and then
bubbled with filtered 80/20 N,/CO,, and the pH set via drop-
wise addition of 0.5 M HCI or 1M NaOH. Sediment and sterile
groundwaters were added to sterile 120 ml glass serum bottles
(Wheaton Scientific, USA) using aseptic technique and sealed
with butyl rubber stoppers.

All microcosms were then incubated anaerobically at 21°C
in the dark for 80-230 days and each treatment was run in
triplicate. Throughout the incubation, sediment slurry was peri-
odically extracted under an O,-free Ar atmosphere using asep-
tic technique. The extracted sediment slurry was centrifuged
(15,000 g; 10 minutes) to provide separate sediment and pore-
water samples and ~0.5 g of sediment was stored at —80°C

TABLE 1
Initial composition of microcosm systems

System name Amendment Nitrate pH
0.4 mM nitrate None 0.4 mM NaNO;3 ~5.5
2 mM nitrate None 2 mM NaNO; ~5.5
10 mM nitrate None 10 mM NaNOs3 ~5.5
100 mM nitrate None 100 mM NaNOj; ~5.5
Bicarbonate buffered 0.4 mM nitrate 3 mM NaHCO;3; and OH™ 0.4 mM NaNO;3 6.8-7.0
Bicarbonate buffered 10 mM nitrate 3 mM NaHCO;3; and OH 10 mM NaNO3 6.8-7.0

Bicarbonate buffered 100 mM nitrate

3 mM NaHCO;5; and OH

100 mM NaNO; 6.8-7.0
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TABLE 2
Details of Fe extraction series (Poulton and Canfield 2005)
Fraction Extraction pH  Time
Carbonate associated 1 M sodium acetate 4.5 24 hours
Easily reducible 1 M hydroxylamine 48 hours
oxides HCl in 25 % vi/v
acetic acid
Reducible oxides 50 gL.=! sodium 4.8 2 hours
dithionite
Magnetite 0.2 M ammonium 3.2 6 hours
oxalate
Residual Fe XRF N/A  N/A

for microbiological characterization. Sediments from the initial
and final time points of each treatment underwent a sequential
extraction procedure to assess changes in Fe mineralogy dur-
ing biostimulation (Poulton and Canfield 2005; Tessier et al.
1979). Sequential extractions procedures targeted: i) carbonate
associated Fe; ii) easily reducible oxides; iii) reducible oxides;
iv) magnetite; and, v) residual Fe (Table 2). These extractions
comprised i) 1 M sodium acetate (pH 4.5); ii) 1 M hydroxy-
lamine HCI; iii) sodium dithionite—sodium citrate (pH 4.8);
iv) 0.2 M ammonium oxalate (pH 3.2); and, v) residual Fe was
determined by XRF minus the extracted phases (Poulton and
Canfield 2005). The sediment to solution ratio was 0.1 g in
10 ml (1:100) at each stage.

Geochemical Analyses

During microcosm sampling, total dissolved Fe, Mn(II), and
NO; concentrations were measured with standard UV-Vis spec-
troscopy methods on a Cecil CE 3021 spectrophotometer (Goto
et al. 1997; Harris and Mortimer 2002; Viollier et al. 2000).
Aqueous NO5, SO?[, and acetate were measured by ion chro-
matography (Dionex ICS-90) (Burke et al. 2005). Ammonium
was measured by flow injection analysis (Dionex ICS-90) (Hall
and Aller 1992). Total bioavailable Fe(IlI) and the proportion of
extractable Fe(Il) in the sediment was estimated by digestion of
0.1 g of sediment in 5 ml of 0.5 N HCI for 60 minutes followed
by the ferrozine assay, with and without hydroxylammonium
HCI (1.4M H,NOH.HClI in 2M HCI) (Lovley and Phillips 1987;
Stookey 1970; Viollier et al. 2000).

The pH and Eh were measured with an Orion 420A digital
meter and calibrated electrodes. Standards were routinely used
to check the reliability of all methods and calibration regressions
had R? > 0.99. The elemental composition and bulk mineralogy
of the sediment were determined by XRF (Thermo ARL 9400
XRF) and XRD (Philips PW 1050 XRD).

Microbial Community Analysis

Selected samples from bicarbonate-free microcosms contain-
ing 0.4 and 10 mM nitrate and bicarbonate buffered micro-
cosms containing 100 mM nitrate underwent PCR-based 16S

rRNA gene analysis. Additionally, sub-aliquots of sediment
slurry from the 100 mM nitrate treatment were added (1:10
sediment/solution ratio) to an Fe(IIl)-citrate containing medium
(Lovley and Phillips 1986) with 20 mM acetate or 0.2% (w/v)
yeast extract as an electron donor, to make an enrichment culture
to identify the microorganisms responsible for Fe(II) reduction
at pH > 9. Enrichment cultures were incubated at 20° C for
4-5 weeks before further sub-aliquots were transferred (1:10
sediment/solution ratio) to fresh Fe(IlI)-citrate medium. This
procedure was repeated 7 times and then finally 16S rRNA gene
analysis was used to identify the species present in the final en-
richment. XRD was used to analyse the mineralogical products
of Fe(III) reduction in the enrichment systems.

Amplification of 16S rRNA Gene Sequences

DNA was extracted from samples using a PowerSoil DNA
Isolation Kit (MO BIO, USA). Copies of the 16S rRNA gene
(approximately 1490 b.p. fragment) was amplified from sam-
ples using the broad-specificity primers 8F (Eden et al. 1991)
and 1492R (Lane et al. 1985). PCR reactions were performed
in thin-walled tubes using a BioRad iCycler (BioRad, UK). The
PCR amplification protocol used with the 8F and 1492R primers
was: initial denaturation at 94°C for 4 minutes, melting at 94°C
for 30 seconds, annealing at 57°C for 30 seconds, elongation
at 72°C for 1 minute; 35 cycles, followed by a final extension
step at 72°C for 10 minutes. The purity of the amplified prod-
ucts was determined by electrophoresis in a tris-acetate-EDTA
(TAE) gel. DNA was stained with ethidium bromide and viewed
under short-wave UV light using a BioRad Geldoc 2000 system
(BioRad, UK).

Cloning

PCR products were purified using a QIAquick PCR purifica-
tion kit (Qiagen, UK) and ligated directly into a cloning vector
containing topoisomerase I-charged vector arms (Agilent Tech-
nologies, UK) prior to transformation into E. coli competent
cells expressing Cre recombinase (Agilent Technologies, UK).
White transformants that grew on LB agar containing ampicillin
and X-Gal were screened for an insert using PCR. Primers were
complementary to the flanking regions of the PCR insertion site
of the cloning vector. The PCR method used was: an initial
denaturation at 94°C for 4 minutes, melting at 94°C for 30 sec-
onds, annealing at 55°C for 30 seconds, extension at 72°C for 1
minute; 35 cycles, followed by a final extension step at 72°C for
5 minutes. The resulting PCR products were purified using an
ExoSap protocol, and 2 ul of ExoSap mix (0.058 ul Exonucle-
ase I, 0.5 ul Shrimp Alkaline Phosphatase, and 1.442 ul QH,O)
was added to 5 ul of PCR product and incubated at 37°C for 30
minutes followed by 80°C for 15 minutes.

DNA Sequencing and Phylogenetic Analysis

Nucleotide sequences were determined by the dideoxynu-
cleotide method. An ABI Prism BigDye Terminator Cycle Se-
quencing Kit was used in combination with an ABI Prism 877
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Integrated Thermal Cycler and ABI Prism 377 DNA Sequencer
(Perkin Elmer Applied Biosystems, UK). Sequences (typically
900 base pairs in length) were analysed against the NCBI (USA)
database using the BLAST program packages and matched to
known 16S rRNA gene sequences.

RESULTS AND DISCUSSION

Sediment Characteristics

The mineral content of the sediment as sampled was dom-
inated by quartz, feldspars (albite and microcline), and sheet
silicates (muscovite and chlorite). The sediment had a high Si
content (33.2 wt %) and contained Al (5.9%), Fe (4.2%), K
(2.6%), Na (1.1%), Mg (<0.1 %), Ti (0.4%), Ca (0.14%), and
Mn (<0.1%). The concentration of 0.5 N HCI extractable Fe in
the sediment was 5.6 & 0.5 mmol kg~! prior to incubation and
the sediment pH was ~5.5.

Progressive Bioreduction in Bicarbonate-Free Systems

In bicarbonate-free systems with initially low pH (5.5) and
with varying initial nitrate concentrations (Table 1), microbially
mediated TEAP progression was monitored as bioreduction de-
veloped. Microbial activity was observed in all electron donor
amended microcosms (Figure 1), whereas no biogeochemical
changes were observed in sterile-controls (data not shown).
Electron acceptor utilization was observed in the order NO7,
NO,, Mn(1V), Fe(IIl) and SOi_ as indicated by changes in the
relevant biogeochemical indicators (Figure 1).

Furthermore, Eh decreased during TEAP progression and
acetate was removed from porewaters (Table 3). As expected,
the onset of microbially-mediated Mn(IV) and Fe(III) reduction
was largely inhibited until nitrate and nitrite were removed via
denitrification. The inhibition time was dependent on the initial
nitrate concentration with 0.4, 2, and 10 mM nitrate removed
by 14, 18 and 25 days, respectively, and with the onset of metal
reduction indicated by increased Fe(Il) in sediments, occurring
immediately afterwards (Figure 1).

Interestingly, the rates of Mn(IV) and Fe(III) reduction were
increased, compared to the low nitrate systems after nitrate had
been removed from microcosms in the systems with higher ni-
trate additions. For example, in the 0.4, 2, and 10 mM nitrate
systems, essentially complete Fe(III) reduction was seen at ~50
days despite the delay in onset of Fe(IIl) reduction in the 10
mM system compared to the lower nitrate concentration experi-
ments. By contrast, the 100 mM nitrate, bicarbonate-free system
appeared to be overwhelmed by the competing electron accep-
tor and although substantial nitrate reduction had occurred, 60
mM nitrate remained in solution after 230 days incubation and
no evidence for Fe(III) reduction was observed (Figure 1).

Previous work has reported an increase in Fe(IIl) reduction
rates in low pH sediments following nitrate reduction and at-
tributed this to a rise in pH due to OH™ and HCO; production
during denitrification (Law et al. 2010). In this study the pH in
bicarbonate-free systems with an initial pH of 5.5 and nitrate

concentrations of 0.4 2 and 10 mM, increased to pH 6.8, 7.0, and
7.5 respectively (Figure 1). Thus, the pH adjustment from pH
~5.5 to circumneutral caused by nitrate reduction apparently
stimulated metal reduction in these sediments. This is consis-
tent with the fact that the diversity and metabolic function of
neutrophilic metal reducers is decreased at low pH (Lloyd 2003;
Reardon et al. 2004; Fields et al. 2005; Edwards et al. 2007).

In these microcosms, reduction of even relatively low con-
centrations of nitrate (0.4 mM) were sufficient to increase pH
to a region where Fe(III) reduction became viable. By contrast,
in the bicarbonate-free system with 100 mM nitrate, nitrite ac-
cumulation in the microcosm was almost stoichiometric with
respect to observed nitrate reduction. This implied that nitrite
remained unreduced in this system which “stalled” at ~40%
nitrate removal (Figure 1).

Several studies have demonstrated the increased toxicity of
nitrite with decreasing pH and this is likely due to the presence of
nitrous acid (HNO,) at low pH entering the cell and interfering
with the pH gradient across the cell membrane (Weon et al.
2002; Zhou et al. 2007; Zhou et al. 2010). Thus, stoichiometric
accumulation of nitrite combined with the low initial pH (5.5)
of sediments suggests that nitrite toxicity may be an issue for
this system although, interestingly after extended (230 days)
incubation, nitrate and nitrite levels did appear to fall and pH
did rise (Figure 1).

Bioreduction Pathways

Calculations based on acetate consumption compared to ni-
trate reduction, combined with only a minor amount of ammo-
nia being detected in the bioreduced microcosms suggest that
denitrification to N; or N,O is the dominant pathway for nitrate
reduction in these systems (Table 3). Equations for the 5 electron
transfer from NO5 to N; coupled to acetate oxidation show the
production of OH™ during NO; reduction to N>O with HCO3
produced at all stages (Equations 1-3) and in agreement with
the observed rise in pH in our systems.

CH3COO™ +4NO;5 — 4NO; +HCO5 +CO; +H,O [1]

CH;COO™ +2NO; +2H" — 2N,0 + HCO; +CO,
+H,0 +20H" [2]

CH3COO™ +4N,O — 4N, + HCO; +CO, +H,0  [3]

Metal reduction then followed nitrate reduction with 0.5 N HCI
extractable Fe(II) ingrowth to sediments observed followed by
accumulation of Mn in porewaters (Figure 1). Although the pH
rose most steeply during nitrate reduction, the pH in all mi-
crocosms continued to trend upwards during Fe(II) reduction
consistent with continued consumption of H' and release of
HCOj during Fe(III) oxide reduction coupled to acetate oxida-
tion (Equation 4).

CH;COO™ +8FeOOH + 15H" — 8Fe”*+2HCO; +12H,0
(4]
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FIG. 1. Microcosm incubation time-series data (days 0-230). (A) pH, (B) NO5, (C) NO;, (D) porewater Mn, (E) 0.5 N HC1% extractable sedimentary Fe as
Fe(II), (F) porewater SOi_. Black diamonds = 0.4 mM nitrate system; unfilled circles = 2mM nitrate system; black squares = 10 mM nitrate system; unfilled
triangles = 100 mM nitrate system. Initial pH in all microcosms was ~5.5. Error bars represent 1o experimental uncertainty from triplicate microcosm experiments

(where not visible error bars are within symbol size).

Interestingly, sequential extractions conducted on sediment
from the bicarbonate buffered system with 10 mM nitrate be-
fore and after bioreduction suggest an increase in the “carbonate
fraction” coupled to a reduction in the “easily reducible” frac-
tion in the sediments after bioreduction (Figure 2). The final pH
in these systems was between pH 7.5 and 8. This is consistent
with observations that Fe?*, alkalinity, and HCOj all favour the
formation of carbonate minerals such as siderite (Equation 5)
(Coleman et al. 1993; Roden et al. 2002).

Fe* ™ +HCO; +OH™ — FeCO3;+H,0 [5]

Microbial Community Analysis in Bicarbonate-Free
Systems

The microbial ecology of the pH ~5.5 microcosms was as-
sessed by 16S rRNA gene analysis at key points as bioreduction

progressed. Analysis of the oxic sediment revealed a diverse
population with 11 different phyla and 59 distinct organisms
detected in 73 clones. The clone library was dominated by
species from the phylum Aciodobacteria (~50%) with close
relatives of Bacillus species present (~7%) (Figure 3). This
is similar to past work with Sellafield-type sediments where
Acidobacteria also dominated the clone libraries (Law et al.
2010).

When the 0.4 mM nitrate system had undergone nitrate and
Fe(Ill) reduction (at day 50) the microbial community had
changed and comprised 11 different phyla and 71 distinct se-
quences from the 83 clones analysed. Members of Clostridi-
ales now made up ~17% of the clone library and Acidobac-
teria only ~21% (Figure 3). Organisms affiliated with the
Clostridiales order included close relatives of known Gram-
positive metal-reducing species Desulfosporosinus sp. S8 and
Desulfitobacterium metallireducens (Robertson et al. 2000;
Spring and Rozenzweig 2006), which have been isolated as key
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TABLE 3
pH, Eh and acetate utilization data
Acetate (mM)
pH Eh NH; (mM)
Utilized during Required for Max. in

System Initial Final Initial Final nitrate reduction denitrification to Nj porewaters
0.4 mM nitrate 55 6.8 +187 -86 0.22 £0.01 0.25 —
2 mM nitrate 55 6.95 +240 -67 2.58 £0.06 1.25 —
10 mM nitrate 55 7.25 +273 -62 7.25 £0.32 6.25 <0.5
100 mM nitrate 5.5 6.5-8 +184 +166 17.3 £0.45* 62.2 —
Bicarbonate buffered 7 7.2 +274 -57 1.63 £ 0.15 0.25 —

0.4 mM nitrate
Bicarbonate buffered 7 7.5 +274 -20 8.23 £0.32 6.25 <0.7

10 mM nitrate
Bicarbonate buffered 7 9.3 +286 50 86.4 +4.56 62.2 —

100 mM nitrate

Errors are 1o of triplicate measurements. *reduced only ~40% of nitrate.

metal-reducing bacteria in high nitrate sediments at Oak Ridge,
TN (Li and Krumholz 2008; Shelobolina et al. 2003).

Also present in the clone library were species of the
known Fe(II)-reducing genus Geobacter and the known nitrate-
reducing genus Bacillus. In contrast, when the bicarbonate-free
10 mM nitrate system had undergone nitrate and Fe(IIl) re-
duction (50 days), the diversity was very much reduced even
compared to the 0.4 mM system at 50 days, and 87% of the

Unamended

Acetate amended

clone library (76 of 87 clones sequenced) comprised of close
relatives (>99%) of Bacillus niacini (Figure 3).

Bacillus niacini has been shown to reduce nitrate to nitrite
under anaerobic conditions (Nagel and Andreeson 1991) and
close relatives have been identified in nitrate amended sediments
at a uranium waste tailing site and in Sellafield-type sediments
(Law et al. 2010; Selenska-Pobell and Geissler 2008). These
results suggest a trend toward much lower microbial diversity

Residual Fe

B Vagnetite

I Reducible Fe

Fe in mM/Kg

[ ]| Easily reducible Fe
Carbonate associated Fe

FIG. 2. Sequential extraction data comparing the Fe mineralogy of bicarbonate buffered 10 mM nitrate reduced sediments with that of oxic sediment. Dark
grey = carbonate associated Fe; light gray = easily reducible Fe oxides; very dark grey = reducible oxides; black = magnetite; striped = residual Fe as determined

by XRF.
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FIG.3. Microbial community analysis of (A) Fe(IIT)-reducing bicarbonate-free sediment with 0.4 mM initial nitrate (T = 50), (B) Fe(II)-reducing bicarbonate-free
sediment with 10 mM initial nitrate (T = 50), (C) Fe(III)-reducing bicarbonate-free sediment with 100 mM initial nitrate (T = 70) and (D) oxic sediment.

as initial nitrate concentrations increase, with a close relative
(>99%) of Bacillus niacini suggested as a key, acid tolerant
nitrate-reducing organism in systems with elevated nitrate, and
with Gram-positive species potentially significant in mediating
Fe(III) reduction.

Progressive Bioreduction in Bicarbonate Buffered Systems

When systems were buffered with bicarbonate to pH 7 to
stimulate bioreduction, there was a general increase in the rate
of bioreduction compared to the unbuffered pH 5.5 microcosms.
For example, in the bicarbonate buffered 0.4 and 10 mM nitrate
systems, extensive Fe(III)-reduction, indicated by ~100% 0.5 M
HCl extractable Fe converted to Fe(II), was observed by 21 days
compared to 50 days in the parallel unbuffered system (Figures
1 and 4). Interestingly, although the microbial community was
unable to reduce 100 mM nitrate at pH 5.5 (Figure 1), when the
pH was buffered to circumneutral prior to incubation, the system
was able to facilitate complete reduction of 100 mM nitrate by
70 days and metal reduction commenced thereafter (Figure 4).

Nitrite in this system was transient and it is probable that
the higher initial pH reduced the toxicity of nitrite in this sys-
tem and thereby allowed nitrite metabolism to proceed (Zhou
et al. 2010). Development of metal-reducing conditions in mi-
crocosms with very high nitrate is variable with some studies
reporting development of Fe(IlI)-reduction in 100 mM nitrate,
carbonate buffered experiments (Edwards et al. 2007), whilst
other workers observed only partial reduction of 100 mM ni-
trate and no development of Fe(Ill)-reducing conditions (Mc-
Beth et al. 2007). Interestingly, in dynamic push-pull tests at
the Field Research Centre in Oak Ridge Tennessee, electron

donor amendment and pH neutralization was needed to reduce
> 100 mM nitrate (Istok et al. 2004; North et al. 2004). In the
bicarbonate buffered experiments, pH increased from pH 7.0 to
7.2, 8.1 and 9.5 for systems with 0.4, 10 and 100 mM nitrate
respectively, and as expected the onset of metal-reducing condi-
tions was delayed as the initial nitrate concentration increased.
For example, complete reduction of 0.5 N HCI extractable
Fe(III) took 18, 25 and 230 days in the 0.4, 10 and 100 mM
nitrate systems respectively (Figure 4). Indeed, the observation
of Fe(Ill)-reduction in microcosms where pH was greater than
9 is interesting in terms of the microbial tolerance of the sys-
tem across pH 5.5-9. Indeed, there are few published studies on
metal reduction in alkaline sediments and the majority of avail-
able studies focus on halophillic species from alkaline soda lakes
(Gorlenko et al. 2004; Pollock et al. 2007).

Only a few species including Alkaliphilus metalireducens
and Anaerobranca californiensis have been isolated and shown
to reduce Fe(IIT) above pH 9 (Gorlenko et al. 2004; Ye et al.
2004). More recently, Fe(IIl) reduction has been demonstrated
in a highly contaminated, high pH chromium waste site in the
UK (Stewart et al. 2010). In our study, sequence analyses of
amplified 16S rRNA genes showed that during Fe(III) reduction
after incubation for 70 days the bicarbonate buffered 100 mM
nitrate system had a restricted clone library with only 5 different
species detected in 88 clones.

The system was dominated by a close relative (>99% se-
quence homology) of Ochrobactrum grignonense strain c259
(59% of the clones) with a close relative (>99% sequence
homology) of Bacillus niacini also significant at ~37% of
the clone library (Figure 3). Ochrobactrum grignonense is
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capable of denitrification and growth between pH 3-9 (Lebuhn
et al. 2000) and some species of Bacillus are presumably alkali
tolerant as they have been isolated from soda lakes at pH > 9
(Carrasco et al. 2007; Pollock et al. 2007).

Enrichment Cultures

In the 100 mM bicarbonate buffered system that had un-
dergone bioreduction and was poised at pH 9.5, the sediment
molecular ecology studies were dominated by close relatives
of known nitrate-reducing microorganisms and thus the Fe(III)-
reducing bacteria, which were obviously active, could not be
identified unequivocally in the clone library. Therefore, in order
to gain further insight into the alkali tolerant Fe(Ill)-reducing
species that were active in these systems, enrichment cultures
were established with medium containing Fe(III)-citrate as the
sole electron acceptor at pH 9.5 and inoculated initially with

10% of the bioreduced 100 mM carbonated buffered sediment
(see methods).

After seven enrichment subcultures (using 10% v/v inocula
throughout), a sample was taken for molecular characterization.
Here, 16S rRNA gene analysis revealed that a bacterium closely
related (>99%) to Alkaliphilus crotonatoxidans made up 41% of
the enrichment culture (37 of 91 clones) and a bacterium closely
related (>99%) to Serratia liquifaciens made up a further 56%
(51 of 91 clones) (Table 4).

Alkaliphilus crotonatoxidans is a strict anaerobe with a re-
ported growth range of pH 5.5-9 (Cao et al. 2003), whereas
Serraitia liquifaciens is a facultative anaerobe and has not pre-
viously reported as alkali tolerant. Repeated subcultures of the
enrichment consortium over several months show that the con-
sortium is stable and capable of growth at pH >9, while facili-
tating Fe(IlI)-reduction in this high pH system.
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TABLE 4

Phylogenetic affiliation of 16S rRNA gene sequences detected in the clone library from the Fe(III) reducing enrichment culture
atpH 9.5

No. in Closest Matching Micro-organism

Clone Library [accession Number] % Match % Present Phylogenetic Class

37 Alkaliphilus crotonatoxidans [AF467248] 99% 40.7% Clostridia

51 Serratia liquefaciens[AJ306725] 99% 56% Gammaproteobacteria

2 Clostridium celerecrescens clone IrT-JG1-12[AJ295659] 98% 2.2% Clostridia

1 uncultured bacterium; 3BH-2FF [EU937958] 97% 1.1% Betaproteobacteria

Implications for Bioremediation

This study highlights the sensitivity of nitrate and Fe(III)-
reducing communities in Sellafield-type sediments to initial pH
conditions. It was found that in these batch experiments, while
low pH may inhibit the progression of TEAPs in nitrate amended
systems, moderate nitrate concentrations up to 10 mM actually
stimulated the development of metal-reducing conditions via
production of OH™ and HCO5 during nitrate reduction and
resultant pH amendment (Figure 1).

These observations are in contrast to similar studies with ni-
trate contaminated sediments from the Oak Ridge nuclear site
where pH buffering with NaHCO; or crushed lime was neces-
sary to stimulate bioreduction (Edwards et al. 2007; Michalsen
et al. 2009; North et al. 2004). In our systems, we observed
faster TEAP progression when microcosms were buffered to
an initial pH of 7.0 with bicarbonate buffer compared to the
naturally mildly acidic Sellafield material. Indeed, in our exper-
iments very high (100 mM) nitrate was only fully reduced in
bicarbonate buffered systems.

This information is useful in understanding pH amendment
via bioreduction that may be occurring in high nitrate groundwa-
ters, and may be beneficial in planning engineered bioreduction
treatments in low pH environments although clearly there is a
need for further lab and field scale studies on dynamic flow sys-
tems to constrain this potential further. Interestingly, although
reduction of a pH 7 microcosm containing 100 mM nitrate lead
to the development of a pH of 9.5 prior to metal reduction
starting, the system appeared robust and progression to Fe(III)
reduction occurred at these alkaline conditions.

Overall, the representative Sellafield sediments appear to
support a diverse range of microorganisms which in batch ex-
periments are capable of metal reduction between pH 6 and 9.5
provided there is sufficient electron donor to first deplete nitrate.
Interestingly, a rise in pH during bioreduction may also benefit
the removal of non redox active radionuclides such as °’Sr which
is less mobile at alkaline pH and is predicted to associate with
carbonate phases above pH ~ 9 (Ferris and Roden 2000; Lan-
gley et al. 2009; Roden et al. 2002). This work highlights that
biostimulation coupled to pH modification by denitrification is
possible under constrained, batch experiment conditions and,
contrary to initial expectations, may provide some potential for

enhanced removal of problematic radionuclides and contami-
nants at industrial sites.
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Abstract

Extensive denitrification resulted in a dramatic increase in pH (from 6.8 to
9.5) in nitrate-impacted, acetate-amended sediment microcosms containing
sediment representative of the Sellafield nuclear facility, UK. Denitrification
was followed by Fe(IlI) reduction, indicating the presence of alkali-tolerant,
metal-reducing bacteria. A close relative (99% 16S rRNA gene sequence homol-
ogy) to Serratia liquefaciens dominated progressive enrichment cultures con-
taining Fe(III)-citrate as the sole electron acceptor at pH 9 and was isolated
aerobically using solid media. The optimum growth conditions for this
facultatively anaerobic Serratia species were investigated, and it was capable of
metabolizing a wide range of electron acceptors including oxygen, nitrate, FeGel,
Fe-NTA and Fe-citrate and electron donors including acetate, lactate, formate,
ethanol, glucose, glycerol and yeast extract at an optimum pH of ¢. 6.5 at 20 °C.
The alkali tolerance of this strain extends the pH range of highly adaptable Fe
(IIT)-reducing Serratia species from mildly acidic pH values associated with
acid mine drainage conditions to alkali conditions representative of subsurface

sediments stimulated for extensive denitrification and metal reduction.

Keywords
bioreduction; nitrate; bioremediation; iron
reduction.

Introduction

Dissimilatory Fe(III)-reducing bacteria are widely distrib-
uted in freshwater and marine environments and have the
ability to utilize a wide range of compounds as electron
donors (Lovley et al., 2004; Weber et al., 2006). Dissimi-
latory Fe(III) reduction has been shown to occur over a
wide pH range from acid mine drainage sites to alkaline
soda lakes (Johnson, 1995; Straub et al., 2001; Pollock
et al., 2007). Although Fe(III) reduction at low (< pH 3)
and circumneutral pH is well documented, few studies
exist showing Fe(III) reduction above pH 9 (Gorlenko
et al., 2004; Pollock et al., 2007), despite the potential sig-
nificance of these reactions in a range of natural and engi-
neered environments. Alkaline pH is challenging for
microbial metabolism as microorganisms must maintain
their optimum intracellular pH and possess a mechanism
for creating an electron motive force capable of driving
solutes across the cell membrane against a proton counter

FEMS Microbiol Lett 327 (2012) 87-92

gradient (Krulwich et al., 2001; Detkova & Pusheva, 2006;
Stewart et al., 2010). It is suggested that in extreme alka-
line environments, Na" may replace H" to create an elec-
tron motive force in some alkaliphilic microorganisms
(Kevbrin et al.,, 1998; Krulwich et al., 2001; Detkova &
Pusheva, 2006). Fe(III) reduction at a pH > 9 has been
observed by several species isolated from natural alkaline
soda lakes, including Anaerobranca californiensis (Gor-
lenko et al.,, 2004), Alkaliphilus metaliredigens (Ye et al.,
2004), Tindallia magadii (Kevbrin et al., 1998) and species
most similar to (96%) Bacillus agaradhaerens (Pollock
et al., 2007). In addition to natural high pH environments,
such as soda lakes, there is interest in the biogeochemistry
of engineered high pH sediments, for example those
resulting from industrial contamination and the use of
alkaline cements as a building material. Alkaline sediment
geomicrobiology is of particular current interest to the
nuclear industry owing to the proposed use of cement
containment for deep geological disposal of radioactive
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wastes and for remediation scenarios for existing contami-
nated land (NDA, 2011). It is important to understand
how changes in pH may affect the microbial community
and therefore the biogeochemical processes occurring in
the subsurface. Microbial processes are a key to predicting
the mobility of problematic radionuclides in the subsur-
face (Lloyd, 2003). In addition, understanding the extent
and impact of alkali-generating biogeochemical processes
such as nitrate, iron or sulphate reduction is also of wider
interest in both natural and engineered environments.

In this study, the pH of sediments representative of the
Sellafield nuclear facility was increased via extensive
reduction of nitrate, a common contaminant at nuclear
sites, from c¢. pH 6.8 to 9.3, and Fe(III) reduction was
observed to occur thereafter (Thorpe et al, in press).
Here, a gradual increase in pH resulted in adaptation of
the moderately acidotolerant microbial community to a
moderately alkaline environment where the dominance of
alkali-tolerant bacteria would be expected. PCR-based 16S
rRNA gene analyses of an enrichment culture taken from
a pH ¢ 9.3 Fe(Ill)-reducing sediment stimulated with
acetate as the electron donor identified a close relative
(99% sequence homology) of the known alkaliphilic bac-
terium Alkaliphilus crotonatoxidans (41% of 16S rRNA
genes in a clone library prepared from the enriched com-
munity) and a close relative (99% sequence homology) of
Serratia liquefaciens (56% of the clone library). Surpris-
ingly, over successive enrichment cultures at pH c. 9, the
known alkaliphilic species A. crotonatoxidans was out-
competed by the Serratia species not previously reported
as alkali-tolerant. Interestingly, previous work suggests
that members of the genus Serratia favour low pH with
strains reported as acidotolerant with an optimum growth
pH of ¢. 6.5 and a growth range pH as low as 3 (Adams
et al., 2007). Enrichment for, isolation of and character-
ization of this new Serratia species are described.

Materials and methods

Study site

Sediments representative of the quaternary unconsoli-
dated alluvial flood-plain deposits that underlie the Sella-
field site were collected from the Calder Valley, Cumbria
(Law et al, 2010). Sampling was conducted ¢. 2 km from
the site at Lat 54°26'30N, Long 03°28'09W.

Cultivation of Fe(lll)-reducing bacteria

Sediment samples from bioreduced pH c. 9.5 sediment
were used to inoculate enrichment cultures (10 % inocu-
lum) with acetate as the electron donor (10 mM) and Fe
(II)-citrate as the electron acceptor (20 mM). The enrich-
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ment medium was based on the recipe of Lovley et al
(1991) and comprised (in grams per litre of deionized
water) NaHCOs;, 2.5; NH,Cl, 0.25; NaH,PO,-H,O, 0.6;
and KCIl, 0.1. In addition, stock solutions of vitamins and
minerals were added (Lovley & Phillips, 1988). The med-
ium was adjusted to ¢. 9.3 with the addition of NaOH,
sparged with N,/CO, (80 : 20) gas mix and filter-sterilized
(0.2 um) before dispensing into autoclaved 30-mL serum
bottles and sealing with sterile butyl rubber stoppers and
aluminium crimp caps. Inoculated bottles were kept in the
dark at 20 °C. Standard anaerobic sampling techniques
were used throughout for monitoring the cultures.

Isolation of an axenic Fe(lll)-reducing culture

The sediment enrichment culture grown in Fe(III)-citrate
medium was transferred seven times at pH ¢ 9.3, and
16S rRNA gene analysis was then performed. A culture of
the Serratia species that dominated final 16S rRNA clone
libraries was isolated by streaking onto 4% Luria—Bertani
(LB) agar plates at pH 7 (Fisher Scientific, UK) and incu-
bating aerobically at 20 °C. A single colony of this species
was transferred to fresh medium and used for all subse-
quent experiments. The culture was confirmed as axenic
by microscopy, colony morphology and 16S rRNA clon-
ing and analyses.

Characterization

To explore the ability of the isolate to metabolize a range of
electron acceptors, nitrate, Fe(III)-NTA, Fe(III)-oxy-
hydroxide or Fe(III)-citrate was added (20 mM) to mini-
mal medium with either acetate or glycerol (10 mM) as an
electron donor. Electron donor utilization was tested using
Fe(III)-citrate (20 mM) as the electron acceptor and
lactate, formate, ethanol, glucose, yeast extract, benzoate,
acetate or glycerol (10 mM) as potential electron donors.
The pH tolerance was assessed using Fe(III)-citrate med-
ium (20 mM) with glycerol (10 mM) as the electron donor
at pH ranging from 3.5 to 10. The pH of the medium was
adjusted with NaOH or HCI prior to inoculation.

Amplification of 16S rRNA gene sequences

The 165-23S rRNA intergenic spacer region from the bacte-
rial RNA operon was amplified as described previously using
primers ITSF and ITSReub (Cardinale et al., 2004). The
amplified products were separated by electrophoresis in
Tris-acetate—.EDTA gel. DNA was stained with ethidium
bromide and viewed under short-wave UV light. Positive
microbial community changes identified by the Ribosomal
Intergenic Spacer Analysis (RISA) justified further investiga-
tion by DNA sequencing of 16S rRNA gene clone libraries.

FEMS Microbiol Lett 327 (2012) 87-92
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Cloning

PCR products were purified using a QIAquick PCR puri-
fication kit (Qiagen, UK) and ligated directly into a clon-
ing vector containing topoisomerase I-charged vector
arms (Agilent Technologies, UK) prior to transformation
into Escherichia coli-competent cells expressing Cre re-
combinase (Agilent Technologies). White transformants
that grew on LB agar containing ampicillin and X-Gal
were screened for an insert using PCR. Primers were
complementary to the flanking regions of the PCR inser-
tion site of the cloning vector. The conditions for PCR
method were as follows: an initial denaturation at 94 °C
for 4 min, melting at 94 °C for 30 s, annealing at 55 °C
for 30 s, extension at 72 °C for 1 min, 35 cycles, followed
by a final extension step at 72 °C for 5 min. The resulting
PCR products were purified using an ExoSap protocol,
and 2 pL of ExoSap mix (0.058 pL exonuclease I, 0.5 pL
Shrimp alkaline phosphatase and 1.442 uL QH,0) was
added to 5 pL of PCR product and incubated at 37 °C
for 30 min followed by 80 °C for 15 min.

DNA sequencing and phylogenetic analysis

Nucleotide sequences were determined by the dideoxynu-
cleotide method (Sanger et al., 1977). An ABI Prism Big-
Dye Terminator Cycle Sequencing kit was used in
combination with an ABI Prism 877 Integrated Thermal
Cycler and ABI Prism 377 DNA Sequencer (Perkin Elmer
Applied Biosystems, UK). Sequences (typically 900 base
pairs in length) were analysed against the NCBI (USA)
database using the BLAST program packages and matched
to known 16S rRNA gene sequences.

Analytical methods

Nitrate reduction was monitored by UV—vis spectroscopy:
increasing cell density OD 600 nm and appearance of
nitrite in solution via a UV-vis spectroscopic method
(Harris & Mortimer, 2002). Fe(III) reduction was moni-
tored by measuring the increase in 0.5 N HCl-extractable
Fe(Il) over time using a ferrozine assay (Stookey, 1970).
Mineral products of Fe(III) reduction were analysed using
X-ray powder diffraction (XRD) obtained with a Bruker
D8Advance instrument using Cu K,; radiation.

Results and discussion

Enrichment and isolation

In incubation experiments exploring the biogeochemistry
of sediments representative of the Sellafield site, the pH
rose from 6.8 to ¢ 9.3 during reduction of 100 mM
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Fig. 1. Percentage of 0.5 N HCI extractable Fe(ll), pH and nitrate in
solution (where relevant) for (a) acetate amended 100 mM nitrate
impacted sediment, (b) acetate amended Fe(lll)-citrate medium
inoculated with Fe(lll) reducing pH 9 sediment, 4th in the series of
inoculums and (c) acetate amended Fe(lll)-citrate medium inoculated
with the Serratia sp. isolate. Error bars represent 1o of triplicate analysis.

Fig. 2. RISA analysis of progressive subcultures showing the diversity
of the microbial community over time. Raw = raw bioreduced
sediment, 0 = first Fe(lll)-citrate enrichment culture inoculated from
the raw sediment, 4-10 = number of successive transfers to fresh
media (10% inoculation) and Pure = the Serratia sp. isolate.
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Table 1. Phylogenetic affiliation of 16S rRNA gene sequences detected in the clone library from an Fe(lll)-reducing enrichment culture at pH 9.5

Clone No in Closest matching microorganism Identities

representative  clone library  (accession number) (% match) % Present  Phylogenetic class
CT-Fecit-87 37 Alkaliphilus crotonatoxidans (AF467248) 890/896 (99%) 40.7 Clostridia

CT-Fecit-66 51 Serratia liquefaciens (AJ306725) 871/872 (99%) 56.0 Gammaproteobacteria
CT-Fecit-80 2 Clostridium celerecrescens clone IrT-JG1-12 (AJ295659)  863/876 (98%) 2.2 Clostridia

CT-Fecit-35 1 Uncultured bacterium; 3BH-2FF (EU937958) 839/858 (97 %) 1.1 Betaproteobacteria

nitrate (in the presence of added acetate) and Fe(II)
reduction was observed to follow (Fig. 1a). Subaliquots
from these incubations added to acetate-
amended, Fe(IIl)-citrate medium were enriched further
for the Fe(IlI)-reducing microbial community and con-
tinued to support stable Fe(III) reduction at pH > 9
(Fig. 1b). RISA results
community became less diverse as the subculture was

sediment

illustrate that the microbial

transferred to fresh medium every c. 6 weeks (10 % inoc-
ulum) (Fig. 2). After seven transfers, 16S rRNA gene
analysis identified a mixed culture, with 41 % of the
clone library comprising genes most closely related (99 %
identical) to the known alkaliphilic bacterium Alkaliphilus

Desulfuromonay acetexigens
Pelobacter carbinolicus DSM 2380
Geabacier pelophilus Dfe2

Geobacter sulfurreducens PCA
Geobacter metallireducens GS-15

Desulfuromonas acetoxidany

Greothrix fermentans H5

—1

L Skewanella oneidensis MR-1

Serratia sp. Thorpe et al,

Serratia fonticola DSM 4576

0.05
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Ferrimonas balearica DSM 9799

cronotoxidens and 56 % most closely related (99 % identi-
cal) to S. liquefaciens CIP 103238T, with other species
making up < 3 % of the clone library (Table 1). How-
ever, after 10 transfers, the community was much less
diverse, and by plating out onto LB agar plates, an axenic
culture that was shown to reduce Fe(IIl) at pH c¢. 9.0 was
obtained (Fig. 1c). RISA analysis confirmed that this iso-
lated species was the organism that dominated the mixed
culture at subculture 10, and 16S rRNA gene sequence
confirmed that this was the Serratia species identified pre-
viously (Fig. 2). The phylogenetic placement of this
organism compared with other Fe(III)-reducing bacteria
is shown in Fig. 3. It is interesting that despite the consis-

Pelobacter acetylenicus WoAcyl DSM 2348

Pelobacter propionicus OnBdl DSM 2379

Desulfuromsa bakii Gyprop DSM 7345
Desulfobacter hydrogenophilus

Geovibrio ferrireducens PAL-1 ATCC 51966
Deferribacter thermophilus BMAI ACM 5093
Sulfurospirillum barnesii SES-3

Acidithiobacillus ferrooxidans BRGM T
_| Ferribacterinm limneticum ATCC 700589
r Shewanella putrefuciens ATCC 8071

Serratia liguefaciens CIP 103238T
Serratia proteamaculans AP-CMST

Serratia sp. Adams ef al., 2007
Thermus agquaticus YT-1 ATCC 25104

Fig. 3. Phylogenetic placement of the
Sellafield sediment isolate (Thorpe et al. this
study) compared to relevant microorganisms.
Scale bar = 5% sequence difference.
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tently high pH in these subcultures, and the presence of a
close relative to a known alkaliphile, the Serratia species
was shown to predominate in these systems. In a previous
study at an acidic rock drainage site, a Serratia species
was isolated and shown to respire using Fe(IIl) (‘Serratia
Adams et al., 2007 on Fig. 3) and was characterized as
acidotolerant with an optimum growth pH of 6.5 (Adams
et al., 2007).

Anaerobic growth of the Serratia isolate

In addition to aerobic growth on LB medium, the Serra-
tia species was found to be capable of utilizing a variety
of electron acceptors under anaerobic conditions: NOj,
Fe(III)-NTA, Fe(Ill)-citrate and Fe(III)-oxyhydroxide
(ferrihydrite), although only minimal reduction of fer-
rihydrite (< 10%) was observed (data not shown). Elec-
tron donors (10 mM) were utilized with Fe(III)-citrate
(20 mM) as the electron acceptor included, in order of
the rate of Fe(Ill) reduction supported: glycerol > for-
mate > ethanol > yeast extract > lactate > acetate > ben-
zoic acid (Fig. 4). These findings are similar to previous
work on Serratia sp. (Adams et al., 2007) where glycerol
was found to be the most favourable electron donor
tested and acetate and benzoate resulted in slow rates of
Fe(III) reduction.

Effects of pH on Fe(lll) reduction

The Serratia species isolated from Sellafield sediment was
found to reduce Fe(III) optimally at the pH of 4.5-6.5
with a range of activity between pH 3.5 to 9.5 (Fig. 5).

Time (days)
0 20 40 60 80 100
—l— Glucose —>— Lactate

5 —@— Benzoic acid —¢)— Formate
| —— Yeast extract —1— Acetate

—/— Ethanol —O— Glycerol

Fe(ll) (mM)

Fig. 4. Fe(ll) production in a pure culture of Serratia grown with a
range of electron donors (10 mM) and 10 mM Fe(lll)-citrate in
systems with starting pH c. 7. Error bars represent 1o of triplicate
analysis.

FEMS Microbiol Lett 327 (2012) 87-92

91

No Fe(III) reduction was observed above pH 9.5, and
rates of Fe(III) reduction were observed to slow above
pH c. 6.5 and below pH c. 4.5 (Fig. 5a). In cultures where
the pH was initially < 6.5, the microbial Fe(III) reduction
was observed to shift the pH towards alkalinity presum-
ably because of the release of OH™ during Fe(III) reduc-
tion (Fig. 5b) (Mortimer et al., 1997; Adams et al., 2007).
However, the pH in Fe(III)-citrate cultures with an initial
pH > 6.5 decreased during Fe(III) reduction presumably
because of an increase in aqueous CO, resulting from
microbial respiration and subsequent formation and dis-
sociation of carbonic acid (Figs 1b,c and 5b). In addition,
after Fe(III) reduction had developed, a white precipitate
was observed above pH 7 and this was identified via XRD
analysis as containing both siderite and vivianite (data
not shown). Siderite and vivianite production consumes
HCO; and OH"™ acting to decrease the pH. It is interest-
ing that the biogeochemical processes occurring in these
microcosms act to buffer the pH towards the optimum
growth pH for Serratia sp.

Implications

The bacterium isolated in this study appears to be a robust
and highly adaptable species that is capable of surviving
dramatic changes in sediment geochemistry. Serratia spe-
cies are reported to reduce Fe(Ill) over a wide spectrum
of pH values and utilize a diverse range of alternative
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Fig. 5. Graphs showing (a) Fe(ll) production in pure culture of
Serratia grown with 10 mM glycerol and 20 mM Fe(lll)-citrate over
the range of pH values from pH 3.5 to 10 in initial experiments; and
(b) the pH over time in these systems. Error bars represent 1o of
triplicate analysis.
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electron acceptors and electron donors (This study and
Adams et al., 2007). It appears that during microbial stim-
ulation scenarios, changes in pH and available electron
donors/acceptors can result in unusually resilient rather
than more commonly identified Fe(IlI)-reducing organ-
isms becoming dominant. Here, an organism rarely
reported as an Fe(IlI)-reducing bacterium with an opti-
mum growth pH of < 7 was observed to dominate in a
pH 9 system which had undergone extensive denitrifica-
tion prior to metal reduction. Thus, it is possible that dur-
ing remediation scenarios where sediment geochemistry is
altered during bioremediation, the microbial community
may shift to favour less typical, but more adaptable species.
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The behaviour of strontium (Sr? ) during microbial reduction in nitrate impacted sediments was investigated in
sediment microcosm experiments relevant to nuclear sites. Although Sr? " is not expected to be influenced di-
rectly by redox state, bioreduction of nitrate caused reduced Sr? ™ solubility due to an increase in pH during
bioreduction and denitrification. Sr? * removal was greatest in systems with the highest initial nitrate load-
ing and consequently more alkaline conditions at the end of denitrification. After denitrification, a limited
re-release of Sr?* back into solution occurred coincident with the onset of metal (Mn(IV) and Fe(IIl)) re-
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duction which caused minor pH changes in all microcosms with the exception of the bicarbonate buffered
Keywords: system with initial nitrate of 100 mM and final pH> 9. In this system ~95% of Sr*>* remained associated with
Strontium the sediment throughout the progression of bioreduction. Analysis of this pH 9 system using X-ray absorp-

tion spectroscopy (XAS) and electron microscopy coupled to thermodynamic modelling showed that Sr?*+
became partially incorporated within carbonate phases which were formed at higher pH. This is in contrast

Bioreduction
Incorporation

SQTPtion to all other systems where final pH was <9, here XAS analysis showed that outer sphere Sr? ™ sorption pre-
Egzlaet:r dominated. These results provide novel insight into the likely environmental fate of the significant radioac-

tive contaminant, °°Sr, during changes in sediment biogeochemistry induced by bioreduction in nitrate

impacted nuclear contaminated environments.

© 2012 Elsevier B.V. All rights reserved.

1. Introduction

Strontium-90, a high yield fission product resulting from nuclear
fuel cycle operations, is a significant radioactive contaminant at nu-
clear facilities worldwide (Jackson and Inch, 1989; Riley and
Zachara, 1992; Mason et al., 2000; Dewiere et al., 2004; McKinley et
al., 2007; Priest et al., 2008; McKenzie and Armstrong-Pope, 2010).
The behaviour of °°Sr is of particular environmental concern in con-
taminated land due to both its ~29 year half-life (meaning that it
will persist over several hundred years), and it is relative mobility
in the shallow sub-surface at some nuclear facilities (McKinley et
al., 2007; McKenzie and Armstrong-Pope, 2010). The remediation of
90Sr and other radionuclides (e.g. U and Tc) from groundwaters at
these sites is a key challenge for nuclear decommissioning. It is there-
fore important to explore remediation strategies which show promise
of removing or immobilising a wide variety of problematic radionu-
clides with differing biogeochemical behaviour (e.g. °°Sr, U and Tc)
using a single methodology. Furthermore, the geochemical conditions

* Corresponding author. Tel.: +44 161 275 7541.
E-mail address: katherine.morris@manchester.ac.uk (K. Morris).

0009-2541/$ - see front matter © 2012 Elsevier B.V. All rights reserved.
doi:10.1016/j.chemgeo.2012.03.001

at many nuclear facilities are mildly acidic to neutral, have high nitrate
and also have significant naturally occurring iron(Ill) oxyhydroxide
phases that must be taken into account when investigating remediation
scenarios (Fredrickson et al., 2004; Istok et al,, 2004; Begg et al., 2007;
Edwards et al., 2007; McBeth et al., 2007; Law et al,, 2010; McKenzie
and Armstrong-Pope, 2010).

Strontium-90 exists in the natural environment solely as the Sr2*
ion, has very similar geochemical behaviour to Ca®>* and is therefore
not directly affected by changes in redox conditions. Strontium specia-
tion is controlled primarily by adsorption to mineral surfaces and incor-
poration or at high concentrations precipitation into Ca®?™ bearing
mineral phases (e.g. CaCOs). Strontium mobility in the subsurface is
influenced by the adsorption capacity of the minerals within the sedi-
ment as well as the pH and ionic strength of the groundwaters, temper-
ature, organic matter concentration and the exchangeable Ca®*/Mg?*
content (Cowan et al,, 1991; Chen and Hayes, 1999; Solecki, 2005; Hull
and Schafer, 2008; Chiang et al., 2010). The Sr?* ion typically forms
outer sphere adsorption complexes which are electrostatically bound
to negatively charged mineral surfaces. As expected, increasing adsorp-
tion is observed as pH increases above the point of zero charge (PZC) of
the relevant mineral phases (Cowan et al,, 1991; Ferris et al., 2000;
Sahai et al,, 2000; Hofmann et al.,, 2005; Bascetin and Atun, 2006;
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Bellenger and Staunton, 2008; Chorover et al., 2008). In iron rich sedi-
ments, adsorption to both aluminosilicate clays and Fe(Ill)-oxyhydroxide
minerals will have a significant control over Sr*> ™ mobility with pH im-
portant in controlling the mineral surface charge and therefore the ex-
tent of cation adsorption (Chiang et al., 2010). Clay minerals (eg illite,
chlorite, kaolinite and montmorillonite) provide important adsorption
surfaces for cations even at low pH due to their relatively low PZC (pH
4-6) and permanent structural charge, (Hussain et al., 1996; Dyer et
al., 2000; Coppin et al., 2002; Zhuang and Yu, 2002; Alvarez-Silva et
al., 2010) whilst Fe(IIl)-hydroxides tend to contribute significant adsop-
tion sites at higher pH (PZC pH 7-8) (Small et al,, 1999; Hofmann et al.,
2005). With increasing pH and alkalinity, groundwater will become
oversaturated with regard to carbonate phases and at high Sr?* con-
centrations, this may allow the precipitation of Sr** as strontianite
(SrCO5) or at lower Sr>™ concentrations, the incorporation of Sr? ™
into CaCOs phases such as calcite or aragonite (Zachara et al,, 1991;
Tesoriero and Pankow, 1996; Greegor et al., 1997; Parkman et al.,
1998; Finch et al., 2003; Fujita et al., 2004; Mitchell and Ferris, 2005).
Additionally, where phosphate is present in the contaminated environ-
ment at significant concentrations, the sequestration of Sr>* by phos-
phate minerals such as apatite is also likely to be a significant control
on its behaviour (Handley-Sidhu et al., 2011).

Microbial metabolism has the ability to affect the geochemistry
and mineralogy of subsurface sediments, as a result “bioreduction”
systems have been considered for the remediation of groundwaters
containing the redox active radionuclides Tc and U (Lloyd and
Renshaw, 2005). Tc and U have been shown to be immobilised by re-
duction from the more soluble Tc(VII) and U(VI) to poorly soluble
Tc(IV) and U(IV) during Fe(Ill) reducing conditions (Lloyd, 2003;
Law et al.,, 2010, 2011). As radioactive %°Sr is often found as a co-
contaminant in Tc/U contaminated land (Riley and Zachara, 1992;
Hartman et al., 2007; McKenzie and Armstrong-Pope, 2010), under-
standing the behaviour of Sr? " during bioreduction is essential in
predicting and managing the mobility of this problematic contami-
nant in both natural and engineered bioreduction scenarios. During
bioreduction the solution pH will be affected by the reaction products
which include OH™ and HCOs', and metal reduction will affect sedi-
ment mineralogy (Law et al,, 2010; Thorpe et al,, 2012). Reductive
dissolution of bioavailable Fe(Ill)/Mn oxides and formation of new
Fe(1I) mineral phases may result in Sr>* that was sorbed to Fe(Ill)
oxide surfaces being released due to mineral dissolution (Langley et
al., 2009a, b). However, it has been shown that during Fe(IIl) oxide
crystallisation adsorbed contaminant metals (e.g. Pb> ") can become
incorporated into the newly formed phase, therefore, the effect of
Fe(IIl) oxide recrystallisation has the potential to increase or decrease
Sr2* environmental mobility. At the same time, the increase in pH
caused by bioreduction processes may lead to enhanced removal of
Sr2™ through increased sorption to mineral surfaces and carbonate
precipitation/substitution (Roden et al.,, 2002; Mitchell and Ferris,
2005; Chorover et al., 2008). Microbial metabolism can result in the
production of CO%~/HCO; which promotes alkaline pH conditions
and supersaturation with regard to carbonate mineral phases
(SrCO5 or CaCOs) in which Sr?* can be precipitated (Coleman et al.,
1993; Fujita et al., 2004; Mitchell and Ferris, 2005). These processes
can also lead to siderite (Fe(II)CO3) formation during microbial re-
duction of Fe(III), which may result in minor Sr?> * becoming incorpo-
rated into the newly formed mineral phase (Parmar et al., 2000;
Roden et al., 2002).

Here, we consider the effects of microbial metabolism on the biogeo-
chemistry and speciation of Sr? ™ in conditions relevant to radioactively
contaminated sites using stable Sr*>* as an analogue for °°Sr. Specifical-
ly, sub-surface nitrate concentrations are often elevated and have been
reported in excess of 100 mM some nuclear facilities (Riley and Zachara,
1992; Finneran et al., 2002; Fredrickson et al., 2004; Istok et al., 2004;
Senko et al, 2005; McKenzie and Armstrong-Pope, 2010). In this
study, we have examined the behaviour of Sr’* during the

development of bioreducing conditions in sediments representative of
the Sellafield nuclear facility that have been amended with between
0.3 and 100 mM nitrate. We tested the hypothesis that an increase in
OH™ and CO3 ~/HCO3 during nitrate reduction may lead to increased
adsorption of Sr>* to mineral surfaces and, once over-saturation was
reached, the precipitation and or incorporation of Sr? ™ into carbonate
phases at the high Sr/Ca ratio used in this study (1:1.5). Overall, our
aim is to assess whether bioreduction approaches may be relevant to
a range of problematic radionuclides including redox active U and Tc
as well as °°Sr and thus provide a holistic remediation strategy where
co-contamination of these radionuclides occurs.

2. Methods
2.1. Experimental section

2.1.1. Sample collection

Sediments representative of the Quaternary unconsolidated allu-
vial flood-plain deposits that underlie the UK Sellafield reprocessing
site were collected from the Calder Valley, Cumbria, during December
2008 (Law et al., 2010). The sampling area was located ~2 km from
the Sellafield site and sediments were extracted from the shallow
sub-surface (Lat 54°26’30 N, Long 03°28’09 W). Sediments were
transferred directly into sterile containers, sealed, and stored at 4 °C
prior to use.

2.1.2. Bioreduction microcosms

Sediment microcosms (1040.1 g Sellafield sediment, 100 & 1 ml
groundwater) were prepared using a synthetic groundwater repre-
sentative of the Sellafield region (Wilkins et al., 2007) that was ma-
nipulated to produce a range of treatments (Table 1). Aerated
systems were first established at variable pH (4.5, 5.5 and 7) to assess
Sr2 ™ sorption in oxic systems. Following this a range of sealed micro-
cosm systems were prepared. Unbuffered systems with an initial pH
of ~5.5, and representative of the mildly acidic in situ pH at the sam-
ple site, were prepared with 0.3, 10, and 25 mM nitrate amendments.
Bicarbonate buffered systems with an initial pH of ~7 were prepared
with 0.3, 10, 25, and 100 mM nitrate amendments. Sodium acetate
was added as an electron donor in excess of available electron accep-
tors (10 mM for 0.3-10 mM nitrate treatments, 20 mM for 25 mM ni-
trate treatments and 70 mM for 100 mM nitrate treatments) and a
deoxygenated NaNOs solution was used for NO3~ amendment. Finally,
Sr2 (as stable SrCl,) was added to each microcosm to achieve 1.15 mM
(100 ppm). Both the Sr concentration and the solid-solution ratio were
chosen to allow full geochemical and spectroscopic characterisation and
therefore are very much higher than values of °°Sr encountered at even
the most contaminated sites (Riley and Zachara, 1992; McKenzie and
Armstrong-Pope, 2010). It should be noted that °°Sr has a relatively

Table 1
Initial geochemical composition of microcosm systems.
System Initial Nitrate Acetate Tonic
pH (mM) (mM) strength
Bicarbonate unamended 5.5 0.3 10 0.024
0.3 mM nitrate
Bicarbonate unamended 55 10 10 0.034
10 mM nitrate
Bicarbonate unamended 5.5 25 20 0.059
25 mM nitrate
Bicarbonate amended 7 03 10 0.027
0.3 mM nitrate
Bicarbonate amended 7 10 10 0.037
10 mM nitrate
Bicarbonate amended 7 25 20 0.062
25 mM nitrate
Bicarbonate amended 7 100 70 0.190

100 mM nitrate
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short half-life and thus high specific activity and even for the most
impacted sites where groundwater concentrations of >1000Bq™!
have been reported the molar concentration of °°Sr will be very low
(<107"" mol 17') compared to our experimental concentrations
(Riley and Zachara, 1992; McKinley et al., 2007; Mckenzie and
Armstrong-Pope, 2010). Triplicate microcosms were then sealed with
buytl rubber stoppers and incubated anaerobically at 20 °C in the dark
for 110-250 days. At appropriate time points, sediment slurry was
extracted under an O, free Ar atmosphere using aseptic technique and
centrifuged (15,000 g; 10 min) to provide wet sediment pellets and
porewater samples for analysis of bioreduction products and strontium.

2.1.3. Geochemical analyses and imaging

During microcosm sampling, total dissolved Fe, Mn(II), and NO3
concentrations were measured with standard UV-vis spectroscopy
methods on a Jenway 6715 UV-vis spectrophotometer (Goto et al.,
1977; Viollier et al., 2000; Harris and Mortimer, 2002). Aqueous
NO3, SO3 ~, HCO3/CO3 ~ and acetate were measured by ion chroma-
tography (Dionex 4000i liquid chromatography). Aqueous Sr?* and
Ca%* were measured by ICP-AES (Perkin-Elmer Optima 5300). Total
bioavailable Fe(III) and the proportion of extractable Fe(II) in the sed-
iment was estimated by digestion of ~0.1 g of sediment in 5 ml of
0.5N HCl for 60 min followed by the ferrozine assay (Stookey,
1970; Lovley and Phillips, 1986). The pH and Eh were measured
with a pH/Eh metre (Denver Instruments, UB10) and probes calibrated
to pH 4, 7 and 10. Standards were routinely used to check the reliability
of all methods and calibration regressions typically had R?>0.99. The
elemental composition and bulk mineralogy of the sediment were de-
termined by X-ray fluorescence (Thermo ARL 9400 XRF) and X-ray dif-
fraction (Philips PW 1050 XRD). Selected end point samples were
imaged using Environmental Scanning Electron Microscope (ESEM) in
combination with Backscattering Electron Detection (BSE) and Energy
Dispersive X-ray Analysis (EDAX) (Philips XL30 ESEM-FG).

2.1.4. X-ray absorption spectroscopy

Selected samples from the bicarbonate buffered pH 7 systems with
10, 25 and 100 mM nitrate amendments were chosen to examine Sr?
speciation in: (1) oxic sterile control pH 7 sediment; (2) Fe(IIl)/SO% ~
reducing end point pH 7.2 sediments, (3) Fe(Ill)/SOz~ reducing end
point pH 8.1 sediments; and (4) Fe(Ill) reducing end point pH 9.3 sed-
iments. Typical concentrations of Sr?™ in these samples were in the
range 600-1000 ppm. Standards: (1) SrCl, (aq), 3000 ppm (Fisher Scien-
tific), (2) SrCO; (s) (Fisher Scientific) and (3) natural Sr? ™ substituted
aragonite from crushed aragonite mineral sample (Sr>* concentra-
tion~1000 ppm), were prepared and diluted with boron nitride
where necessary. Samples were transferred to XAS cells under anaero-
bic conditions, cooled to — 80 K with a liquid nitrogen cryostat (see
Nikitenko et al,, 2008), and Sr K-edge XAS spectra were collected on
beamline BM26A at the European Synchrotron Radiation Facility
(ESRF). For sediment samples, Sr K-edge spectra (16115.26 keV) were
collected in fluorescence mode using a 9 element solid state Ge detec-
tor. Multiple scans were averaged in Athena version 0.8.061 (Ravel
and Newville, 2005) and normalised XANES data plotted. Background
subtraction for EXAFS analysis was performed using PySpline v1.1
(Tenderholt et al,, 2007). EXAFS data were fitted using DLexcurv v1.0
(Tomic et al., 2005) using full curve wave theory (Gurman et al,
1984) by defining a theoretical model which was informed by the rele-
vant literature (e.g. O'Day et al., 2000; Finch et al., 2003) and comparing
the model to the experimental data. Shells of backscatterers were added
around the Sr? ™" and by refining an energy correction Ef (the Fermi
Energy; which for final fits typically varied between —3.8 and
—2.6), the absorber-scatterer distance, and the Debye-Waller factor
for each shell. Model iterations were performed until a least squares
residual was minimised. Shells were only included in the model fit if
the overall least square residual (the R-factor; Binsted et al., 1992)
was improved by >5%.

3. Results and discussion
3.1. Sediment characteristics

Sediment composition was measured by X-ray fluorescence and
was found to comprise Si (31.57%), Al (7.63%), Fe (3.64%), K (2.79%),
Na (0.99%), C (0.96%), Mn (0.87%), Ti (0.45%), Ca (0.23%) and P, S and
Cl (<0.1%). We note that XRF analyses show that phosphate is present
in our systems at very low concentrations (<0.008%) and is not likely
to be a significant control on Sr?> behaviour in this system.

Trace metal analysis showed natural Sr> " to be present in sedi-
ments at 62.8+0.2 ppm and natural aqueous Sr’* was <1 ppm.
Strontium was added to groundwater media in significant excess to
the natural background at 100 ppm (1.15 mM Sr? ™) and Ca® ™ was
present at 67 ppm (1.67 mM) thus a Sr/Ca ratio of ~1:1.5 was present
in the synthetic groundwater media. The concentration of 0.5 N HCl
extractable Fe(Ill) in the sediment was 5.6 + 0.5 mmol kg~ ! prior to
incubation and the sediment pH was ~5.5.

3.2. Sorption to oxic sediment

In sterile control microcosms, increased Sr?>* sorption was ob-
served in microcosms with a high pH and a low ionic strength. For ex-
ample, for a constant ionic strength system (I=0.027 mol dm™~3) run
at pH 4.5, 5.5 and 7, the Sr*> ™ removal from solution was 35.6 + 1.9%,
47.445.3% and 63.2 + 2.1% respectively (equating to Kq4 values of 5.5,
9.0 and 17.1 ml g~ !). Differences in strontium behaviour in the ster-
ile microcosms were attributed to pH dependent differences in sorp-
tion to mineral surfaces present in the sediment. Sorption to both
clays and Fe(Ill)-oxyhydroxide surfaces is possible although clay
minerals is likely to predominate in unbuffered microcosms in which
the pH of 4.5-5.5 is above the PZC for many clay minerals (Coppin et
al., 2002; Zhuang and Yu, 2002; Alvarez-Silva et al., 2010) whilst Fe-
oxyhydroxides become more significant as pH approaches their PZC at
pH ~7 (Dyer et al., 2000; Hofmann et al., 2005). Additionally, in control
experiments at pH 7 and with increasing ionic strength (0.027, 0.037,
0.062 and 0.190 mol dm™3) resulting from sodium nitrate and sodium
acetate additions, Sr? ™" sorption was 68, 65, 55 and 28% respectively
(equating to Ky values of 21.2, 18.5, 12.2 and 3.8 ml/g), presumably
reflecting increased competition for Sr>* sorption sites at higher ionic
strengths due to cation exchange processes (Hull and Schafer, 2008).

3.3. Biogeochemistry in sediment microcosms

The unbuffered (initial pH 5.5; nitrate range 0.3-25 mM) and bi-
carbonate buffered (initial pH 7.0; nitrate range 0.3-100 mM) experi-
ments all underwent progressive anoxia and electron acceptors were
utilised in the order NO3” >NO, > Mn/Fe(Ill) >S0% ~ (Figs. 1 and 2).
Microbially mediated nitrate reduction caused a decrease in pore-
water nitrate and transient accumulation of nitrite in all systems.
The onset of Fe(Ill) reduction was indicated by an increase in sediment
extractable Fe(Il) and this was then followed by a decrease in porewater
SO7 ™ indicating sulfate reduction. No geochemical changes were ob-
served in sterile control microcosms. In unbuffered systems (initial pH
5.5), as expected, microbial activity was inhibited at low pH and termi-
nal electron accepting processes proceeded more slowly than in the
parallel bicarbonate buffered microcosms (initial pH 7.0) (Figs. 1 and
2) (e.g.Law et al,, 2010; Thorpe et al., 2012). However, in the unbuffered
systems, nitrate reduction led to the release of OH™ and HCO3", amend-
ing the pH such that a pH increase from 5.5 to 6.8, 7.5 and 8.3 occurred
during the reduction of 0.3, 10 and 25 mM nitrate respectively (Fig. 1;
Table 2; Thorpe et al., 2012). Metal reduction commenced once nitrate
reduction had occurred and mid-point 0.5 N HCI extractable Fe(III) re-
duction was observed at approximately 25, 35 and 45 days for systems
with 0.3, 10 and 25 mM nitrate (Fig. 1). Nitrate reduction and the asso-
ciated pH increase in all microcosms coincided with removal of Sr?*
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Fig. 1. Unbuffered, microcosm incubation time-series data (days 0 —160). (A) pH (B)

NO3, (C) 0.5 N HCl % extractable sedimentary Fe as Fe(ll), (D) SO%

, (E) porewater Sr and

(F) porewater Ca. ® =0.3 mM nitrate system; A= 10 mM nitrate system; B =25 mM nitrate system. Initial pH in all microcosms was ~5.5. Error bars represent 10 experimental
uncertainty from triplicate microcosm experiments (where not visible error bars are within symbol size).

and Ca®™ from solution (Fig. 1). Interestingly, as bioreduction pro-
gressed through Fe(Ill) and SOz ~ reduction in these dynamic systems,
a small amount of both Sr? * and Ca2 ™ (<10% of that sorbed after nitrate
reduction) was remobilised to solution. This re-release coincided with a
slight decrease in pH (<0.5 pH units) presumably due to re-
equilibration of the microcosm system following nitrate reduction.
The re-release of sorbed Sr>* and Ca? ™ may be due solely to pH depen-
dent sorption/desorption to mineral surfaces or in some systems (for
example above pH 7) there may be release of Sr>* and Ca®* sorbed
to Fe(IlI)-oxyhydroxides as reductive dissolution of the Fe(III) phases
occurred (Small et al., 1999; Roden et al.,, 2002; Langley et al., 200943, b).

In bicarbonate buffered systems with an initial pH of 7, the final
pH following the reduction of 0.3, 10, 25 and 100 mM nitrate was
7.5, 8.0, 8.5 and 9.4 (Fig. 2: Table 2). Terminal electron accepting pro-
cesses proceeded faster than in unbuffered microcosms with mid-
point 0.5 N HCl extractable Fe(Ill) reduction occurring at <20 days
for 0.3 and 10 mM nitrate systems and around 40 and 160 days for
systems with 25 and 100 mM nitrate (Fig. 2). As with the unbuffered
systems, Sr>* and Ca? " were removed from solution during nitrate
reduction with increasing pH and a small amount (<10% of that
sorbed after nitrate reduction) of Sr’* and Ca?* was re-released
into solution in all systems apart from the bicarbonate buffered,
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Fig. 2. Buffered, microcosm incubation time-series data (days 0-160/260). (A) pH, (B) NOs, (C) 0.5 N HCl % extractable sedimentary Fe as Fe(Il), (D) SO —, (E) porewater Sr and
(F) porewater Ca. @ = bicarbonate buffered 0.3 mM nitrate system; A = bicarbonate buffered 10 mM nitrate system; B = bicarbonate buffered 25 mM nitrate system; ¢ = bicarbon-
ate buffered100 mM nitrate system. Initial pH in all microcosms was ~7. Error bars represent 10 experimental uncertainty from triplicate microcosm experiments (where not vis-

ible error bars are within symbol size).
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Table 2
Percentage strontium sorbed to sediments during nitrate and metal reduction compared to an oxic control.
System Sterile oxic 90% nitrate reduction 90% Fe(II1)/SO4 reduction End point
% Sr* on sediment? pH % Sr2* on sediment pH % Sr on sediment pH Net decrease (—) or increase
(+) of Sr** on sediments
Bicarbonate unamended 0.3 mM nitrate 47.0 55 54422 6.6 50423 6.7 +~2%
Bicarbonate unamended 10 mM nitrate 473 55 75+1.8 8.0 55+3.6 7.5 +-~9%
Bicarbonate unamended 25 mM nitrate 45.5 55 82421 8.2 6040.5 7.8 +-~18%
Bicarbonate amended 0.3 mM nitrate 67.9 7.0 63+1.4 7.0 50+1.8 7.0 —~16%
Bicarbonate amended 10 mM nitrate 64.2 7.0 78+0.7 8.0 57+0.3 7.5 —~6%
Bicarbonate unamended 25 mM nitrate 54.8 7.0 84404 8.5 62+0.7 8.1 +~7%
Bicarbonate unamended 100 mM nitrate 32.6 7.0 93+14 93 94408 9.3 +~61%

2 Differences in Sr?* sorption to sterile controls occur due to varying pH and ionic strength due to the addition of NaHCOs, Na-acetate and NaNOs,

100 mM nitrate system (Fig. 2). Here, the final pH was 9.3 and interest-
ingly, Sr? " remained associated with the sediment throughout Fe(III)
and sulfate reduction. In this high nitrate loaded system, the utilisation
of 70 mM acetate resulted in the accumulation of 207 4.9 mM of dis-
solved inorganic carbon and amended the pH to alkaline conditions.

For comparison with other studies it is useful to examine distribu-
tion coefficients for Sr** (Kq= (solid in g g~ '/aqueous in gml™1)).
Distribution coefficients are only relevant to the specific geochemical
conditions of each system of study and give an indication of the ex-
tent of Sr? ™ partitioning onto the solid phase in different systems.
Here K4 values ranged from <10mlg~! in systems with a high
ionic strength (0.190 mol dm™3) or a low pH (5.5) and increased to
>50ml g~ with increasing pH. The distribution coefficient in sys-
tems with a final pH>9 was calculated to be 133 ml g~ . These K4
values compare well with literature values where surface sediment
Kq values are typically between 10 and 200mlg~"' (Deldebbio,
1991; Liszewski et al., 1998; Fernandez et al., 2006) and deeper
more quartz rich sediments have Kq values of <10 ml g~ ! (Stephens
et al.,, 1998; Dewiere et al., 2004).

Modelling of the solution chemistry in bioreduced systems
(PHREEQC-2: LLNL database) suggested that for all unbuffered biore-
duced system end-points, Fe(Il)CO3 and SrCO3 were oversaturated in
all the different nitrate amendments whilst the CaCO5; phases were
undersaturated in the bioreduced 0.3 mM nitrate amended systems
and oversaturated in all other treatments (Table 3). As expected for
these carbonate phases, the degree of oversaturation increased as al-
kalinity increased. In the bicarbonate amended bioreduced system
end points, all nitrate amendments showed oversaturation of Fe(Il)
CO3, CaCOs3, and SrCOs and with increasing oversaturation with in-
creasing alkalinity (Table 3). Clearly, although unable to resolve the
detail of the dynamic bioreduction experiments, these modelling
data suggest an increased tendency to oversaturation of carbonate
mineral phases with increased nitrate reduction and microbially pro-
duced alkalinity.

ESEM (Environmental Scanning Electron Microcoscopy) was used
to assess the distribution of Sr? " in end point pH 7 (bicarbonate buff-
ered 10 mM nitrate) and pH 9.3 (bicarbonate buffered 100 mM ni-
trate) sediments (Fig. 3). In backscattering mode image brightness
is related to the average atomic mass present (Z contrast). In the pH
9.3 system, secondary electron and backscatter images in combina-
tion with EDAX analysis show a number localised bright spots of
~20 um diameter enriched in Sr?* (Fig. 3) whilst there were no ob-
served localised bright spots in the pH 7 system. Semi-quantitive
analysis of EDAX spectra of the localised bright spots showed a signifi-
cant concentration of Ca?* and Sr?>* in agreement with predicted
SrCO3 and CaCOs oversaturation.

In order to further understand Sr?* speciation during bioreduc-
tion in these complex systems, samples from an oxic pH 7 control
with Sr2* sorption, and selected bicarbonate buffered, nitrate
amended (0.3, 25 and 100 mM) bioreduced end points with a final
pH of 7.2, 8.1 and 9.3 were analysed using X-ray absorption spectros-
copy. XANES spectra for all samples show a single peak indicative of 9

fold coordination and there was no evidence for 6 fold coordination
(as in the calcite standard which has a clear doublet). Thus our experi-
ments show no evidence for Sr?* substituted calcite formation (Fig. 4;
Parkman et al., 1998). XANES spectra for the oxic, bioreduced pH 7.2,
and bioreduced pH 8.1 samples all comprised a single peak and compared
well with a SrCl, aqueous standard, implying that in these sediments,
after bioreduction, Sr>™ was present primarily as adsorbed Sr?™
(Fig. 4). By contrast, the XANES spectra for the pH 9.3 bioreduced sam-
ple showed some evidence for peak flattening and thus some similarity
to the model Sr-carbonate phases (e.g. strontianite and Sr-substituted
aragonite) (Fig. 4). Modelling of the EXAFS spectra for the oxic, biore-
duced pH 7.2 and bioreduced pH 8.1 samples showed an approximate
9-fold coordination environment at 2.60 A, indicative of outer sphere
Sr?™ adsorption to mineral surfaces (Parkman et al., 1998; Chen and
Hayes, 1999; Carroll et al., 2008; Fig. 5; Table 4). EXAFS for the pH 9.3
bioreduced sample could also be modelled with 9 fold “outer sphere”
co-ordination. However, EXAFS model fits for this system were signifi-
cantly improved by addition of shells of carbon and strontium backscat-
ters at 3.03, 4.18 and 4.87 A (Table 4; Fig. 5) respectively. This clearly
indicates a contribution from an additional Sr>* species in this spec-
trum with bond distances indicative of SrCO5; (Parkman et al., 1998;

Table 3
Saturation index for key carbonate minerals in microcosm systems. Modelled using
PHREEQC-2 (Lawrence Livermore National Laboratory database— linl.dat).

Saturation index (PHREEQC-2)*

st Final Siderite Calcite Aragonite Strontianite
(ppm) pH

Oxic sediment 100 55 —116 —352 —3.67 —2.87

Bioreduced 100
sediments

Unbuffered 100 67 197 —0.17 —032 0.47
0.3 mM nitrate

Unbuffered 100 75 276 0.70 0.55 135
10 mM nitrate

Unbuffered 100 78 3.07 1.18 1.03 1.83
25 mM nitrate

Bicarbonate buffered 100 7.0 231 0.22 0.08 0.86
0.3 mM nitrate

Bicarbonate buffered 100 7.2 249 042 0.28 1.07
10 mM nitrate

Bicarbonate buffered 100 8.1 3.28 1.48 1.33 2.14
25 mM nitrate

Bicarbonate buffered 100 9.3 3.25 2.36 221 3.65
100 mM nitrate

Bicarbonate buffered 10 9.3 3.25 2.36 221 225
100 mM nitrate

Bicarbonate buffered 1 9.3 3.25 2.36 221 1.15
100 mM nitrate

Bicarbonate buffered 0.1 9.3 3.25 2.36 221 0.25
100 mM nitrate

Bicarbonate buffered 0.01 93  3.25 2.36 221 -0.75

100 mM nitrate

2 Temperature 21 °C, concentration of ions in solution from Table 1, pH as measured.
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Fig. 3. ESEM images of the Fe(IIl) reducing bicarbonate buffered 100 mM nitrate sample at final pH 9 containing Sr- and Ca-rich crystalline structures and corresponding EDAX spec-
tra. Images show: (A) ESEM backscatted detection mode image of sediment indicating heavier elements (Sr) as bright patches in the field of view 300 um; (B) Secondary electron
image showing the structure of Sr/Ca rich area at a field of view 3 pm; (C) the energy dispersive electron analysis (EDAX) spectra for the entire sample; and (D) a spot EDAX analysis

on the Sr/Ca rich structure.

O'Day et al,, 2000). Further analysis showed that a model EXAFS fit was
possible with additional shells of 2.6 carbon atoms at 3.03 A, 2.8 stron-
tium atoms at 4.18 A and 2.5 strontium atoms at 4.87 A; these values

Sr K edge
— 77—
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ﬁ i Bioreduced pH 7.2
=
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E r Bioreduced pH 9.3
g - Strontianite (SrCO,)
EL
ZO L Sr substituted aragonite (CaCO,)
Sr substituted calcite (CaCO,)
3 1 L 1 L 1 " 1 )
16100 16120 16140 16160
Energy (eV)

Fig. 4. Normalised Sr K-edge XANES spectra for selected standards and microcosm sys-
tems. From top to bottom: SrCl, aqueous standard, oxic sediment sample, bioreduced
pH 7.2 sample, bioreduced pH 8.1 sample, bioreduced pH 9.3 sample, Sr substituted
aragonite standard and strontianite standard.

are approximately 50% of what is expected for pure SrCOs, which is con-
sistent with a model where approximately half of Sr>* is present in a
SrCOs; like environment (Table 4; Fig. 5). Indeed, this model, which is
geochemically sensible, resulted in a better fit to the spectrum and a
27% reduction in the least square residual when compared to the data
modelled as 100% adsorbed Sr? ™ suggesting that both adsorption and
incorporation occurred in this system (Table 4).

In natural and engineered environments concentrations of Sr* ™
and °°Sr are generally much lower than in these experiments (eg
0.1 ppm natural Sellafield groundwater) (Wilson, 1996). Under
Sellafield conditions, model simulations predicted that bioreduced
system even at pH 9 would be undersaturated with regard to SrCO3;
below ~0.1 ppm strontium (Table 3); nonetheless, at a pH>7,
systems would remain supersaturated with respect to CaCOs. It is
therefore feasible that substitution of Sr> ™ into CaCO5 rather than
precipitation as SrCO3 will be important in controlling the mobility
of both natural Sr?* and artificial °°Sr in such systems. Indeed, it is
well documented that Sr? ™ can substitute for Ca?* within the calci-
um carbonate lattice (Pingitore et al., 1992; Tesoriero and Pankow,
1996; Greegor et al., 1997; Warren et al., 2001; Finch et al., 2003).
Recent studies, focused on bacterial urolysis, have found that Sr?*
incorporation into the CaCOs lattice was enhanced by the rapid pre-
cipitation rates resulting from HCO3 production and the pH rise asso-
ciated with microbial respiration (Fujita et al., 2004; Mitchell and
Ferris, 2005). Both a pH rise and dissolved organic carbon production
were observed during bioreduction by indigenous microorganisms
in this study suggesting that nitrate reduction might also result in
enhanced Sr?* uptake into calcite compared to those observed
under slower precipitation rates.
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3.4. Summary and environmental relevance

Overall, our experiments showed that there is increased Sr2™ re-
moval from solution during bioreduction in nitrate impacted sedi-
ments compared to sterile control systems. In systems with an
initially low pH (5.5), removal of Sr? ™ from solution after bioreduc-
tion was particularly enhanced, presumably due to the increased
sorption onto deprotonated mineral surfaces as the pH increased
above 6. After nitrate reduction, system re-equilibration and an asso-
ciated decrease (<0.5 pH units) in pH resulted in modest (<10%) re-
release of Sr’* into solution highlighting the vulnerability of
adsorbed Sr?* to re-release due to changing geochemical conditions.

Table 4
Parameters obtained from EXAFS data fitting of Sr K-edge spectra from Sr?* associated
with sediment at various sediment conditions.

Sample Shellno Bond CN. R(A) 20%(A%) R-factor
SrCl, 1 Sr-0 8.75 260 0.029 23.0
Oxic sample pH 7 1 Sr-0 883 261 0.019 22.1
Bioreduced pH 7.2 1 Sr-0 8.68 2.60 0.020 18.0
Bioreduced pH 8.1 1 Sr-0 889 261 0.021 19.6
Bioreduced pH 9.3 (1) 1 Sr-0 8.03 260 0.024 279
Bioreduced pH 9.3 (2) 1 Sr-0 8.19 261 0.021 20.2

2 Sr-C 268 3.03 0.015

3 Sr-Sr 278 418 0.029

4 Sr—Sr 247 488 0.024
Strontianite 1 Sr-0  9? 2.64 0.027 20.3

2 Sr-C 6% 3.04 0.032

3 Sr-Sr 6% 422 0.029

4 Sr-Sr 4? 497 0.033
Sr substituted aragonite 1 Sr-0 97 259 0.015 29.1

2 Sr-C 6% 298 0.031

3 Sr-Ca 6% 4.02 0.020

4 Sr-Ca 4% 4.87 0.013

N is the occupancy (£~25%), R(A) (is the interatomic distance (£~0.02 A), 20 is the
Debye-Waller factor (A%) and R (least squares residual) is a measure of the overall
goodness of fit.

2 Fixed.

In extreme environments with very high (100 mM) nitrate concen-
trations, bioreduction led to a final pH of >9 and enhanced removal
of Sr2* from solution occurred throughout the bioreduction cascade.
This study has shown that in very high nitrate systems an increase in
pH and dissolved inorganic carbon associated with microbial reduction
and particularly denitrification can promote the precipitation and incor-
poration of Sr?™ into carbonate phases although the engineering as-
pects of this process are as yet unexplored. Clearly, radio-strontium
incorporation into carbonate phases is desirable in remediation scenarios
as they are redox insensitive phases and are potentially more resistant
to remobilization than sorbed Sr? ™. It is also clear that bioreduction sce-
narios have the potential to impact Sr? ™ mobility in the subsurface and
that understanding the bioreduction behaviour of redox inactive radio-
active contaminants can be of significance in assessing the efficacy of
bioreduction schemes at nuclear facilities. We further suggest that
under constrained conditions, bioreduction may have the potential to
co-treat redox active radionuclides and °°Sr increasing the range of ap-
plications for this clean-up technology across the global nuclear waste
legacy.
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Abstract

Microbial Fe(lll) reduction has the potential tdeadt the mobility of radionuclides
through redox transformations and interactions Wwitdgenic Fe(ll) bearing mineral
phases. Here, Fe(lll) reduction, and subsequeaigptation of Fe(ll) bearing mineral
phases, was investigated in model systems usingrabral consortium enriched from
sediment representative of Sellafield nuclear itgcilln these systems, reduction of
Fe(lll) citrate resulted in the precipitation oflsrite and vivianite at pH 7 and 9. The
mobility of key problematic radionuclides in thessstems was investigated usiigc
and stable 3t as an analogue f87Sr. Technetium-99 was > 85 % removed from
solution in Fe(lll) reducing model systems at pAnd 9. X-ray absorption studies
confirmed reduction from Tc(VII) to Tc(1V) at neatrand alkaline pH. In contrast,*5r
remained in solution at pH 7 but precipitated aS&rduring Fe(lll) reduction at pH >
8.5. Interestingly, SrC§precipitation was not observed in pH 9 oxic systemplying
that Sf* precipitation was stimulated by Fe(ll) reductiofindings highlight the pH
dependent effects of microbial Fe(lll) reductiontba mobility of**Tc and St* and

improve understanding of the behaviour of the protaltic radionuclide®¥Tc and®°Sr.



I ntroduction

Microbial Fe(lll) reduction has the potential tdeat the speciation, and therefore the
mobility, of radionuclides (Lloyd et al., 2002).nderstanding the mechanisms that
control radionuclide mobility is important for tleanagement of the global
contaminated land legacy. Strontium-90 and techime®9 are radionuclide co-
contaminants in groundwaters at many sites incty&ellafield nuclear facility,
Cumbria, UK (McKenzie and Armstrong-Pope, 2010heif differing chemical

behaviour presents a challenge for remediation.

Microbial Fe(lll) reduction has been identifiedasimportant mechanism for the

situ immobilisation of*Tc, that can be reduced from mobile Tc(VIl) to tass mobile
Tc(IV) either enzymatically or by an abiotic reactiwith biogenic Fe(ll) phases
(Fredrickson et al., 1998; Lloyd, 2003; Istok et 2004; Lloyd and Renshaw, 2005;
Begg et al., 2007; McBeth et al., 2007; Law et2010; Icenhower, 2010; McBeth et
al., 2010). Recent work suggests that raisingtheluring Fe(lll) reduction may allow
co-removal of°Sr and®Tc: Tc(VI1) via reduction to Tc(IV) and Siia increased
sorption and incorporation during a microbially urlcéd rise in pH (Ferris and Roden,
2000; Roden et al., 2002; Mitchell and Ferris, 200%orpe et al., in press). In a recent
study, biostimulation by acetate addition in higinate sediments removed®Sfrom
solution following the development of alkaline c@rahs during nitrate reduction and
alkaline Fe(lll) reduction occurred thereafter (fp@et al., in press). Alkaline Fe(lll)
reduction is rare as microbial metabolism is cmagjél at high pH (Krulwich et al.
2001; Detkova & Pusheva, 2006; Stewart et al. 20H)wever, in sediments
representative of Sellafield nuclear facility, Fg(teduction has been shown to occur

over a pH range of pH 5.5 - 9.5 (Law et al., 200tyrpe et al., 2012a).



The reduction of bioavailable, poorly crystalline(Fl) oxyhydroxide phases results in
their dissolution and the release of Fe(ll) thdt aither remain in solution, sorb, or
precipitate as Fe(ll) bearing mineral phases ssahagnetite (F©,), siderite (FeCg)
and vivianite (FgPQOy).. 8H,0O) (Colman et al., 1993; Roden et al., 2002; Istdral.,
2005; de Pablo et al., 2008; Cutting et al., 2Q@gley et al., 2009; McBeth et al.,
2011). Poorly crystalline Fe(lll) oxyhydroxidesan important sink for adsorbed
metal cations including St(Kinniburgh et al., 1975; Ferris et al., 2000; Lkyget al.,
2009) and reductive dissolution of Fe(lll) phases/mesult in their release (Roden et
al., 2002; Langley et al., 2009). Released Bray remain mobile, associate with other
sediment minerals or with newly formed biogeniclFetinerals (Ferris and Roden,
2000; Roden et al., 2002; de Pablo et al., 2008gley et al., 2009). In the presence of
dissolved inorganic carbon and mildly alkaline |8 may become incorporated into
carbonate mineral phases or precipitate as $(Gf@egor et al., 1997; Mitchell and

Ferris, 2005).

In model systems, biogenic siderite, vivianite amagnetite have all been observed to
form as a result of microbial Fe(lll) reduction @m et al., 2002; Islam et al., 2005;
Coker et al.,, 2008; McBeth et al., 2011). Theigdtion of simple organic electron
donors such as acetate during coupled to Fe(lduaon results in the release of
dissolved inorganic carbon Fe(ll) and generatesaliaiky which promotes the
formation of siderite (Coleman et al., 1993; Feamsl Roden, 2000; Roden et al., 2002;
Thorpe et al., 2012b). Where phosphate is preSe(itl)- phosphate phases such as
vivianite form (Islam et al., 2005; McBeth et &Q11; Thorpe et al., 2012b). Magnetite
is observed under some experimental conditiongygidally where insoluble Fe(lll) is
the electron acceptor and under constrained rdtesioction (Islam et al., 2005; Coker
et al., 2008). Siderite, vivianite and magneti@drall been shown capable of reducing

Tc(VIN) to Te(lV) (McBeth et al., 2011). However % behaviour in the presence of
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Fe(ll) bearing mineral phases is less well docueskntModel systems have reported
both release of &f (Langley et al., 2009) and removal of Srom solution concurrent

with Fe(lll) reduction (Ferris and Roden, 2000;rRar et al., 2000; Roden et al., 2002).

Here we use a model enrichment culture from Fe(@idlucing Sellafield type sediments
to investigate the behaviour 81Tc and ST during Fe(lll) reduction and precipitation
of Fe(ll) mineral phases. A microcosm approach ussd to investigate the effect of

the formation of an Fe(ll) mineral consortium at 18 - 7 and 8.5 - 9.0.

Materialsand Methods
Isolation of Fe(l11) reducing enrichment culture

Cultures of Fe(lll) reducing bacteria were isolatenn Sellafield sediment microcosms
that had developed Fe(lll) reducing conditionsdife et al., 2012b). Sediment slurry
was transferred from Sellafield sediment microcosm40 % inoculate serum bottles
containing Fe(lll) citrate growth media bufferedgbl 7 (Lovley et al. 1991) and in
systems with the pH buffered to pH 9 with additioh 10M NaOH. Media was
prepared with yeast extract (2 §)Las the electron donor (Whittleston et al., 2011).
Sub aliquots of the enrichment cultures were temefl to fresh media every 4 - 6
weeks and with a total of 6 consecutive subcultuce®nrich the Fe(lll) reducing
microbial population prior to use in the experinsedescribed here. All fresh media
was sparged with MCO, (80:20) gas mix prior to inoculation and sealedhwautyl
rubber stoppers. Cultures were incubated undeerabic conditions in the dark at
20°C. All sampling and inoculations were performedeman Ar atmosphere and using

aseptic technique.



Microbial community analysis

The microbial community from samples derived fromFe(lll) reducing enrichment
culture at pH 7.5 was analysed to identify the Beféducing bacteria presemuita 16S
gene analysis as described in (Thorpe et al., 901Z4is culture was then used to
inoculate further systems at pH 7 and pH 9 to exgplbe effects of neutral and alkaline
Fe(lll) reduction on the precipitation of Fe(Il) meiral phases and the mobility B¢

and Sf*.

Microcosm preparation

To investigate the effects of microbial Fe(lll) vetion and precipitation of biogenic
Fe(ll) phases on the mobility of key radionuclid®é" was added to microcosms as
stable St and Tc as radioactivé’Tc. Stable S was added to serum bottles as
SrCh.6H,O at concentrations of 100 ppm (1.15 mM) as usethiorpe et al. (in press)
and comparable mineralogical studies (Ferris andeRp2000; Parmar et al. 2000;
Roden et al., 2002; Langley et al., 2009). This isxcess of the 0.1 ppm (0.00115 mM)
of natural groundwater Sireported in the Sellafield region by Wilson, 1998Tc was
spiked from a standard solution of 0.8 MBq nhmmonium pertechnetate stock
solution (CERCA LEA, Lyon, France) to a final contmtion of 100 Bq mt in each
10 ml microcosm. Mineral microcosms were establisvith a 30 mM solution of
Fe(lll) citrate. These systems were’Cliee as precipitation of Ca-carbonate can result
in the sequestration of Zrand the model systems aimed to investigate om\effects

of biogenic Fe(ll) minerals on Sr(Fujita et al., 2004; Mitchell and Ferris, 2005).
Microcosms were established in triplicate at bdthQand 7 with oxic, abiotic controls

for each system.

Geochemical analysis



During microcosm sampling, Fe(Il) concentrationsev@measured with standard UV-
Vis spectroscopy approaches a Jenway 6715 UV-\éstegphotometer (Viollier et al.,
2000). Aqueous HC£COs* and were measured by ion chromatography (Dion&x IC
90). Total bioavailable Fe(lll) and in bioreducdtems the proportion of Fe(ll) was
estimated by digestion of 0.1 ml of slurry in 5@hl0.5 N HCI for 60 minutes followed
by the ferrozine assay (Lovely and Philips, 1988)e pH was measured with a pH
meter and calibrated electrodes (Denver Instrumé&r240) and probes calibrated to
pH 4, 7 and 10. AqueodsTc was analysed using liquid scintillation countiackard
Tri-carb 2100 TR liquid scintillation counter. Agpus ST* was measured by ICP-AES.
Sequential extractions were performed on the mimecalucts of Fe-citrate reduction
using extractions adapted from Poulton and Can{@0®5) and Tessier et al., (1979).
Extractions comprised a) 1M Mg bH 7 for two hours to assess ‘exchangeable metal
cations’, b) 1 M Na-acetate, pH 4.5 for twenty ftwours to assess ‘carbonate
associated’ phases, c) sodium dithionate extragtibd.8 for 2 hours to assess

‘reducible’ phases.

Mineral characterisation

Throughout, X-ray diffraction was used to identiiyy minerals in the experiments.
Environmental scanning electron microscopy (ESEMh8econdary Electron
detection (SE) was used to image mineral produasEmergy Dispersive X-ray

spectroscopy (EDX) was used to assess the elenwemgdosition of samples.

X-ray absorption spectroscopy

X-ray absorption spectroscopy was used to deterthimepeciation of’Tc in reduced
samples containing biogenic siderite amended vBthkBq®*Tc to achieve ~ 100 ppm

on solids. XANES data was collected on B18 at theNDOND synchrotron, UK, at



ambient temperature, in fluorescence mode and asthglement germanium solid state

detector. Background subtraction was conductethena.

Results and discussion

Fe(I11) reduction and mineralogy in model systems

An Fe(ll)-citrate reducing culture derived fromdgment with circumneutral pH,
representative of Sellafield nuclear facility amdeanded with yeast extract comprised
greater than 98 % abundance of close relatives¥>®atch) ofClostridia (Table 1).
Members of the ordeClostridiales have been shown to reduce Fe(lll) in freshwater and
marine environments at over a wide range of pHeeilly dissimilatory Fe(lll)

reduction (Dobbin et al., 1999) or by using Fe(d$) a minor electron acceptor during

fermentation (Lovley and Philips, 1988; Stewardlet2010; Lehours et al., 2010).

Closest Match Accession % Class % Clone
No. Match Library

Uncultured bacterium; E50 FJ205825 95.1 Clostridig 22.6
Uncultured bacterium; HAW-R60-B-745d-U FN436078 198. | Clostridia 12.9
Clostridium metallolevans; ASI1 DQ133569 99.4 Qliosa 32.3
Sporomusa sphaeroides (T); DSM 2875 AJ279801 99.F7 losti@lia 4.8
Tissierella sp. S2 EF202592 98.1 Clostridia 9.7
Uncultured bacterium; clone-30 AB375707 95.1 Unsifeed | 1.6
Clostridium aerotolerans; DSM 5434 X76163 99.6 SBidia 3.2
Sporomusa sphaeroides (T); DSM 2875 AJ279801 100 ost@lia 8.1
Clostridium sp. PPf35E8 AY548784 98.8 Clostridia| 6 1.
Clostridium sp. ArC6 AF443595 96.8 Clostridia 1.6
Clostridium sp. F122 AB277212 99.1 Clostridia 1.6

Table 1. Full 16S Clone Library: Fe(lll) reducing enrichmenitture.

In this system, the Fe(lll)-reducing enrichmentiard reduced essentially all of the

Fe(lll) in the Fe(lll)-citrate medium to Fe(ll) viiin 60 days at both pH 7 and pH 9 and

analysis of the end point precipitates by XRD rés@dhe formation of siderite and

vivianite at pH 7 and pH 9 (Figure 1).
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Figure 1. XRD of reduced mineral phases with and withodt &ddition showing siderite and vivianite

to be the only phases detectable above the baakgrou

Further examination of the morphology and chengcahposition of the mineral phases
using ESEM coupled to EDX analysis was performedie pH 7 system and pH 9
(Figures 2 - 5). Vivianite, part of the monoclimig/stal system, formed as large
prismatic, or in some cases diamond shaped, csystin radiating from a central point
(Figures 2, 3 and 4). Siderite, part of the cuystal system, formed smaller crystal
aggregates with a spherical morphology made upafler cubic crystals (Figure 2, 3
and 5). An image of early Fe(lll) reduction inld p system shows X-ray structure less

Fe(lll) with 2-3 um rod shaped areas that couldesent microbial cells (Figure 6).
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Figure 2. Siderite (spherical crystal aggregates) and witéa(large prisms radiating from a central point)

in the bioreduced system at pH 7.
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Figure 3. Siderite (spherical crystal aggregates) and mitéa(diamond shaped and prismatic) in the

bioreduced system at pH 9.
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Figure 4. Prismatic vivianite crystals (image taken from apklystem)
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Figure5. An ggregate of cubic siderite crystals (image takemfa pH 9 system
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Figure 6. Amorphous Fe(lll) during early Fe(lll) reductiohaving putative microbial cells.

As expected, in sterile microcosms Fe(lll) citregmained in solution at pH 7.
However, when sterile media was adjusted to pHhX-aay amorphous Fe(lll) phase
precipitated out. In microbially active pH 7 syst& during the bioreduction process
Fe(lll) transiently precipitated as an X-ray amarpk phase (t = 2) prior to its complete
reduction to siderite and vivianite. This presuiyiazcurred due to the microbial
breakdown of the Fe(lll) citrate complex (Frandigle, 1993). At pH 7, bioreduction
was essentially complete (> 90 %) within 25 daysibation at 20C however in the pH
9 systems, Fe(lll) reduction was slower with >%90eduction occurring after 50 days
as a result of the extreme pH challenging microt@apiration (Stewart et al., 2010;
Thorpe et al., 2012b). The pH in microbially aetsystems with an initial pH of 9
reduced by ~ 0.5 pH units during Fe(lll) reductiorpH ~ 8.5 and this was attributed to

the increase in C{expected from respiration and in solution andpifeeipitation of
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carbonate mineral phases removing @rd HCQ from solution (Equation 1;

Coleman et al., 1993).
Equation 1: F& + HCO;y + OH — FeCQ + H,0

Dissolved inorganic carbon increased in microbiallyive microcosms presumably due
to microbial breakdown of yeast extract and reledseO; (data not shown)The exact
ratio of siderite to vivianite in these systemsangertain however the ratio of Fe to PO
ratio in the starting media does not allow for mibr@n 20 % of Fe to be present as
vivianite. The remaining 80 % must therefore bespnt as siderite, sorbed Fe(ll) or
Fe(ll)aqg. Sequential extractions performed on poitt reduced mineral systems at pH
7 indicated that 30 - 40 % of Fe(ll) was aqueou$le& 5 % of Fe was ‘sorbed’, 50-60
% was ‘carbonate associated’ and < 10 % was ‘réteidiFigure 7). By contrast, at pH
9 end point reduction, sequential extraction indidahat less than 1 % of Fe was
aqueous Fe or ‘sorbed’, ~ 80 % was ‘carbonate &gsdtand ~ 20 % was ‘reducible’

(Figure 7).

OxicpH 7.0

Oxic pH 9.0

Reduced pH 8.5 [ = —

Reduced pH 7.0 b ot | [

1
0 20 40 60 80 100
% of extracted Fe

Reducible Fe oxides
Carbonate associated Fe
Sorbed Fe

Fe in solution

Figure 7. Sequential extraction of oxic and reduced Fe(ittate systems at pH 7 and 9 showing blue =
% Fe in solution, white striped = % Fe associatétl the ‘sorbed Fe’ extraction, yellow = % Fe
associated with the ‘carbonate associated’ extmaend grey cross hatched = % Fe associated véth th

‘reducible Fe oxides’ extraction. Error bars are tasult of triplicate analysis.
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Sequential extractions are operationally definedithe reagents are not selective for
siderite and vivianite (Keith-Roach et al., 2003dd et al., 2000) and so results must
be interpreted carefully. Studies of sequentiflastion procedures have shown that
vivianite is removed partially during the pH 4.%1Na-acetate ‘carbonate associate’
extraction and partially during the ammonium oxalaéducible’ extraction (Dodd et
al., 2000). In these systems ferrozine assaysyimgdrly all Fe(lll) was reduced to
Fe(ll) in both systems and therefore it is likétgt the majority of the ‘reducible’

fraction represents vivianite.

Sr?* behaviour during Fe(l11) reduction

Microbially active microcosms were establishedrieesstigate S¥ behaviour during
progressive Fe(lll) reduction at an initial pH o&id 9. Prior to inoculation 1.15 mM
Sr** was added to each microcosm. After 50 days irteuba 85 % of Fe was reduced
to Fe(ll) at pH 7 and pH 9. However, < 20 % of'Svas removed from solution at pH
7 compared to > 95 % at pH 9 (final pH ~ 8.5) (FFegBa and b). At pH 7, up to 50 %
of SF* was temporarily removed from solution between d@ys30) presumably due to
sorption to the transient Fe(lll) X-ray amorphousqipitate that formed but this was re-
released following complete reduction and recriis&tion to siderite and vivianite
(Figure 8a). In oxic controls Srremained in solution at pH 7 where Fe(lll)citratas

soluble and > 50 % sorbed to the X-ray amorphoyBIfprecipitate at pH 9.

To investigate the effects of Fe(ll) bearing mite@n Sf* solubility in the absence of
microbial metabolism, 1.15 mM Srwas added to Fe(lll) reducing, sterilised, endpoi
microcosms (T=60) at a final pH of 7 and ~ 8.5.e Tsults were comparable to
progressive Fe(lll) reducing systems with < 20 %86t removed from solution at pH 7

and > 95 % at pH 8.5 (Figures 8c and 8d). Inlstenntrols, negligible $fwas
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removed from solution in the pH 7 control and 55®6r* removed at pH 9 where

amorphous Fe(lll) mineral precipitate had formeigFes 8b and 8d).

2+ . .
Sr* in solution during microbial Fe(lll) reduction §r” Sorption to pre-reduced minerals
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Figure 8. SP* removal from solution A) active microbial Fe(lligducing systems at pH 7.0 B) active
microbial Fe(lll) reducing systems at an initial 96 (final pH 8.5) C) pre-reduced mineral systeahs
pH 7.0 and D) pre-reduced mineral systems at pH &Tor bars represent xperimental uncertainty
from triplicate microcosm experiments (where nosiblie error bars are within symbol size).

Experiments were incubated at’20

Sequential extractions revealed that at pH 7 systetthough siderite and vivianite
were both present, 95 % of’Swas aqueous and < 5 % associated with other drasti
(Figure 9). In contrast at pH > 8.5, < 10 % of'Svas present as aqueou$*Sk 20 %
associated with the ‘sorbed exchangeable’ fracton60 % associated with the
carbonate associated Fe fraction and < 10 % wehettsily reducible fraction. These
results suggest Sr may be associated with carbonate mineral phaseslkiaine

systems where the pH was > 8.5.
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Oxic pH 9.0 7 ﬁ
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Figure 9. Sequential extraction on oxic and reduced Feglttate systems pH 7 and 9 showing'Sr
associated with blue = % Fe in solution, whitepstd = % Fe associated with the ‘sorbed Fe’ extracti
yellow = % Fe associated with the ‘carbonate asgedi extraction and grey cross hatched = % Fe

associated with the ‘reducible Fe oxides’ extractigrror bars are the result of triplicate analysis

ESEM was used to image the end point mineralogglacted systems in order to
investigate the fate of Srremoved from solution in these systems; EDAX sptlysis
was used to identify the elemental composition ofaral surfaces. At pH 7 only
siderite and vivianite crystals were identifiedragigure 2 and EDAX spot analysis did
not detect St associated with either phase. This was expectgéa@shemical analysis
showed that > 90 % of Srremained in solution. In contrast, at pH > 8desite,
vivianite and strontianite minerals were detectdlyleXRD and ESEM/EDAX analysis.
The XRD trace for strontianite was unclear (Figlyelue to the low concentrations of
Sr** compared to Fé (~ 1 mM Sf* compared to ~20 mM Fe) but its presence was
supported by ESEM images combined with EDAX analyBigures 10 — 14 and 15).
Strontianite formed in aggregates of acicular agsand appeared to associate with the

aggregates of siderite cubes (Figure 10-14).
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Figure 10. Image showing siderite aggregates (small spheresnite crystals (diamonds) and

strontianite aggregates (larger spheres) in th® gigstem.
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Figure 11. Image showing aggregates of siderite crystalsciestenl with aggregates of strontianite

crystals.
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Figure 12. Image showing close up of strontianite and stdexggregates
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Figure 13. Strontianite acicular crystals of the orthorhomtriystal system.
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Figure 14. Sderite cubic crystals of the cul crystal system.

Modelling of systems in PHREEC-2 (LLNL databaseysing relevant pH an
dissolved inorganic carbon (DIC) measurempredicts increased suj-saturation
with respect to strontianiat pH 9 compared to pH 7 aatbo in reduced syster
compared to oxic systems dueincreased DIC (Table 2).t®ntianite precipitatiol
was not observed in pH 9 sterile cor systems under XRD or ESEindicating that
strontianite precipitation westimulatedoy microbial Fe(lll) reduction. It is possit
that the increase supe-saturation due to increased DIC was enough to Hienl
strontianite precipitatio(Table 2). Another explanationtisat the presence
microbial cells andbiogenicsiderite crystals may have providedcleation sits for
strontianite formation (Schult-Lam and Beveridge, 1994; Parmar et al., 2(

Douglas, 2004).
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System Siderite| Strontianite  Vivianite Haematile eite | Fe(OH)
Reduced pH 7 3.17 0.62 10.15 - - -
Reduced pH 8.5 4.66 2.67 13.94 - - -
ReducedpH9 | 4.80 3.05 14.69 - - -
Oxic pH 9 - 1.72 - 26.22 12.11 6.37
Oxic pH 7 - 0.80 - 25.79 11.04 6.15

Table 2. Table of modelled saturation indices for key maein experimental systems modelled in

PHREEQC-2 (LLNL database).

Previous studies at comparablé*Smoncentrations have shown enhanced removal of

Sr** concurrent with siderite production and attribuiteth incorporation of St into the

siderite lattice rather than precipitation of stranite (Ferris and Roden, 2000; Palmer

et al., 2000; Roden et al., 2002). In this studiyor Sf* inclusion into the siderite

lattice is suggested, at pH 9, by a slight shifthef C lattice parameter for siderite

towards a lower angle possibly implying the incogtimon of a larger atom into the

structure (Figure 15).

Siderite peak

31

Figure 15. Close up of XRD spectrum showing C lattice peakidérite in various systems.
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2-Theta
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initial pH 9
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initial pH &
No Sr

initial pH 7
+1.14 mM Sr

initial pH 7
No Sr

However, EDAX analysis of the siderite crystalswh no St on siderite surfaces

except at the join where siderite cubes and stoité balls are co-located (Figure 16).
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These findings are consistent with the expectahahthe much larger ionic radius of
Sr** (1.18 for St* compared to 0.78 for £§ would prevent major isomorphic
substitution (Reeder, 1990). Thus in our systeraeéms 3f is incorporated into
strontianite as morphological and chemical analysggest the predominance of pure

SrCQ; and FeCQ@in these systems.

KeV
500 1000 1500 2000
A
Sr L
strontianite
(large ball of acicular crystals)
o Fe Sr
P Me | Sr
> B
7) Fe
c I
-'GC—'J | The point at which strontianite
- and siderite are fused
\
(e]
‘\ Sr (\ Fe
L U S
C
Fe
| siderite
\ (small ball of cubic crystals)
(0]
| Fe
‘ | Sr  Sr
s )
IR W —

Figure 16. EDX spectrum for A) the centre of a strontianiggr@@gate, B) the join between a strontianite

aggregate and a siderite aggregate and C) theeaafrdr siderite aggregate.

Tc-99 behaviour during Fe(l11) reduction

Experiments were established to investigate trecetif Fe(ll) bearing mineral
formation on”*Tc at pH 7 and pH 9. Microbially active microcosmere established to

investigate’®Tc behaviour during progressive Fe(lll) reductioma initial pH of 7 and
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9. Prior to inoculation 100 Bq fi(1.58 x 10 M) **Tc was added to each microcosm.
Removal of’*Tc from solution occurred concurrent with Fe(Idduction in all
progressive reducing microcosm systems (Figureahdal7b). AtpH 7,98 £ 0.77 %
of °*Tc was removed from solution over 50 days comp#yetD + 9.9 % removal at pH
9 over 50 days (Figure 8a and 8b). In sterile @pictrols®*Tc remained > 90 % in
solution at both pH 7 and 9. Reduction was slawéfTc experiments although this
was attributed to the ambient temperaturé @)%t which the culture was incubated

rather than the presence®dfc.

Tc in solution during microbial Fe(lll) reduction Tc sorption to pre-reduced 100 % Fe(ll) minerals
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Figure 17: **Tc removal from solution in A) active microbial Bé) reducing systems at pH 7.0 B)
active microbial Fe(lll) reducing systems at artiaipH 9.0 (final pH 8.5) C) pre-reduced mineral
systems at pH 7.0 and D) pre-reduced mineral systamH ~ 8.5. Error bars represeatekperimental

uncertainty from triplicate microcosm experimentdére not visible error bars are within symbol ksize

Experiments were incubated at’C5

In addition,”®Tc was added to sterilised, Fe(ll) mineral beagnd point microcosms

(T=80) at a final pH of 7 and ~ 8.5 and removai®dt occurred over a period of 35
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days (Figure 17c and 17d). Removaf8ic in sterilised Fe(ll) mineral bearing
microcosms indicates that Tc(VIl) reduction is panity abiotic as observed in previous
studies (McBeth et al., 2011). In end point miosos®Tc was removed from

solution 97 £ 1.6 % in pH 7 systems and 85 +%.th pH 9 systems. XANES data
collected for end point microcosms of final pH @rd 8.7 compared poorly to the
Tc(VII) (TcO4) XANES with no sign of the characteristic pre edfiggture observed in
this and previous studies (Fredrickson et al., 200zris et al., 2008; McBeth et al.,
2011). Sample XANES compared well to Tc(IV) speétnand in previous studies
(Figure 18; Poineau et al., 2006; Fredrickson .e&l04; Morris et al., 2008; McBeth et
al., 2011). This confirmed Tc(VII) reduction to(T¢) as the mechanism f8FTc

removal in these model systems.

Tc K-edge XANES

] Fe(ll} bearing mineral
system pH 8.7

Fe(ll) bearing mineral
system pH 7.0

Absorption

] Pertechnetate standard
(TeVil)

: I i ! 5 1
21000 21050 21100 21150
Energy eV

Figure 18. Normalised Tc K-edge XANES for a) Fe(ll) bearingnaral system a pH 8.7, b) Fe(ll)

bearing mineral systems at pH 7.0 and c) PerteatenefcQ standard (Tc(VII)).
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Interestingly,>*Tc removal was greater in pH 7 systems compar@etd systems. In
progressive microcosms this is most likely dueht glower rate of Fe(lll) reduction
observed at pH 9 meaning that Tc@®ight remain in solution for longer. However,
this does not explain the difference sorption id paint, Fe(ll) bearing mineral systems
where 97 + 1.6 %°Tc was removed from solution at pH 7 systems coetpay 85 +
4.9% at pH 9. Nevertheless, overall this study shthas substantia®Tc (> 80 %) is
removed from solution by biogenic Fe(ll) bearingharal phases at both neutral and

alkaline pH.

Implications

In these model systems, at neutral pH the pretipitaf biogenic Fe(ll) bearing
mineral phases, siderite and vivianite, resultethéimmobilization of*Tc via
reduction from Tc(VIl) to Tc(IV) whilst St remained in solution. In contrast, at
mildly alkaline pH > 8.5, reductive removal BTc was accompanied by the
precipitation of St as strontianite apparently stimulated by Fe(Bfuction. Whilst
these results highlight the potential for co-treainof**Tc and®Sr at alkaline pH,
results also show that Fe(lll) reduction at neyptd) or in systems that are
undersaturated with regard to SrC@ay mobilise sorbed Srand therefore the
problematic fission produé®Sr. In heterogeneous sediment systems the fate of
mobilised St* would be dependent on its association with otadirsent mineral
phases, for example clays or Ca carbonates. Thesks help predict the effects of

bioreduction on relevant groundwater soluble radatides.
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Chapter 7: Conclusions and futuredirections
7.1 Conclusions

This project concerns the global legacy of radivatt contaminated land in particular
the remediation of mobile radionuclides associat#ld migrating subsurface
contaminant plumes. Using the Sellafield nuclearlity, Cumbria, UK, as the study
site, experiments were focused on the biogeochémieahanisms controlling the
environmental behaviour of key groundwater co-camants: strontium-90,
technetium-99 and nitrate. Bioremediation haspibtential forin-situ co-treatment of
nitrate,via denitrification,**Tc, via reductive precipitation, arfdSr, via increased
sorption/precipitation resulting from changes idiseent geochemistry during
bioreduction. This project used a microbial comityrepresentative of the Sellafield
site in sediment microcosms and model systemssisaghe effects of ‘bioremediation’

on**Tc and St under variable pH and nitrate concentrations.

Firstly this project investigated the effects ajinnitrate (0.3-100 mM) on the
development of metal reducing conditions at vaaaiil. At many nuclear legacy sites,
including Sellafield, bioremediation strategies emenplicated by the presence of
elevated nitrate in combination with low pH conaiits (pH 5.5) at which microbial
metabolism is challenged. In sediment microcosranset of metal reduction was
delayed until nitrate was depleted and this delag greatest with high nitrate and low
pH. Denitrification resulted in a rise in pH thatreased with increasing nitrate. In
low pH systems the reduction of 0.3 — 25 mM nitiaaditioned sediments for Fe(lll)
reduction by buffering pH towards circumneutrak thptimum pH for most metal
reducing bacteria. Very high nitrate, 100 mM,owIpH systems caused bioreduction
to stall. However, at neutral pH 100 mM nitratesvialerated and denitrification
resulted in a pH of > 9 followed by alkaline Fe(iéduction. Fe(lll) reduction above

pH 9 is rare. Microbial community analysis prowdasights into the novel
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microbiology of high nitrate systems and identifediali tolerant nitrate reducers as
close relatives (99 %) d@acillus Niacini andOchrobatrum grignonense. Following
Fe(lll) reducing enrichment cultures alkaline Fg(leducing bacteria were identified:
close relatives (99 %) &lkaliphilus crotonatoxidans andSerratia Liquifaciens. The
observation of alkaline Fe(lll) reduction in thesstems implies that extensive
denitrification (up to 100 mM) in bioreducing sedims should not inhibit Fe(lll)

reduction following the depletion of nitrate prowid enough electron donor is present.

The isolation of a novel alkaline Fe(lll) reduciBgratia species provides an example
of an organism that may dominate bioreducing emvirents in which the pH has been
increased rapidlyia denitrification. The isolated strain was foundtalkali tolerant

and has a pH range for growth from pH 4 to 9 wittbptimum of pH ~ 6.5.

Alkaline Fe(lll) reduction suggested the possipifitr co-treatment of°Sr and®Tc in
these systems as*Sbecomes less mobile with increasing pH. In thgseems
denitrification provides a novel means to pH ameexin Stable $f, as an analogue
for °Sr, was added to systems under variable nitrateectrations at an initial pH of
5.5 and 7 to assess what effect the geochemicabekaduring sediment bioreduction
have on the mobility of 8. Concentrations of Srwere elevated compared to natural
Sr** to allow X-ray absorption spectroscopy. Strontimmbility in sediments was
found to be controlled primarily by pH dependenjsion to mineral surfaces and by
groundwater supersaturation with regard to carlmmaneral phases. Where
denitrification resulted in a rise in pH, enhan&d sorption to sediments was
observed. Above pH ~ 8.5, X-ray absorption spactrpy confirmed that a significant
proportion of S7* was present in 9 fold coordinated carbonate mimpgrase. Certainly,
Sr** incorporation into more stable mineral phasesdesirable outcome for
bioremediation scenarios. However, it is importarmote that under low nitrate
conditions the pH rise was negligible, no increaSét sorption occurred and a slight
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increase in aqueous®mwas observed in some microcosms following mewlicgon.
Nevertheless, results show that under constraioedittons denitrification can provide

a mechanism for &t removal from solution.

In sediment systems it was difficult to isolate #fiects of individual processes.
Therefore, model systems were established to iigatstthe effects of neutral and
alkaline Fe(lll) reduction, and subsequent preatmn of biogenic Fe(ll) bearing
mineral phases on 8rand®Tc mobility. Model Fe(lll) reducing systems used a
microbial consortium enriched from Sellafield sedithmicrocosms and amended with
yeast extract as an electron donor. Fe(lll) radaatesulted in the precipitation of
Fe(ll) bearing mineral phases, siderite and viverat pH 7 and 9. Fe(ll) bearing
mineral phases remové&drc from solution at both pH 7 and 9 and X-ray apton
spectroscopy confirmed reduction to Tc(IV). Intast, St* remained in solution at
pH 7 and precipitated as Sr-carbonate at pH > Brider these constrained conditions
results imply that neutral Fe(lll) reduction couébult in the release of Brassociated
with bioavailable Fe(lll) phases but demonstrate Hikaline Fe(lll) reduction, at pH >

8.5, can stimulate Stprecipitation.

These studies demonstrate that alkaline Fe(llljicedn has the potential for co-
treatment of°Sr and®®Tc in contaminated sediments and that denitrificatian
provide a mechanism for pH amendment. Nitratetyyaisally been considered a
negative co-contaminant at nuclear sites, but tvdr@s been shown as a potential
stimulant for’Sr treatment. These findings improve the mechianisiderstanding of
radionuclide behaviour at contaminated sites afainm possible engineered

bioremediation scenarios.
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7.2 Futuredirections

Although significant mechanistic progress has beade in this study, one limitation of
this work is the use of static microcosm systemhsvould be interesting to determine if
the rate of biogeochemical processes observeddronusms are indeed representative
of the natural environment. One improvement wdagddo use larger, column type
experiments, to investigate the magnitude of gemated changes such as the rise in pH
during denitrification and the accumulation of iérin dynamic flow through systems

at subsurface temperatures, ~ 10 degrees.

In these studies, groundwatef'Swas artificially elevated to allow mechanisticdigs,
including XAS analysis, to be conducted. To extdnsl work, environmentally
relevant S7* concentrations should be used to test the hypatitesi low concentration
of SF* will incorporate into Ca-carbonate and Fe-carbemaineral phases where
natural systems are undersaturated with regard-tar®onate. This work may be

achieved using radioactivVéSr or®Sr at trace levels in sediment and/or model systems

To date work has focused largely on surface sedsnehich are rich in microbes.
Although contamination is largely within the shallsubsurface, deeper sediments are
contaminated where the plume has migrated veniealtl these comprise clays and
sandstones where porosity and biodiversity arecedlu In addition microbial
processes are also relevant to a deep geologysdispeenario where microbes are
expected to be present and anaerobic processestedxpe dominate. Fe
biogeochemistry will be important due to the preseof steel waste canisters and

alkaline pH is expected due to the use of condére¢émcapsulation and backfill.
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Appendix 1: Methods

A1 Geochemical analysis
Al.1 UV vis spectroscopic methods

Al.2 lon Chromatography (IC)
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research project. In addition, Chapters 3, 4,db@rach contain a methods section

detailing the techniques that are relevant to plaaticular paper.
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Al. Geochemical analysis

Serum bottles used in microcosm experiments intelhg@ and 5 and in model systems
in chapters 2 and 6 were sampled anearobigalgyringe flushed with argon gas.
Before sampling each bottle was shaken to suspensgialids and an aliquot (1- 3 ml)

of slurry was withdrawn. The slurry was then ciéngred (15,000 g: 5 minutes) to
separate porewater from solids. The porewatertheasremoved by pipette for
geochemical analysis (ie. to measure;MD;/Fe(I1)/Mn/SF*/C&*/**Tc in solution).
The remaining sediment pellet was then used to une&s5 N HCI extractable Fe(ll) in
sediments. Further sediment pellets were used i@mobial community analysis and/or

sediment characterisation by XRD and ESEM.

A1.1 UV-vis spectroscopic methods

During this project spectroscopic techniques weetuo determine the concentration
of NO,, F¢* and Mrf* in solution and the optical density (OD) of céfisolution.

Using a spectrophotometer, monochromatic light eélacted wavelength (Table Al)
was directed through a ‘blank’ cuvette, contairting relevant solution (buffers and
chelating compound) but no sample. The absorpt@s calculated in order to correct
for absorption by the background solution. Absiorptvas then measured for cuvettes
containing relevant samples and solution. Cheaatompounds were used to bind to
the analyte ion of interest to create a colouredmmund with a higher molar
absorptivity that could be more easily detectedhayspectrophotometer (Harris, 1948;
Stookey, 1970; Goto et al., 1977; Harris and Moetin2002). Table Al lists the
coloured compound created in each technique andgdkielength at which the

absorbance of each compound was measured.
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Compound | Chelating compound Wavelength (nm) | Reference
Fett Ferrozine-F& 562 Stookey, 1970
Mn?* 1-(2 Pyridylazo)- 2 Napthol (PAN)| 562 Goto et al., 1977
_ Mn2+
NO, Sulphanilamide - N® 536.5 Harris and Mortimer, 2002
Cell density | N/A 600 Madigan and Martinko, 2006

Table Al. Chelating compounds and wavelength of absorbandg\e vis spectroscopic methods.

For each method a set of standards was createdilboate the analysis, establish the
linear response range (typically between an absogbaf 0.02 and 2.50) and determine
what dilution (if any) must be applied to sampl@®pto analysis/zia spectrophotometry.
Two spectrophotometers were used during this progeCecil CE 3021

spectrophotometer (Chapter 3) and a Jenway 67 1&p{€ts 4, 5 and 6).

Determination of total Fein solution

The ferrozine assay is a widely used and relialdthod to detect and quantify Fe(ll) in
solution (Lovley and Phillips, 1987; Stookey, 197@hroughout this project the
detection of Fe(ll) in porewater was used to trdxekprogress of microbial Fe(lll)
reductionvia the method described in Viollier et al. (2000heTerrozine method relies
on the ferrozine molecule, 3-(2-pyridyl)-5,6-biggenylsufonic acid)-1,2,4-triazine,
forming a strong purple coloured complex with Fe(8tookey, 1970). Interferences
from Co(Il) and Cu(l) which also form coloured coouymds with ferrozine are possible
but were not a problem in this project as Cu an&@uwentrations in systems were
several orders of magnitude below concentratiortsefi). Other metals can form non-
coloured complexes with the ferrozine molecule haveas ferrozine was added in
excess these did not compete with Fe(ll) (Stook8yP). Stookey (1970) did report
that nitrite could react with ferrozine solutiondatherefore compete and interfere with

results. In these experiments however, nitritdh@se systems appeared only as a
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transient species and was depleted prior to Fe@tyction such that it could not

complete with Fe(ll).

The method as set out by Viollier et al. (2000uasss that all aqueous Fe will be
present as Fe(ll) at circumneutral pH and so hyglemine hydrochloride was added to
reduce any Fe(lll) to Fe(ll) that had been oxididadng sample preparation (Table
A2). The pH of the analytical solution must bevitn 4 and 9 in order for ferrozine to

complex fully and therefore an ammonium acetatéebwvas included to ensure that

the pH was circumneutral (Table A2).

Reagents were prepared as described in TablerAd.1lcm cuvette the following werg:
added in order:

- 900 pul of deionised water

- 100 pul of porewater

-100 pul of ferrozine solution

- 100 pl hydroxlammonium hydrochloride in 2 molHydrochloric acid

- 100 pl ammonium acetate buffer

Samples of porewater were left for 10 minutes lkmnathe reaction to take place befo:
the absorbance was measured at 562 nm on a spgesttvopeter. Where Fe(ll)
concentrations were high, further serial dilutioithvdeionised water was needed pria

to addition of 100 ul of sample to the cuvette.

Standards were created from quantitatively disagl¥eSQ.7H,0O in 0.001 N HCI and
analysed periodically to ensure that the calibratialues had not changed and that

linear R values of > 0.98 were plotted for calibration §neSamples were analysed i

triplicate and error was estimated by calculatimgstandard deviation )L
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Reagent Preparation

Ferrozine solution 1.23g ferrozine and 1.975g ammonium acetate dilut@%0 ml of
deionised water. Stored in the dark.

Hydroxylamonium 9.7g of HNOH.HCI made up to 100 ml with 2 N HCI
hydrochloride

Ammonium acetate pH 9| 190g of ammonium acetate in 250 ml of deionisecewatljusted to pH 9.5
buffer with concentrated sodium hydroxide solution.

Table A2. Preparation of reagents for the ferrozine assay.

Determination of 0.5 N HCI extractable Fe(l1) in sediments (as a percentage

Fe(l)/Fe(l11))

In previous experiments an ingrowth of Fe(ll) madsrinto sediments was evident
before Fe(ll) was detected in porewaters (Burka.eR006; Begg et al., 2007; Law et
al., 2010). Furthermore, when pH values were 2§ little Fe(ll) was present in
solution and Fe(lll) reduction could not be infeffeom studying Fe(ll) in solution
alone. For these reasons an acid digestion ofnegdiwas used to estimate the
proportion of bioavailable Fe present as Fe(lldldition to taking porewater Fe(ll)
measurements. Digesting sediment samples in H&ENor 1 hour using the method
described by Lovley and Phillips (1986) is thoutghgive a good estimate of the Fe(lll)
available to microorganisms and has been useddk Fe(lll) reduction in column and
microcosm experiments (Weber et al., 2001; Fredanoket al., 2004; Wildung et al.,
2004; Burke et al., 2006; Wilkins et al., 2007; Beg al., 2007; Law et al., 2010).
Following a 1 hour 0.5 N HCL extraction, ferroziagsay was used to give the
concentration of Fe(ll) extracted and this was careg to the total extracted Fe,
determined by ferrozine with hydroxylamonium hydrtaeide, from which the
percentage of 0.5 N HCI extractable Fe(ll) waswalted. The measurement is

reported as a percentage due to the difficultyinaeting a consistent amount of
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sediment from each microcosm and the natural hgg¢esaty of minerals in sediment

samples (Weber et al., 2001; Wilkins et al., 2QGy et al., 2010).

M ethod

A sediment pellet (~ 0.3 g) was added to 5 ml 0 H® and agitated continuously forj§j
hour. The solution was then filtered through &Qu2n syringe driven filter (Millipore,
Millex - GP) and two sub-aliquots were pipettediseparate 4 ml cuvettes.

- The first cuvette was used to determine the Je@hcentration and contained 2900 jju
deionised water and 300 pl ferrozine solution (€akl).

- The second curvette was used to determine thkRetin solution and contained 20
ul deionised water, 300 pl ferrozine solution, @d®Gydroxylammonium hydrochloridg

solution and 300 pul ammonium acetate buffer (T&&g

Both solutions were left for 10 minutes to allovacgon and then analysed at 562 n

on a Spectrophotometer. The percentage of Fe(tha 0.5 N HCL extracted sedimefit
pellet was estimated by dividing the absorbanad@fe(ll) by the absorbance of the
total Fe and multiplying by 100. Samples were gsed in triplicate and error was

estimated by calculating the standard deviatiar). (1

Determination of Mn(l1) in solution

Accurate analysis of Mn(ll) in solution could orilg performed while the pH of the
sediment microcosm remained below 8 as Mn was mgelopresent in solution at
alkaline pH. Where possible Mhwas detected and quantified using a colorimetric

method adapted from Goto et al. (1977) with thgeeés described in Table A3.

83



Reagent Preparation

~0.6 M ascorbic acid 26.5g ascorbic acid dissolaezb0 ml of deionised water
Alkaline cyanide reagent Manufactured by HACH

PAN indicator solution (1 %) Manufactured by HACH (@ Pyridylazo)- 2 Napthol)

Table A3. Preparations of reagents for Mn(ll) assay.

Method

In a 1 ml cuvette the following were added in order

- 750 pl of deionised water

- 250 pl of sample

- 50 pl of ascorbic acid

- 70 pl PAN indicator solution (1 %) (HACH, CamlabK)

- two drops of alkaline cyanide reagent (HACH, CaimlIUK)

The addition of alkaline cyanide and PAN indicatwk place in a fume hood and th
cuvettes were then sealed with parafilm. The smiuvas left for 10 minutes to allow
colour to develop before analysing at 562 nm opexsophotometer. Standards wer

createdvia dilution from a certified stock solution (VWR Imtetional, UK) and

analysed periodically throughout the experimenésiqul. The Rvalue for each linear

calibration was typically > 0.98. Samples werelgsel in triplicate and error was

estimated by calculating the standard deviatiar). (1

Determination of nitritein solution

Nitrite in solution was determineda a colorimetric method adapted by Harris and
Mortimer (2002) and used as an indication of n&r&duction in sediments and water

samples (Bendschneider and Robinson, 1952), fééins a purple coloured complex
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in the presence of napthylethylenediamine dihydarate (NED) and sulphanilamide

(SAN). The reagents were prepared as describ&dbie A4.

Reagent Preparation

Ammonium chloride buffer | Dissolve 1g of ammonium chloride in 90 ml of de&sd water. Adjust to
pH 8.5 with 30 % NH before making up to 100 ml

SAN reagent Dissolve 0.25g of sulphanilamide dissolved in 8Coftieionised water
with 2.5 ml concentrated HCI. Add 100 W,E,5, Polyoxyethylene (23)
lauryl ether (Brij solution) and make up to 100 ml.

NED reagent Dilute 0.25¢g of napthylethylenediamine dihydrociderin 100 ml of
deionised water

Table A4. Preparation of reagents for nitrite assay.

Method

To a 1 ml cuvette, the following were added in orde

- 750 pl of deionised water and 100 pl ammoniunomtié buffer
- 100 pl of sample

- 25 ul sulphanilamide (SAN) reagent and 25 ul tlaykthylenediamine
dihydrochloride solution (NED).

Colour was left to develop for 10 minutes beforalgsis at 536.5 nm on a
spectrophotometer. Standards were created byahl@itom a fresh sodium nitrite stoc

solution and analysed periodically throughout tkieegiment. The Rvalue for each

linear calibration was typically 0.98 or betterng§des were analysed in triplicate and

error was estimated by calculation of the standardation (T).

Quantative analysis by UV-vis spectroscopic methsdsly as accurate as the
calibration used to convert absorbance to concimtrecare was taken preparing
standards. Detection limits for the methods desdriabove the lower and upper
detection limits were ~ 5- 250 uM (0.02 - 12 ppom)ritrite, ~ 10 - 700 uM for
manganese (0.5 - 38 ppm) and ~ 10 - 1000 uM f@di)K6.56 - 56 ppm). Typically,
linear calibration was achieved with an absorbd@te/een 0.01 to ~2.50 and where

necessary, the upper limit of detection was exteérnedilution.
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A1.2 lon Chromatography

lon chromatography was used to determine dissoh@danic carbon (DIC)
(CO,/CO5*THCOy), acetate, S§ and NQ' in solution throughout microcosm
experiments in chapters 3 and 5 (Jackson et &Q)19Analysis was carried out by
David Ashley on a Dionex ICS-90 (Chapter 3) andséda Bewsher on a Dionex
DX120 and Metrohm 761 Compact IC (Chapters 4, 5@nd~ollow sampling (as
described in section Al) 100ul of each porewatemsa was added to 9.9 ml of 2%
nitric acid, filtered using 0.45 pum filters andrstd in the fridge at (4C) prior to

analysis. Detection limits for species analysedewd).001 mM (~ 0.1 ppm) with an
accuracy of approximately 3 %. The specifics esthtwo columns used are described
below in Table A5. Further details at:

www.seaes.manchester.ac.uk/research/facilities#ggipgment/ionchromatography/

Specificationsfor analysis of sulphate and nitrate analysis

Metrohm 761 Compact I1C I on exchange chromatography
Guard Column Dionex AG9-HC (High Capacity)
Analytical Column Dionex AS9-HC

I njection L oop 100 pl

Mobile phase 9 mM NaCGO;

Flow rate 1.4 ml/min

Detector Conductivity
Specifications for analysis of carbonate and acetate analysis

Dionex DX120 lon exclusion chromatography
Guard Column Dionex ICE AS1 4x50 mm
Analytical Column Dionex ICE AS1 4x50 mm

I njection L oop 50 pl

Mobile phase 1 mM Octane Sulphonic Acid
Flow rate 0.12 ml/min

Detector Conductivity

Table A5. Specifics of ion chromatography equipment set updtevant ions.
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A1.3 Inductively coupled plasma- atomic emission spectr oscopy (I CP-

AES)

Inductively coupled plasma atomic emission spectipg (ICP-AES) was used to
determine the concentration ofSand C4&"in solution in Chapters 5 and 6 (Boss and
Fredeen, 1997). Samples of slurry were taken froanocosm systems and porewaters
were separated from solig& centrifugation (15,000 g: 10 minutes). 100 usample
was then added to 10 ml 2% nitric acid, filtereatigh 0.45 um filters and analysed by
Paul Lythgoe at the University of Manchester oreeki-Elmer Optima 5300 dual

view ICP- AES (details available on:
http://www.seaes.manchester.ac.uk/research/fasilggu/equipment/icp_aes/ICP_AES
instrumentdetails/index.html). The lower limit@étection was 10-100 ppb using ICP-
AES. High concentration of ions with similar wametjth emissions can produce

interference but this was not a problem durintf 8nd C&" analysis.

Al1.4 Flow injection analysis

NH," in porewaters in chapter 3 was determined witrhilp of David Ashley using
rapid, small volume, flow injection analysis at theiversity of Leeds. Here a sample
of porewater (50 pl) was collectgd syringe and filtered through 0.45 pm filters prior
to injection into a DIONEX flow injection analysérhe sample then passes into
alkaline flowing reagent stream (10 mM NaOH) anadtigh a gas exchange cell (with
teflon gas exchange membrane) where the gas pleasel() passed into a second but
acidic reagent stream (30 mM HCI) and on to a cotidity detector (Hall and Aller,

1992).
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A1.5 Liquid scintillation counting

Liquid scintillation counting (LSC) was used inglproject to detect the activity pf
particle emitting radionuclid&Tc in solution on a Packard Tri-carb 2100 TR liquid
scintillation counter. A 500 pl volume of samplasimadded to 10 ml liquid scintillation
cocktail before counting for 100 minutes per sangplé recording the results as counts
per minute in the energy range 0 — 2000 eV. Copaitsninute were then divided by 60
to give ‘activity’ in Becquerel’s (counts per seddrand scaled up/down depending on
the volume of sample added to achieve a value imBy The measurements were
calibrated by comparison with a standard vile aflkn activity. The background
radiation in the laboratory is 27.60 counts peruten(average of 20 blanks) and so
accurate detection of sample counts was not pesisdlbw these levels. Interference
from other radioactive species is possible althougflaral radiation in samples is

expected to be orders of magnitude lower than €teBg mi* °*Tc added to samples.

A1.6 Sequential extractions

Sequential extractions were used in chapters Hamdsediments and mineral
precipitates to estimate the proportion of Fe aased with different extraction

lixivants and St associated with those Fe fractions. Whilst tipierationally defined
technigue can not identify associations with speafineral phases it can provide
generic (and typically reproducible) informatioroabthe proportions of metal ions (e.g.
Fe or Sr) bound in various broad ‘fractions’ serbed, associated with carbonates,
associated reducible oxides, associated with paedycible oxides (Tessier et al.,
1979; Poulton and Canfield, 2005). Various puld&ke mineral extraction methods

exist and each focus on separating out a rangadidnsvia the addition of
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progressively stronger lixivants and the methods Were applied in this study were
adapted from Tessier et al., (1979), Keith-Roacll.e{2003) and Poulton and Canfield,
(2005) (Tables A6 and A7). Here 0.2 g of wet seditror mineral precipitate was
added to 10 ml of the first extraction solutionaiged with N, and agitated for the
required amount of time (Table A6 and A7). The @niation of Fe in solution was
then measured using the ferrozine method (sectiof)Aand from this the molarity of

Fe in 10 ml was calculated and therefore the mbBs cemoved determined. The
remaining solids were then washed three times gaskeed, deionised water before

addition of 10 ml of the next extraction solution.

Fraction Extraction pH Time
Carbonate associated 1 M sodium acetate 4.5 24 hour
Easily reducible oxides 1 M hydroxylamine HCI in 2bv/v acetic acid 48 hours
Reducible oxides 50 gt.sodium dithionite 4.8 2 hours
Magnetite 0.2 M ammonium oxalate 3.2 6 hours
Residual Fe XRF N/A N/A

Table A6. Details of Fe extraction series 1 (Poulton and @&hf2005; Chapter 3).

Fraction Extraction pH Time
Sorbed Mgd 7

Carbonate associated 1 M sodium acetate 4.5 24 hour
All reducible oxides 50 gt sodium dithionite 4.8 2 hours

Table A7. Details of Fe extraction series 2 (Tessier etl@7,9; Keith-Roach et al., 2003;Chapter 6)

Sequential extraction techniques must be usedaaitition as the reagents used are not
mineral specific and there is often reported arrlape(> 5%) between fractions
(Tessier et al., 1979). In addition some mineff@lsexample vivianite) are removed
across several fraction: for example vivianite wilirt to dissolve in an 1M Na-acetate
extraction designed to remove ‘carbonate assockéetut will not be completely
removed until the hydroxylamine HCI extraction dgsd to remove ‘easily reducible’

oxic Fe (Dodd et al., 2000).
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Al.7. Soil and porewater Eh and pH

Porewater pH was measured in chapter 3 with am@I2®A pH meter and in chapters
4, 5 and 6 with a Denver Instruments UB10 pH meatel pH probes calibrated to pH 4,
7 and 10 before use. The pH was allowed to st&bibr approximately 30 seconds
before measurements were read. Soil pH was detediy mixing fresh sediment
with 40 ml of deionised water and measuring thegfter 1 hour (Thomas, 1996).
Porewater Eh was measured in chapter 3 on an @#0A with a probe tested in a
standard redox solution (200 mV at’5 Jenway) prior to taking measurements. For
each sample the Eh was left to stabilise for 60s#€ before the Eh measurement was

recorded.

A2. Mineralogical characterisation

A2.1. X-ray diffraction (XRD)

X-ray diffraction (XRD) was used to identify theystallographic structure of sediments
and the mineral products of microbial reductioredients were first dried and
crushed to a fine powder. Reduced minerals wepeikea sealed anaerobic container
prior to analysis and aqueous mineral samples ama/sed as wet samples to prevent
changes to the mineralogy through drying out. Xaialysis was performed on a
Philips PW 1050 (chapter 3) or a Bruker D8Advarateapters 4, 5 and 6) with the help
of John Waters. Further information is availalite a

http://www.seaes.manchester.ac.uk/research/fasilagu/equipment/xrd/.

Minerals were identified with the help of technitidohn Watersia comparison to a
known database of standards. X-ray diffractionaaly be used to identify minerals

with an ordered crystal structure that are presesignificant concentrations. Those
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that are amorphous or semi-amorphous can be haetéct. Similarly minerals that
are present at < 5% in mixed samples may not extbet above the background noise

(Dutrow and Clark, 2012).

A2.2. X-ray fluorescence (XRF)

X-ray fluorescence is a non destructive technicgeeluo determine elemental
concentrations in both solid and liquid samplesKires, 1988; Beckhoff et al., 2006).
In this project x-ray fluorescence (XRF) was useddtermine the elemental
composition of sediments prior to use in microc@periments (chapters 3 and 5).
From freshly collected sediment 15 grams of sos weded at 116C, ground to

~50 um. At this point, 12g of ground soil was tmeixed with 3g of binding wax in an
agate mixing pot and a 40 mm diameter pellet wassad at 10 tons. Samples were
analysed on @hermo ARL 9400 (chapter 3) or an Axios sequential x-ray
fluorescence spectrometer (chapters 4, 5 and 6)thét help of Paul Lythgoe. Results
were obtained for major and trace elements in wigighcent. Further information
available at:
http://www.seaes.manchester.ac.uk/research/fasilégu/equipment/xrfinstrument/.

Two programs were run to determine both major aacktelemental composition.

A2.3. Environmental Scanning Electron Microscopy (ESEM)

Images in chapters 5 and 6 were taken using amamuental scanning electron
microscope (ESEM) available in the William Resedtamtre. With help from John

Fellowes the Phillips XL30 ESEM-FEG was used int'vmeode to allow the imaging
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of uncoated samples and biological material tha waloubtedly present in our
samples. The ESEM was equipped with an EDAX Ge@D$ system for elemental
mapping and imaging and two different detection esodf electron detection were used:
secondary electron detection and backscatter eteditection. In secondary electron
detection mode the detector measured low energjretes ejected from surface atoms
to give a topographic image where peaks appeargltland troughs dull as more or
less electrons were able to exit the sample. drbttkscatter electron detection mode
main beam electrons were detected that were refldzdck due to interactions with the
nuclei of atoms in the sample. Elements with &dd&igatomic number backscatter more
electrons than those with a lower atomic numbersandppear brighter in the image
(Figure Ala, Alb and Alc). In this project backsmadetection mode was used to
identify SF* rich areas in a sediment sample (Figure Ala, AtthAsilc; chapter 5)
before EDAX and secondary electron detection was ts image and identify the

elemental composition of the Sr rich area(s) (Feghitd and Ale; chapters 5 and 6).

Samples were prepared simply by extracting ~0.2sgdiment and placing this on a
sample holder to dry. The sample holder was thacegd directly in the ESEM
machine. The beam energy was increased to allodXEdetection of different
elements on the sample surface and féf e electron beam energy was increased to
30 keV and both directed at a specific spot orstmaple (spot analysis) and scanned

across the sample to produce and element map.
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Figure Al. Images obtained using the Phillips XL30 environtaéscanning electron microscope
showing imaging of sediment in backscatter electietection mode at magnification A) x 605, B) x
2419 and C) x 9676, secondary electron images ghifigation D) x 9676 and E) x 51200 and F) an

EDAX scan of the centre of image E.

A3. Geochemical modelling

Geochemical modelling of the end point of a nundfeaqueous systems was achieved
using PHREEQC-2 using the Laurence Livermore Nafidaboratory (LLNL)

database with the following input parameters:
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Inputsfor bicarbonate unamended systems

0.3 mM Na nitrate +
10 mM Na acetate

10 mM Na nitrate +
10 MM Na acetate

25 mM Na nitrate +
20 mM Na acetate

100 mM Na nitrate +
70 mM Na acetate

pH 6.5 7.5 7.8 6.5
Temp |21.0°C 21.0°C 21.0°C 21.0°C

Pe -0.1667 -0.1667 -0.1667 -0.1667

Sr 1.14 x10M 1.14 x10°M 1.14 x10°M 1.14 x10°M
Mg 0.794 x10'M 0.794 x10’'M 0.794 x10'M 0.794 x10°M
K 0.0885 x1G M 0.0885 x1G M 0.0885 x1GM 0.0885 x1GM
Cl 1.05 x10° M 1.05 x10°M 1.05 x10°M 1.05 x10°M
S 0.342 x1GM 0.342 xX1GM 0.342 x1GM 0.342 xX1GM
Na 11.1 xX10°M 20.5 x10°M 45.5 xX10°M 170 x10°M
C(+4) | 2.57 x10’M 21.7 x10°M 41.6 x10°M 144 x10°M
S(+6) | 0.395 x10'M 0.395 x10°'M 0.395 x10’'M 0.395 x10°'M
Ca 1.67 x10°M 1.67 xX10°M 1.67 x10°M 1.67 xX1G°M
Fe(2+) | 2.50 xX10°M 2.50 x10°M 2.50 x10°M 2.50 x10°M
N(+5) | 0.0 x10°M 0.0 x10°M 0.0 x10°M 0.0 x10°M

Table A8: Parameters for geochemical modelling of unbuffes@dtions.

Inputsfor bicarbonate amended systems

0.3 mM Na nitrate +
10 mM Na acetate

10 mM Na nitrate +
10 mM Na acetate

25 mM Na nitrate +
20 mM Na acetate

100 mM Na nitrate +
70 mM Na acetate

pH 6.5 7.5 7.8 6.5
Temp |21.0°C 21.0°C 21.0°C 21.0°C

Pe -0.1667 -0.1667 -0.1667 -0.1667

Sr 1.14 x10'M 1.14 x10°M 1.14 x10°M 1.14 x10°M
Mg 0.794 x10'M 0.794 x10'M 0.794 x10’'M 0.794 xX10'M
K 0.0885 x1G M 0.0885 x10M 0.0885 x1G'M 0.0885 x1G M
Cl 1.05 x10°M 1.05 x10°M 1.05 x10°M 1.05 x10°M

Si 0.342 x1GM 0.342 x1G'M 0.342 x1GM 0.342 x1GM
Na 13.6 x10'M 23.3 x10°M 48.3 x10°M 173.5 x10M
C(+4) | 13.6 x10°M 24.5 x10°M 44.5 x10°M 144.5 x10'M
S(+6) | 0.395x10M 0.395 x10°M 0.395 x10°M 0.395 x10°M
Ca 1.67 x10°M 1.67 x10°M 1.67 x10°M 1.67 x10°M
Fe(2+) | 2.50 x10°M 2.50 x10°M 2.50 x10°M 2.50 x10°M
N(+5) | 0.0 x10°M 0.0 x10°M 0.0 x10°M 0.0 x10°M

Table A9: Parameters for geochemical modelling of bicarboaatended solutions.

Sr** was included in the model at varying concentratitmassess the saturation index

of SrCQ; under the geochemical conditions described ab@anchemical modelling

was used to indicate supersaturation with regaptedicted mineral precipitates in

microcosm experiments and to support interpretaticexperimental data.
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A4. XAStechniques

X-ray absorption spectroscopy is a hon-destrudgeanique that can be used to
determine the oxidation state, inter-atomic dis¢srand nearest neighbouring atoms of
an element ((Koningsburger and Prins, 1988). XAS wsed in this project to
determine the speciation 0of’5in sediment samples at beamline BM26A at the
European Synchrotron Radiation Facility (ESRF)nEeaand to determine the
speciation of*Tc on Fe(Il) bearing mineral phases at B18 at thH&MBDND

synchrotron, UK.
Strontium XAS data collection

Samples prepared for XAS analysis were aerobicaaaerobic sediments (chapter 5)
containing between 200 and 1000 pprfi 8n solids. In the case of anaerobic samples
the sample was packed into the sample holder lardargon atmosphere and sealed
and frozen for transport. Standards were prep&ech to represent free 8 SICQ
powder, natural ground calcite and natural grovag@nite. At the synchrotron
samples were transferred from the freezer to thgkachamber and cooled to - 80 K
with a liquid nitrogen cryostat (see Nikitenko &t 2008) during data collection. Sr K-
edge spectra (16115.26 kevgre collected in fluorescence mode using a 9 eléeme
solid state Ge detector. Between 4 and 8 scarestakeen to reduce the signal to noise
ratio and result in a cleaner spectrum and 1000 $phon solid sediment samples

produced good quality data with 3 or 4 scans.
Technetium XAS data collection
Samples were prepared by sorbiRfc to pre-reduced Fe(Il) bearing mineral phases,

leaving for ~ 2 weeks and then transferring thelgahase anearbically to the sample
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chamber and freezing. Samples were then transptwrtihe beam line and ~ 40 scans
were taken at ambient temperatuF®r samples analysed in Chapter 6, Tc K-edge
spectra (21047.3 keV) were collected in fluoreseanode using a 9 element solid state

Ge detector.
Data analysis

Multiple scans u(E) were combined and averagedtire®a version 0.8.061 (Ravel and
Newville, 2005) and normalised XANES data plottéthear combination fitting is
sometimes possible between pure end members wheneed spectrum was suspected
however was not applicable in this case. Backgiasubtraction for EXAFS analysis
was performed using PySpline v1.1 (Tenderholt ¢t28l07). EXAFS data were fitted
using DLexcurv v1.0 (Tomic et al., 2005) using falirve wave theory (Gurman et al.,
1984) by defining a theoretical model which wa®inied by the relevant literature (e.g.
O’Day et al., 2000; Finch et al., 2003) and comparihe model to the experimental
data. Shells of backscatterers were added aroumdcéhtral absorber atom and by
refining an energy correction Ef (the Fermi Enengyich for final fits typically varied
between -3.8 and -2.6), the absorber-scattereardist and the Debye-Waller factor for
each shell. Model iterations were performed untilleast squares residual was
minimised. Shells were only included in the modelif the overall least square

residual (the R-factor; Binsted et al., 1992) waprioved by > 5 %.

Identification of St species was challenged by the existence BfiSmore than one
speciation, sorbed and mineral bound SiThe raw data obtained from a synchrotron
gives an average spectrum and where two speciggesent together it is necessary to
extrapolated to estimate how much of each is pte3éis is possible using the

program excurv but is always an approximation. \Wtespecies is present at very low
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concentrations it can be masked by the spectrum fhe dominant phases. For this
reason XAS can only give information about theestatd speciation of the majority of
an element in a sample. F8fc the XANES spectrum changes distinctly when T&(VI
is reduced to Tc(IV) whereas with?Sthere are no changes in valance state and
XANES was used only to determine the co-ordinatib8r" in combination with

EXAFS modelling.

A5. Microbial analysis

A5.1 Microbial community analysis by 16S gene sequencing
Amplification of 16S rRNA gene sequences

DNA was extracted from samples using a PowerSoilADBblation Kit (MO BIO,
USA). Copies of the 16S rRNA gene (approximate$Od b.p. fragment) was
amplified from samples using the broad-specifigtymers 8F (Eden et al. 1991) and
1492R (Lane et al. 1985). PCR reactions were padd in thin-walled tubes using a
BioRad iCycler (BioRad, UK). The PCR amplificatipmotocol used with the 8F and
1492R primers was: initial denaturation at 94 °€C 4aninutes, melting at 94 °C for
30 seconds, annealing at 57 °C for 30 secondsgaion at 72 °C for 1 minute;
35 cycles, followed by a final extension step aPCZXor 10 minutes. The purity of the
amplified products was determined by electrophseresa tris-borate-EDTA (TBE) gel.
DNA was stained with ethidium bromide and viewedemshort-wave UV light using a

BioRad Geldoc 2000 system (BioRad, UK).
Cloning

PCR products were purified using a QIAquick PCRiffation kit (Qiagen, UK) and

ligated directly into a cloning vector containingpbisomerase I-charged vector arms
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(Agilent Technologies, UK) prior to transformatianto E. coli competent cells
expressing Cre recombinase (Agilent Technologids). UWhite transformants that
grew on LB agar containing ampicillin and X-Gal wescreened for an insert using
PCR. Primers were complementary to the flankiggores of the PCR insertion site of
the cloning vector. The PCR method was: an inttelaturation at 94 °C for 4 minutes,
melting at 94 °C for 30 seconds, annealing at 59?0 seconds, extension at 72 °C
for 1 minute; 35 cycles, followed by a final extemsstep at 72 °C for 5 minutes. The
resulting PCR products were purified using an Exofeotocol, and 2l of ExoSap
mix (0.058ul Exonuclease I, 0.hl Shrimp Alkaline Phosphatase, and 1.442)H,0)
was added to pl of PCR product and incubated at 37 °C for 30 rt@auollowed by

80 °C for 15 minutes.

DNA sequencing and phylogenetic analysis

Nucleotide sequences were determined by the didemtgotide method. An ABI
Prism BigDye Terminator Cycle Sequencing Kit wasdugh combination with an ABI
Prism 877 Integrated Thermal Cycler and ABI Prisi#®¥ PNA Sequencer (Perkin
Elmer Applied Biosystems, UK). Sequences (typicQl00 base pairs in length) were
analysed against the NCBI (USA) database usingBlb&ST program packages and

matched to known 16S rRNA gene sequences.

Ab5.2 I solation and identification of a pure species

I solation of a single colony

The species was grown in liquid agar media withréogpe provided in Table 10. A
loop was dipped into the liquid agar culture duriog phase growth and streaked onto

an agar plate in the pattern shown (Figure A2)depto isolate a single microbial
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colony. A single colony was then lifted from tlpkate and streaked out for growth on a
second agar plate. The species was confirmed asugurg gram staining, microscopy
and 16S gene analysis. The isolated species et at -86C in 50 % glycerol and

lodged in the national culture library.

Ingredient Plates Liquid
Bacto Tryptone 10.0g 10.0g
Yeast extract 5.0g 5.0g
NacCl 10.0g 10.0g
Bacto Agar 15.0g NONE
Deionized water to total | 1000 ml 1000 ml
volume

Table A10: recipe for Luria-bertani Media.

Figure A2. Streaking of enrichment media containBerratia Liquifaciendo isolate a single colony.

A5.3 Microcosm work

Microcosms are a useful tool for simplifying dynananaerobic sediment systems and
maintaining controlled conditions in which to stugigreduction mechanisms and
changing microbial communities. There are limga# to microcosm techniques that
must be taken into account when considering théteesf microcosm experiments.

Firstly the porewater to sediment ratio 10:1 isvek@ in order to aid sampling and the
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lack of flow allows for the accumulation of speciesolution that may in the field be
diluted or transported away. For example, wheeentiechanism of pH increase
described in Chapter 3 was identified as denittfan the magnitude of pH increase
observed in sediment microcosms may not represieat might be observed in a
dynamic flowing system. Similarly, in a naturaksm groundwater flow can cause
recharge from further upstream and the existenceaving reduction fronts. To better
understand how processes observed in microcosmnsyshay reflect field situation
flow through column may be used. Column experimerduld allow for a more

representative sediment to porewater ratio andrglwater recharge.

A6 References

Begg, J.D.C., Burke, I.T., Morris, K. (2007). Thehaviour of technetium during
microbial reduction in amended soils from Dounrddl, Science of the Total
Environment373, 297-304.

Bendschneider, K., Robinson, R.J., (1952hew spectrophotometric method for the
de- termination of nitrite in sea watdournal of MarineResearchl1, 87-96.

Binsted, N., Strange, R.W., Hasnain, S.S. (199@nhsftained and restrained refinement
in EXAFS data analysis with curved wave thedByochemistry 31, 12117—
12125.

Boss, C.B., Fredeen, K.J. (1997). Concepts, Inggniation and Techniques in
Inductively Coupled Plasma Optical Emissions Smsctopy. Second Edition.
Perkin-Elmer.

Burke, I.T., Boothman, C., Lloyd, J.R., Livens, E.Bharnock, J.M., McBeth, J.M.,
Mortimer, R.J.G., Morris, K. (2006). Reoxidationhaeior of technetium, iron,
and sulfur in estuarine sedimerEnvironmental Science & Technolog,
3529-3535.

Burke, I.T., Boothman, C., Lloyd, J.R., Mortimer,J&5., Livens, F.R., Morris, K.
(2005). Effects of progressive anoxia on the sdilylnf technetium in
sedimentsEnvironmental Science & Technolo@®®, 4109-4116.

Cullity, B.D. (1956). Elements of x-ray diffractioAddison-wesley publication
company Inc, Massachusetts, USA.

100



Dodd, J., Large, D.J., Fortey, N.J., MilodowskiEA.Kemp, S. (2000). A petrographic
investigation of two sequential extraction techmigj@pplied to anaerobic canal
bed mudEnvironmental Geochemical Health2, 281-296.

Dutrow, B.L., Clark, C.M., (2012). Geochemical inshentation and Analysis.
Available at:
http://serc.carleton.edu/research_education/gecsheets/techniques/XRD.htm
|. Last accessed: March ¥2012.

Finch, A.A., Allison, N., Sutton, S.R., Newville, M(2003). Strontium in coral
aragonite: 1. Characterization of Sr coordinatignelstended absorption X-ray
fine structureGeochimica El Cosmochimic A¢ta7, 1189-1194.

Fredrickson, J.K., Zachara, J.M., Balkwill, D.L.e#nedy, D., Li, S.M.W.,
Kostandarithes, H.M. (2004). Geomicrobiology oftirigvel nuclear waste-
contaminated vadose sediments at the Hanford\®#shington State. Applied
and Environmental Microbiology, 70, 4230-4241.

Goto, K., Taguchi, S., Fukue, Y., Ohta, K., Watanal. (1977). Spectrophotometric
determination of manganese with 1-(2-pyridylaza)aphthol and a non-ionic
surfactantTalanta 24, 752-753.

Gurman, S.J., Binsted, N., Ross, |. (1984). A ramidlact curved-wave theory for
EXAFS calculationsJournal of Physics C: Solid State Physits, 143—-151.

Hall, P.O., Aller, R.C. (1992). Rapid, Small-Voluptdow-Injection Analysis for
Sigma-Co2 and Nh4+ in Marine and Fresh-Wateiranology and
Oceanography37, 1113-1119.

Harris, D.C. (1948). Quantitative chemical analy§i% Edition. W.H. Freeman and
Company, USA.

Harris, S.J., Mortimer, R.J.G. (2002). Determinatd nitrate in small water samples
(100 mu L) by the cadmium-copper reduction metiochanual technique with
application to the interstitial waters of marinéiseents.International Journal
of Environmental Analytical Chemistr§2, 369-376.

Jackson, P., Haddad, P.R. (1990). lon chromatogragmciples and applications.
Amsterdam: Elsevier.

Jenkins, R. (1988). X-ray fluorescence spectromdtiin Wiley and Sons: New York.

Keith-Roach, M.J., Morris, K., Dahlgaard, H. (2008 investigation into technetium
binding in sedimentdMarine Chemistry81, 149-162.

Koningsberger, D., Prins, R. (1988). X-Ray Absarpti principles, applications,
techniques of EXAFS, SEXAFS and XANES. Toronto,rd@tiley and Sons.

Law, G.T.W., Geissler, A., Boothman, C., Burke, | Oivens, F.R., Lloyd, J.R., Morris,
K. (2010). Role of Nitrate in Conditioning Aquif&ediments for Technetium
Bioreduction.Environmental Science & Technologit, 150-155.

101



Nikitenko, S., A.M. Beale, Van der Eerden, A.M.Jacques, S.D.M, Leynaud, O.,
O’Brien, M.G., Detollenaere, D., Kaptein, R. Weckby, B.M., (2008).
Implementation of a combined SAXS/WAXS/QEXAFS sptfar time-resolved
in situ experimentslournal of Synchrotron Radiatipi5, 632-640.

O'Day, P.A., Newville, M., Neuhoff, P.S., Sahai,, Narroll, S.A., (2000). X-ray
absorption spectroscopy of strontium(ll) coordioati- 1. Static and thermal
disorder in crystalline, hydrated, and precipitadetids and in aqueous solution.
Journal of Colloid Interface Science22, 184-197.

Poulton, S.W., Canfield, D.E. (2005). Developmein sequential extraction procedure
for iron: implications for iron partitioning in céinentally derived particulates.
Chemical Geology214, 209-221.

Ravel, B., Newville, M. (2005). Athena, Artemis, plaestus: data analysis for X-ray
absorption spectroscopy using IFEFRJournal of Synchrotron Radiatipd 2,
537-541.

Tenderholt, A., Hedman, B., Hodgson, K.O. (2007ySpline: A modern, cross-
platform program for the processing of raw averajé® edge and EXAFS
data. In X-Ray Absorption Fine Structure-XAFS13, pp5-107.

Tessier, A., Campbell, P.G.C., Bisson, M. (197@q&ential extraction procedure for
the speciation of particulate trace-metalsalytical Chemistry51, 844-851.

Thomas, GW. (1996). Soil pH and acidity. In: Spged) Methods of soil analysis, part
3 — Chemical methods. Soil Science Society of AcgerMadison, WI.

Tomic, S., Searle, B.G., Wander, A., Harrison, N.Bent, A.J., Mosselmans, J.F,
Inglesfield, J.E. (2005). New tools for the anaysof EXAFS: the
DL_EXCURYV package, CCLRC technical report DL-TR-26@0, ISSN 1362-
0207, Daresbury SRS 2005.

Weber, K.A., Picardal, F.W., Roden, E.E. (2001)cidbially catalyzed nitrate
dependent oxidation of biogenic solid-phase Fe@mpoundsEnvironmental
Science & Technolog®s, 1644-1650.

Wildung, R.E., Li, S.W., Murray, C.J., Krupka, K.MKie, Y., Hess, N.J., Roden, E.E.
(2004). Technetium reduction in sediments of alshahquifer exhibiting
dissimilatory iron reduction potentidtfems Microbiology Ecology9, 151-162.

Wilkins, M.J., Livens, F.R., Vaughan, D.J., Beadlel loyd, J.R. (2007). The influence
of microbial redox cycling on radionuclide mobility the subsurface at a low-
level radioactive waste storage stBeobiology 5, 293-301.

Parsons, T.R., Maita, Y., Lalli, C.M., (1984). A mal of chemical and biological
methods for seawater analysis. Pergamon pres©ixfdrd.

102



Appendix 2: Conference presentations and awards

Prizes and Awards

Best Oral Communication of Research.
DIAMOND Consortium Annual Conference 2011, CoventiK. 14™-15" December
2011.

Best poster presentation.
Environmental Mineralogy Group meeting 2010, BGStiNgham, UK.19" April 2010

Best Poster Presentation.
DIAMOND Consortium Annual Conference 2009, York, UK™-10" September 2009

Oral Presentations

2011

DIAMOND conference 2011, Coventry, UK. 14"-15" December
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Shaw, Morris, K. ‘Behaviour of°Sr
in nitrate impacted sediments.’

Goldschmidt 2011, Prague, Czech Repubilic. 14" — 19" August
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Shaw, I8orris, K. ‘Behaviour of°Sr
in nitrate impacted sediments.’

DIAMOND work package-2 meeting, Loughborough Unsigr, UK. 6™ April
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Shaw, I8orris, K. Behaviour of°Sr
and®®Tc in nitrate impacted sediments.

2010

DIAMOND conference 2010, Manchester, UK. 15"-16" December
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation of°Sr and®*Tc
at UK nuclear legacy sites.

Nuclear waste management conference, Cambridge, UK. 28"-29" September
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation of°Sr and®*Tc
at UK nuclear legacy sites.

ERA11: 11" Meeting, Chester, UK. 15" 17" September
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation of°Sr and®*Tc
at UK nuclear legacy sites.

RSC Radiochemistry group: Young Researchers Medtimgdon, UK. 14" April
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Thorpe, CL; Law, GTW, Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites.

COGER conference, Liverpool, UK. 29" March
Thorpe, CL; Law, GTW, Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites

DIAMOND work package- 2 meeting, London, UK. 29" March
Thorpe, CL; Law, GTW, Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites.

2009

DIAMOND conference, York, UK. 9"-10" September
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites.

COGER conference, Liverpool, UK. 6™ 8" April
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites.

Poster presentations

Opening for the Research Centre for Radwaste acdrdaissioning8™ October 2011.
Thorpe, CL; Law, GTW, Lloyd, JR; Burke, IT; Shaw, 8orris, K. The behaviour of
S during bioreduction in nitrate impacted sediments.

DIAMOND conference 2011, Coventry, UK. 14"-15" December 2011.

Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Shaw, orris, K. ‘Behaviour of°Sr
in nitrate impacted sediments.’

Environmental Mineralogy Group Meeting, BGS Nottiagn, UK. 19" April 2010
Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation of°Sr and®*Tc
at UK nuclear legacy sites.

DIAMOND conference 2010, Manchester, UK. 15"-16" December 2010

Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation of°Sr and®*Tc
at UK nuclear legacy sites.

DIAMOND conference, York, UK. o"-10" September 2009

Thorpe, CL; Law, GTW; Lloyd, JR; Burke, IT; Morrik, Remediation scenarios for
UK nuclear legacy sites.
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